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Abstract
The use of metal salts such as aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+) in the
precipitation of phosphorus in activated sludge plants has increased considerably in recent
years to achieve tighter discharge consents for phosphorus in treated wastewater effluent.
Despite this, the modelling of the settleability of the resultant metal salt dosed sludge in current
engineering practice for design and optimisation are still based on conventional sludge
settleability models. Also, the full impacts of the metal dosing on other downstream processes
including dewaterability and digestibility of the chemical dosed sludge are not fully understood.
In this research, the impact of aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+) salt dosing on
the settleability of activated sludge as a function of zone settling velocity (ZSV) and stirred
sludge volume index (SSVI) were investigated in batch settleability tests over a three years’
period. The effect of chemical phosphorus removal (CPR) on sludge dewaterability and
digestibility were investigated in a laboratory-scale experiments using sludge samples from a
full-scale wastewater treatment plant.
The results of the settleability tests showed that ZSV increased with increasing dose of
aluminium, ferric and calcium salt as SSVI decreased. This trend was observed for dosing
concentrations of less than 100mg/L. At a dose concentration >100mg/L the trend was reversed
as ZSV decreased and SSVI increased. At dose concentrations of <100mg/L, Al3+, Fe3+ and
Ca2+ helped in the bioaggregation of dispersed activated sludge flocs thereby improving
settleability. At >100mg/L of Al3+, Fe3+ and Ca2+ the sludge settleability started to disintegrate
due mainly to surface charge reversal linked to the formation of aluminium, ferric and calcium
hydroxides and the resultant disintegration of the activated sludge floc structure. Revised
activated sludge settleability models which is designed to predict the effects to Al3+, Fe3+ and
Ca2+ salts dosing on activated sludge settleability indicators; zone settling velocity (ZSV) and
stirred specific volume index (SSVI) were described. The exponential form of the Vesilind
equation was optimised and validated to include aluminium, ferric and calcium chemical dosing
parameters. The proposed model equation which is an extended exponential relationship was
found to effectively describe the settleability of aluminium, ferric and calcium sludge for dosing
concentrations of 0 to <100mg/L of Al3+, Fe3+ and Ca2+ respectively.
The results of the digestibility tests showed that there was a 21.3% and 35.7% reduction in the
biogas volume during anaerobic digestion of surplus activated sludge (SAS) at 100mg/L doses
of Al3+and Fe3+ salts respectively. This demonstrates that Al3+ has less of a reduction effect
compared with Fe3+ salts on biogas generation during anaerobic digestion of sludge. The
dewaterability tests showed that primary sludge (PS) dewaterability was improved by up to
16.25% by Al3+, 25.10% by Fe3+ and 26.77 % by Ca2+, while that of surplus activated sludge
(SAS) was reduced by 72.96%, 63.82% and 52.56% respectively, at a metal salt ( Al3+, Fe3+ and
Ca2+ ) dose of 50mg/L. Consequently, a pre-precipitation process during CPR where
xvii | P a g e

phosphorus is removed in the primary tank would, therefore, enhance sludge dewaterability.
The reason for capillary suction time (CST) reduction in primary sludge may be due to surface
chemistry and disruption of extacellular polymeric substances (EPS) structure, causing the
release of interstitial water into surrounding sludge matrix through the interaction between
multivalent and divalent ions (Al3+, Fe3+ and Ca2+) and sludge particles. Therefore, the CST
increase in secondary sludge may be due to the interaction of multivalent coagulant (Al3+ and
Fe3+) and divalent ion (Ca2+) with higher EPS content limiting the outflow of interstitial water from
the sludge floc pore spaces.
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Chapter One
Introduction
1.0 Background
Due to the increasingly stringent requirements for effluent quality, particularly the removal of
nutrients (phosphates and nitrates), the activated sludge process (ASP) has become widely
used in Europe for the treatment of wastewater. Old biofilters are being replaced by ASPs to
help meet <1mg/L phosphorus consents (Ojo and Ifelebuegu 2016). Phosphorus removal is
achieved by either enhanced biological phosphorus removal (EBPR) or chemical phosphorus
removal (CPR). The use of EBPR is limited by the requirement for strong wastewater with high
readily biodegradable biological oxygen demand (BOD). Hence, CPR is the most widely used
for phosphorus removal in wastewater treatment. In the United Kingdom (UK), over 80 per cent
of WWTPs remove phosphorus by CPR (Haandel and Lubbe 2012). The ASP involves the
removal of both the biological and non-biological particulate from its biological reactors by
settling. The suspension is well mixed and aerated to provide the required oxygen level for
microbial metabolism and reduce potential settling of the suspension. The bacteria
(heterotrophic, nitrifying, denitrifying, poly-phosphate and glycogen-accumulating) accounts for
most pollutant removal from wastewater, but some other bacteria called filamentous bacteria
negatively impacts activated sludge settling and affects the operational capacity of wastewater
treatment plants through sludge bulking and foaming (Leven et al. 2016; Jenkins et al. 2003;
Martins et al. 2004). Increasing economic development and continuous rise in the human
population are adding to the burden of phosphorus (P) discharges into our receiving waters
leading to eutrophication problems and leading to environmental pollution and adverse human
health issues (Zou et al. 2017; Wilfert et al. 2015; Ojo and Ifelebuegu 2016). To achieve the
increasingly stringent effluent P consents of 1mg/L or less as a result of the EU Water
Framework Directive, the activated sludge plants (ASP) are predominantly used by water
companies in the EU (Li et al. 2014a; Li et al. 2014b; Ojo and Ifelebuegu 2019a).
The activated sludge process (ASP) is a well-known suspended growth system for wastewater
treatment where suspended solids (SS) are separated from clarified water by downward
gravitational settling to produce a clear supernatant low in effluent suspended solid (ESS),
effluent nitrogen (EN), and effluent phosphorus (EP) concentration (Xu et al. 2017; Li and
Stenstrom 2014a; François et al. 2016). The efficiency of the ASP depends on effective liquidsolids separation within a quiescent environment of the final sedimentation tank (FST)
(Kartashevsky et al. 2015). In order to remove suspended solids (SS) at the lowest possible
cost, the solid removal process during the ASP should be done speedily and efficiently by
increasing the SS removal from the sedimentation tank. This will not just increase the treatment
efficiency in the tank, but also reduce the size of wastewater treatment facilities located
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downstream of the clarifiers since the investment costs of settling facilities accounts for a third
to a quarter of the total cost of treatment plant construction (Heikal et al. 2017). Therefore,
increasing the SS removal efficiency in sedimentation tanks to optimise activated sludge
settleability is vital. The three main factors that affect activated sludge settleability in wastewater
treatment include particle size, particle structure, and particle densification. Particle densification
is affected by microbial storage product content (MSP), polyhydroxyl butyrate (PHB), nonvolatile suspended solids (NVSS), and chemical coagulants added in the reactors (Rittmann
and McCarty 2001). Other factors affecting settleability include extracellular polymeric
substances (EPS) and flocculating capability (Wilén et al. 2003; Li and Yang 2007; Liao et al.
2006). The EPS contains proteins, deoxyribonucleic acids (DNA) and polysaccharides (Neyens
et al. 2004).The EPS also impacts activated sludge settling processes and physicochemical
properties of activated sludge flocs due to the ability of its internal layer to bind tightly and
adhere closely with strong stability to the cellular surface (Rittmann and Laspidou 2002;
Sheng et al. 2010). Earlier studies have also shown that the activated sludge flocs are
embedded in the EPS structure (Biggs and Lant 2000; Jin et al. 2003) and the amount of
EPS extractable from the activated sludge is positively related to stirred sludge volume
index (SSVI). Wang et al. (2013a) also reported a similar linear relationship between loosely
and tightly bound EPS and SSVI. The EPS also comprises of high negative charge density,
which makes cations to play a significant role in activated sludge flocculability and
settleability (Wilén et al. 2008). Sobeck and Higgins (2002) reported the theories that explain
the role of cations in activated sludge flocculation and these include; Divalent Cation Bridging
(DCB) and Derjaguin-Landau-Verwey-Overbeek (DVLO) theory. The DCB theory explains the
interaction between the divalent cations in the wastewater and negatively charged functional
groups within the EPS produced by the microorganisms in an ASP. The DCB theory helps to
promote activated sludge flocculation. The DVLO theory explains colloidal suspensions stability
and takes into consideration the Van der Waals force of attraction and electric double layer
repulsive energy. Literature has also found that the multivalent and DVLO theory are related to
cations because multivalent cations can bridge EPS and neutralise the negative charges on the
activated sludge surface (Kara et al. 2008). Subramanian et al. (2010) reported aluminium (Al3+)
and ferric (Fe3+) as multivalent coagulants used in WWTP because of their ability in promoting
activated sludge flocculation and settleability. Divalent cations such as calcium (Ca2+) and
magnesium (Mg2+) was added to play a notable impact in activated sludge flocculation and
settleability positively (Sobeck and Higgins 2002; Nguyen et al. 2008a,b; Park et al. 2010).
While sludge particle size and structure have received substantial consideration in the literature,
there are limited studies addressing the impact of multivalent cations (Al3+, Fe3+ and Ca2+) on
activated sludge settleability.
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To achieve effluent phosphorus removal in ASPs, chemical phosphorus removal with aluminium
and ferric salts is predominantly used (Ojo and Ifelebuegu 2019c). Coagulants such as
aluminium salts (Al3+) and ferric salts (Fe3+) are increasingly being used for the precipitation of
phosphates from wastewater (Wilfert et al. 2015; Haandel and Lubbe 2012). Aluminium and
calcium alongside ferric salts are the most widely used chemicals for the chemical precipitation
of phosphorus and their use is more common in activated sludge plants (ASP) (Ge et al. 2018;
Zou et al. 2017). Urbain et al. (1993) reported that the overall activated sludge floc structures
are negatively charged due to the physical and chemical interactions between sludge flocs, EPS
and multivalent cations. This explains why aluminium salts (Al3+) have the potential to be
strongly absorbed by the surface of sludge flocs since they produce positively charged metal
hydroxides, which are responsible for the charge neutralization and reversal process during
periods of aluminium overdosing. The impact of aluminium, ferric and calcium coagulants on
activated sludge has been explained through charge neutralisation of negatively charged
colloids by cationic hydrolysis products (Duan and Gregory 2003). According to Higgins et
al. (2004a) multivalent cations such as aluminium (III) ion (Al3+) are an effective way to optimise
activated sludge settleability. In support of this claim, Higgins and Novak (1997b) and
Subramanian et al. (2010) have also explained that aluminium (Al3+) will promote activated
sludge settleability performance due to its ability to neutralise the sludge surface charge.
Nevertheless, Jin et al. (2003) demonstrated that dense, strong, and large flocs are required for
good activated sludge settleability and compaction. Li et al. (2012) equally reported that
aluminium supplements promote larger flocs. Also, aluminium has been used in wastewater
treatment due to its higher valency and low solubility (Kakii et al. 1985; Abu-orf et al. 2004).
Besides, it has been reported that, the addition of calcium salt (Ca2+) to influent wastewater has
the capacity to improve the sludge settling characteristics by neutralising the negative charge
on the surface of the bacteria (Liu et al. 2010). Researchers added that chemical precipitation
of calcium particles embedded in the sludge floc structure such as phosphate and carbonate
salt out of the wastewater due to low solubility of its salts in water is another approach of
describing improving activated sludge settleability in the ASP (Peeters et al. 2011; Sobeck and
Higgins 2002).
Ferric salts have merit over other coagulants used in phosphorus removal and are effective in
the removal of P from wastewater and also are a low-cost product (Li et al. 2018; Kelly and He
2014; Luo et al. 2017). The most obvious impact of ferric salt on wastewater treatment plant
(WWTP) is the hydrolysis reactions of the ferric salts during phosphorus (P) removal process
(Wang et al. 2016a) and the potential surface charge neutralisation of negatively charged
colloids by cationic hydrolysis products (Wang et al. 2016b; Azam and Finneran 2014). The
presence of a high concentration of iron resulting from the CPR process alters the overall sludge
characteristics and is likely to impact the activated sludge settleability. Liu et al. (2017) reported
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the effect of different multivalent cations on settleability of sludge and it was found that ferric
salts (Fe3+) showed the best sludge settleability for all treated sludge samples (sodium,
potassium, magnesium, calcium and magnesium). The sludge settleability rate of calcium (Ca2+)
and magnesium (Mg2+) was slower. Also, settling rates of trivalent (Fe3+) and bivalent (Mg2+,
Ca2+) cations compared to the settling rate of monovalent cations (potassium- K+ and sodiumNa+) was slowest, and the reason for the observed trend in sludge settleability rate using
multivalent cations was attributed to the different charge densities of the different multivalent
cations. Liu et al.‘s (2017) findings showed the importance of investigating the impact of chemical
dosing coagulant on activated sludge settleability. The variation of the supernatant volume during
the sludge settling process was noticed and it was observed that settleability of the raw sludge did
not improve until multivalent cations (NaCl, MgCl2, CaCl2, KCl and FeCl3) were added to the sludge
sample. The settling interface of the treated sludge sample became clearer with rising volumes of
the supernatant to validate sludge settleability performance. Despite these studies, there is no
data available on how varying concentrations of aluminium, ferric and calcium used in CPR
impact on the settleability parameters of ZSV and SSVI. The purpose of this recent study is to
evaluate the impact of varying aluminium, ferric and calcium dosing concentrations on the
settleability of activated sludge as a function of ZSV and SSVI.
The FST produces a full clarified effluent overflow and determines the level of effluent quality in
ASP (Haandel and Lubbe 2012; Wilfert et al. 2015; Agridiotis et al. 2007). The description of the
complete settling process in FST is not yet fully understood. Also, the increasing use of ferric
and aluminium salts for CPR has changed the traditional sludge characteristics. Therefore, an
adequate understanding of the effect of CPR on activated sludge settleability characteristics is
vital for proper design and operation of the FST (Metcalf and Eddy 2014). Final sedimentation
tanks (FST’s) are critical component of the activated sludge treatment processes and
contributes greatly to the overall efficiency of an ASP and determines the final effluent quality
of the activated sludge (Xu et al. 2017; Zhang et al. 2006). The functions of FST includes;
thickening which maintains a continuous underflow of concentrated sludge for recirculation to
the biological reactors, clarification which ensures a clarified effluent is produced and sludge
storage tank which ensures storage of sludge (under peak wet weather flow-PWWF) to prevent
loss of SS and maintain the effluent quality (Mancell-Egala et al. 2016; Ramin et al. 2014; Ekama
et al. 1997).

Activated sludge settleability is a very complex process which has made the description of the
complete settling process in the FST difficult (Li and Stenstrom 2014a; Li and Stenstrom 2014b).
The characterisation of the complete settling process in FST is not yet fully understood and this
has created challenges in the optimisation of activated sludge settling in WWTPs. Several
factors affect the efficiency of FSTs ranging from hydraulic and loading factors to external factors
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such as tank configuration, surface area, depth, flow distribution, and turbulence in conveyance
structures (Ghawi and Kris 2012; Ghawi and Kris 2011; WEF 2005; Ekama et al. 1997). Also,
several other factors affecting sludge settleability including; particle size, sludge particle shape,
sludge floc porosity, flocculability tendency and extracellular polymeric substances (EPS) have
been extensively investigated by various researchers (WEF 2005; Ojo and Ifelebuegu 2018;
Wilén et al. 2003). However, the effects of chemical dosing on activated sludge settleability have
been largely neglected.

The evaluation of zone settling velocity (ZSV) is vital in both the design and modelling of FSTs.
The settling classifications are typically reliant on the nature and concentration of the sludge
particulates and the interaction between the activated sludge particulates (Tchobanoglous
2003). Based on the flocculation, sedimentation propensity, and concentration of sludge flocs,
the settling in FST can be classified into four major types including; free, flocculent, zone, and
compression settling (Ekama et al. 1997). While the free settling classification is attributed to
both very low concentrations and flocculation propensity and occurs in the upper region of the
FST (Jung et al. 2015). Flocculent settling occurs in the upper mid stream region of the FST
where though low solids concentration exists, the floc particles show a resilient flocculating
ability and the settling velocity will equally depend on individual sludge floc properties since
there is no interaction between sludge particulates. Zone settling occurs in the middle section
of FST and this takes place when the concentration of particles increases, and sludge particles
settle as one mass with the same velocity and in the same direction. Compression settling
occurs at the bottom area of the FST and at a much higher concentration as sludge particulates
come in close interaction with each other and form a compression layer.

Since the mass flux theory was developed by Kynch (1952) various studies have been
conducted (Xu et al. 2017; Li and Stenstrom 2014a; Torfs et al. 2017), to examine the
relationship between zone settling velocity (ZSV) and activated sludge concentration (X) and to
also evaluate the efficiency of FSTs in an ASP, by a number of empirical models (Dupont and
Dahl 1995; Cho et al. 1993; Takács et al. 1991; Dick and Young 1972; Vesilind 1968). Other
empirical settling velocity models were proposed due to different activated sludge settling zones
and they find application in forecasting the flow field and velocity of flow and estimating the
sludge blanket height (Zhang et al. 2015a; Ramin et al. 2014). They include; one-dimensional
(1-D) and two-dimensional (2-D) settling models (Guyonvarch et al. 2015; Bürger et al. 2013;
De Clercq et al. 2008; De Clercq 2003). Among the empirical models proposed to relate the
initial settling velocity to the sludge concentration is the Vesilind equation (Vesilind 1968). It is
the most acceptable empirical model for predicting the sludge settleability behaviour within the
FST. The model is expressed in Equation (1.1).
ZSV = v0 e−kX

(1.1)
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Where,
ZSV =zone settling velocity (m/h)
X = activated sludge concentration (g/L)
v0 = sludge settleability constant (m/h)
k = sludge settleability constant (L/g)
The Vesilind parameters k and vo from Equation (1.1), can be obtained from the slopes of batch
test settling curves. Likewise, the correlations between ZSV (Vesilind 1968 equation) and sludge
volume index (SVI), diluted sludge volume index (DSVI), and stirred sludge volume index (SSVI)
are derived from empirical equations described in Haandel and Lubbe (2012). Other reviews
addressing reasons for variable sludge density and its effects on activated settleability in a fullscale secondary wastewater treatment system have been conducted (De Clercq 2003). In
addition, further studies were reported on the effect of settling velocity within various sludge
concentration and thicknesses (Schuler and Jang 2007a). The findings showed agreement with
Vesilind’s (1968) assertion that as biomass concentration was increased in zone settling test,
settling velocities decreased but a non-linear correlation between the settling velocity and the
range of buoyant density was observed but investigations have not considered the impact of
chemical dosing on activated sludge settleability. A new model that included a buoyant density
/

parameter in the Vesilind settling velocity model(𝑉 = (𝑚𝜌/ + 𝑉0 / )𝑒 −𝑘 x ), was proposed, but
again, this did not include a chemical dosing parameter. Further details on the proposed model
are provided in Schuler and Jang (2007a).

The modelling of the design and optimisation of activated sludge settleability to date is based
on Pitman and White settleability models. The Pitman (1980) and White (1975) models are
based on Vesilind’s (1968) equation. The Pitman (1980) and White (1975) models are
expressed in Equation (1.2). The SSVI is the volume of a unit mass of suspended solids after
30 min of settling in a measuring cylinder with the application of a gentle stirring (mL/g) and the
Small v0 and k are sludge settleability constants for Vesilind (1968). The v0 explains the effect
of sludge settleability on the actual settling velocity in Vesilind’s equation (Equation 1.1) and k
explains the effect of sludge settleability on sludge compaction ( SSVI).
V0
k

= 68e(−0.016×SSVI)

(1.2)

Where,
SSVI = Stirred sludge volume index (mL/g)
The model was designed mainly on the settling characteristics of conventional activated sludge
(CAS) but with the increasing usage of metal salts such as aluminium, ferric and calcium in the
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precipitation of phosphates today, the overall characteristics of sludge are different from the
conventional sludges on which the existing models were based. Therefore, there is a need to
develop a new model that describes the settling properties of chemically dosed activated sludge
(CDAS). This recent study is an attempt to develop a new CDAS model that describes the
effects of the varying concentration of Al3+, Fe3+ and Ca2+ dosing on activated sludge settleability
indicators. The proposed new model equation will address the limitation of Pitman (1980) and
White (1975) models for the modelling of the settleability of CDAS.

CPR has been reported to cause an increased volume of sludge between 37 % and 97 %
(Yeoman et al. 1988). This is due to most WWTPs in Europe using CPR to achieve their effluent
P- consents using mainly aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+) salts for precipitation
of phosphorus (Ojo and Ifelebuegu 2016; Ge et al. 2018; Ojo and Ifelebuegu 2019a; Wilfert et
al. 2015). Sun et al. (2014; 2015) reported the importance of multivalent and divalent cations in
evaluating sludge settleability and dewaterability. This shows that multivalent and divalent
cations (Na+, Mg2+, Ca2+, K+, Fe3+) were effective in making available positive charge to
neutralise the negative charge on surface of sludge particles and creating larger sludge ﬂocs.
This also confirms the importance of investigating the impact of varying chemical coagulant
dosing concentrations on activated sludge dewaterability. Therefore, the CPR processes are
likely to impact downstream processes due to the heavier load of metal salts (Al3+, Fe3+ and
Ca2+) used in the processes. The vital downstream processes include the anaerobic digestion
(AD) and sludge dewatering processes (Sawatdeenarunat et al. 2015). The former is a wellknown technology that biologically treats and degrades organic substrates in the absence of
oxygen, the impact of which has been progressively increasing over the last decade (Zhang et
al. 2016; Romero-Güiza et al. 2016), while the latter is known to reduce the sludge volume by
separating the water from the activated sludge (AS) solids (Niu et al. 2013). The addition of
coagulants (Al3+ and Fe3+) can adversely impact the AD process and the dewaterability of the
resultant sludges due to increased sludge production. Sludge treatment and disposal accounts
for nearly 60% of the entire running cost of WWTPs (Zhou et al. 2014). Therefore, the sludge
treatment and disposal process needs further comprehension for the purpose of process
optimisation and cost savings. There have been various reports on the use of metal salts for the
conditioning of sludge and their effects on sludge treatment processes (Zhang et al. 2016;
Romero-Güiza et al. 2016; Niu et al. 2013; Zhou et al. 2014; Haandel and Lubbe 2012). Also,
previous studies by Smith and Carliell-Marquet (2008; 2009) have reported on the digestibility
of Fe-dosed sludge, with a reduced biogas production rate as a result of Fe dosing. Besides,
the effect of calcium on the anaerobic digestion treating swine wastewater has been reported
(Ahn et al. 2006). The result showed the digestibility of Ca-dosed sludge, with total biogas
production been maximum at calcium dosing concentration of 3g/L. Also, other researchers
have reported the impact of calcium salts on digestibility of activated sludge (Kumar et al. 2016;
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Ahn et al. 2006; Lar et al. 2010; Junoh et al. 2016; Ji et al. 2017). Research on the effects of
Al3+ salt on the digestibility of activated sludge is limited in the literature. This recent study
provides a comparative assessment of the effects of Fe3+ and Al3+ on the digestibility of surplus
activated sludge (SAS).

Several factors have been reported to affect the dewaterability of activated sludge, including
surface chemistry (zeta potential) (Lee et al. 2000); yield stress, which explains the sludge
rheological characteristics (Lotito et al. 1997); bound water content (Keiding et al. 2001) and
extracellular polymeric substances (EPS) content (Mowla et al. 2013). Several chemicals have
been researched as conditioners for the improvement of sludge dewaterability including
chemical coagulants such as aluminium sulphate, ferric chloride, calcium hydroxide,
polyelectrolyte, surfactants and enzymes (Ruiz-Hernando et al. 2013), acids and surfactants
(Chen et al. 2001), Fenton’s reagent pretreatment (Tony et al. 2008), calcined aluminium salt
and potassium ferrate (Ye et al. 2012). While most of these studies focused on the effects of
the use of these conditioners when used for conditioning during sludge treatment processes,
there has been limited research on the effects of the chemicals used in the upstream activated
sludge process for the precipitation of phosphorus on the downstream dewatering process. This
recent study will further investigate the effects of CPR (Al3+, Fe3+ and Ca2+) on the dewaterability
of WWTP primary sludge and SAS.

1.2 Aim of Research
The overall aim of this study is to investigate the impact of chemical dosing (Al3+, Fe3+ and Ca2+)
on Activated sludge settleability, digestibility and dewaterability with a view to develop a novel
numerical model to describe activated sludge settleability (ZSV and SSVI) as a function of
chemical dosing and predict the impact of varying chemical dosing concentration on
experimental ZSV and SSVI.

1.3 Objectives of Research
The objectives of this research study were to:
1. Evaluate the impact of chemical dosing (Al3+, Fe3+ and Ca2+) on activated sludge
settleability parameter (ZSV and SSVI) data.
2. Develop models to predict ZSV and SSVI as a function of chemical dosing (Al, Fe and
Ca) concentrations using estimated laboratory ZSV and SSVI data.
3. Investigate the impact of chemical dosing on experimental biogas production in a
laboratory scale anaerobic digester.
4. Investigate the impact of chemical dosing (Al3+, Fe3+ and Ca2+) concentrations on
dewaterability of activated sludge.
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1.4 Research Motivation
This current research originates from the necessity to understand the impact of chemical dosing
on settleability of activated sludge and develop a new numerical model to describe activated
sludge settleability (ZSV and SSVI) as a function of chemical dosing and predict the impact of
varying chemical dosing concentration on experimental ZSV and SSVI data. This will give better
insight into the impact of chemical dosing (Al3+, Fe3+ and Ca2+) on activated sludge settleability
operating curves, estimated experimental activated sludge settleability parameter (ZSV and
SSVI) data. It also helps to understand and predict the impacts on activated sludge
dewaterability and digestibility.
In summary, Chapter One presented the background information on why the current study
investigates the impact of chemical dosing (Al3+, Fe3+ and Ca2+) on activated sludge settleability,
digestibility and dewaterability. The aim and objective of research was addressed, and the
research motivation was presented. Chapter Two will review related literature on activated
sludge setttleability, digestibility and dewaterability.
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Chapter Two
Literature Review
2.0 Introduction
This chapter reviews relevant literatures on the optimisation of the design and operation of
chemically dosed activated sludge plants and is presented in three sections. The first section
(2.1) is a review of relevant literatures on activated sludge settleability, the second section (2.2)
is on activated sludge digestibility and the third section (2.3) is on activated sludge dewaterability
respectively. In this section, the acronym LOT (list of tables) and LOF (List of figures) will be
used often and is provided just after the appendices section of this thesis.

2.1 Activated Sludge Settleability
A critical process in activated sludge plant is the separation of suspended solid particles from
treated water by means of gravity sedimentation which rely on effective sludge flocculation and
sedimentation. Therefore, section 2.1.1 will review relevant literatures on activated sludge
processes to give understanding on how settling and compressionability of activated sludge
impacts settleability efficiency and effluent quality of receiving water.

2.1.1 Activated Sludge Process
Water has been identified as the most important resource in the world. This has placed
municipal water systems under rising pressure due to huge wastewater production requiring
treatment based on increasing population size (Burt et al. 2013). Thus, water and wastewater
engineers are left with the task of providing good water quality and public health by ensuring
efficient and economical treatment of final wastewater effluent to meet the urban wastewater
treatment discharge guidelines. Although there are clear international and national guidelines
and regulation in wastewater treatment legislation, the most relevant to this study is the urban
wastewater treatment directive (UWTD 91/271/EEC) (List of tables, LOT-A1). It stipulates
mandatory secondary treatment requirement for all sewered domestic wastewaters and all
biodegradable industrial wastewaters. The minimum effluent standards were provided by the
UWTD and include; 25mg/L biochemical oxygen demand (BOD), 125mg/L chemical oxygen
demand (COD) and 35mg/L suspended solids (SS). Additionally, because eutrophication of
water bodies in the UK as mentioned in section 1.1 may have adverse impact on biodiversity,
the urban wastewater treatment directive has also proposed a more stringent regulation
requiring reductions of 10-15mg/L total nitrate (TN) and 1-2mg/L total phosphorus (TP)
concentration in outlets of wastewater treatment plant (WWTP) (European Commission 1991,
2016; Smith and Carliell-Marquet, 2008, 2009; Kroiss et al. 2011) before disposal to natural
waters.
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Most impurities in a wastewater final sedimentation tank occur as suspended solids which are
suspended in the dispersion liquid and flow downwards under the force of gravity (the
suspended matter was reported to be larger than the neighbouring liquid so that sedimentation
can take place) (Metcalf and Eddy 2014; Bajcar et al. 2011; Zhang et al. 2010a; Metcalf and
Eddy 2004; Metcalf and Eddy Inc. 1991; Gray 2010; Tebbutt 1998; Hammer 2008). The
sedimentation processes in wastewater treatment includes; preliminary (separation of heavy
particles at the wastewater treatment plant (WWTP) inlet by screening, fat removal, degreasing
and grit removal), primary (removal of light organic matter from the influent wastewater,
secondary (separation of biodegradable organic matter, suspended solids and nutrients using
combination of an aeration tank and final sedimentation tank to enhance treatment and disposal)
and tertiary sedimentation (final polishing unit process for further removal of residual suspended
solids like the slow and rapid filtration process) (Tchobanoglous et al. 2014; Gray 2010; Metcalf
and Eddy 2014).
Largely known globally to treat industrial and domestic wastewaters is the conventional
activated sludge process (CAS) plant (Figure 2.1) that treats industrial and domestic
wastewaters, and this was first initiated in 1913 in Manchester, United Kingdom (UK) in the
Davyhulme treatment works built by Ardern and Lockett 1914 and 1923 (Tchobanoglous et al.
2003). The Davyhulme treatment works involved designs that consisted of a fill and draw batch
process where both aeration and sedimentation takes place. This is followed by a continuous
process in which settled wastewater enters the aeration tank and the flocculated microbial
population in the mixed liquor settles out of the suspension in a settlement tank and forms a layer
of sludge void of suspended solids and clarified effluent discharged as final effluent.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic version.
The unabridged version of the thesis can be viewed at the Lanchester Library,
Coventry University.

Figure 2.1. Schematic diagram of conventional activated sludge (CAS) Plant (Kroiss et al. 2011)
The ASP (Figure 2.2) is a calm environment for treatment of wastewater sludge and comprises
mostly of a biological reactor called aeration tank and final sedimentation tank (FST). The
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treated effluent from the primary treatment tank (PST) after the preliminary wastewater
processes (screening, grit removal etc.) has been completed is conveyed to the aeration tank
(AT). The essence of supplying aeration in the activated sludge plant is to transfer oxygen to
the mixed liquor (activated sludge) content and organic matter (OM) so that degradation takes
place to form activated sludge flocs. The mixed liquor (ML) in AT is transferred to the FST where
the clarified clear supernatant liquid is produced through gravity while the thickened sludge is
conveyed to the bottommost part of the tank as a little thickened underflow or return activated
sludge (RAS). This process is called sludge thickening. The RAS is used to maintain mixed
liquor suspended solid (MLSS) concentration in the AT and the remaining sludge is wasted as
wasted activated sludge (WAS). The aeration can be supplied either through surface aeration
(mechanical aeration) or diffused aeration.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic version.
The unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.2. Activated sludge process (Metcalf and Eddy 2004)
The surface aeration involves air bubbles that are released into the liquid phase and
instantaneous drops of mixed liquor are suspended into the air phase (Gray 2004; Gray 2010)
while in the diffused system, air bubbles are introduced from the bottom of the aeration tank
and the oxygen transfer occurs during the up-flow movement of these air bubbles within the
aeration system (Tchobanoglous 2003). The elimination of biochemical oxygen demand (BOD) and
ammonium (nitrification) requires an AT while nitrate removal (de-nitrification) requires another tank
called anoxic tank (Tchobanoglous et al. 2014;2003). It can be concluded that the activated sludge
treatment system comprises of five (5) main unit treatment processes addressed already;
preliminary, primary, secondary, tertiary and advanced (LOT A3).
The surface aerators can either use a vertical or horizontal shaft but the vertical shaft type is more
common to a conventional activated sludge system while the horizontal shaft system is identified for
extended aeration in biological treatment processes such as oxidation ditches. Literature has
reported 250 activated sludge plants in the UK serving a population equivalence of over 10,000
persons but about 40 have been identified as diffused aeration systems (Figure 2.3) while over 50 %
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of surface aeration treatment plants treat wastewater for < 40,000 persons (Gray 2004; Gray 2010).
The FST essentially are designed to reduce the velocity of water to allow the final effluent to be
clarified and thickened to decrease the effluent suspended solids (ESS). The main component of an
ASP (LOT-A2) includes the reactor, activated sludge, aeration and mixing, sedimentation tank and
return sludge.
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The unabridged
version of the thesis can be viewed at the Lanchester Library, Coventry University.

Figure 2.3. Mixing cycle setup by diffusers within the aeration tank (Gray 2004)

2.1.2 Final Sedimentation Tank (FST)
In wastewater treatment processes, there is an increasing need of disposal of final effluent to
meet wastewater treatment consent. The FST is known to enhance the biomass-liquid
separation within the ASP to produce a clear final effluent supernatant which will increase
demand in disposal of final effluent meeting discharge consent (Li and Stenstrom 2014a). The
need for effective and economic use of FST becomes vital since it contributes to increased
treatment performance in ASP. FST is one of the most vital water and wastewater processing
reactors used for removal of settleable solids by gravitational sedimentation (Tarpagkou et al.
2014). FSTs have two main functions which include the removal of settleable solids to produce
clarified final effluent and the concentration of solids to a handleable sludge (Gray 2004). Since
the FST is the last stage before discharging the effluent to the water bodies in the wastewater
treatment works (WWTP), FST’s efficiency becomes vital in meeting the stringent effluent
quality standard and is the most critical unit process in ASP (Burt et al. 2013; Matko et al. 1996).

2.1.2.1 Principle of operation of FST
The functional zone of FST is vital and according to a previous review in WEF (2005), the identified
four functional zones (Figure 2.4) include; Inlet region where the influent flow homogeneously enters
the influent well (J in Figure 2.4), settling region in which settling occurs under calm environments,
sludge region where the sludge is received below settling zone and Outlet Zone where the effluent
(D in Figure 2.4) from tank is received (C in Figure 2.4) and released through the effluent weir (B in
Figure 2.4).
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Figure 2.4. A circular centre-feed FST with a scraper sludge removal system (WEF 2005)

2.1.2.2 Function of FST
The secondary treatment processes are globally used in activated sludge plants (ASP) to
remove OM, SS and to reduce nutrients such as nitrogen and phosphorus. The ASP efficient
operation demands that the sludge removed from the influent wastewater should pass through
a solid and liquid separation process called sedimentation. However, for the sedimentation
process to be termed effective, the activated sludge must be made up of large flocs with
sufficient velocity for the removal process in a settling tank of reasonable volume called FST
(Parker et al. 2004). The treated influent wastewater from the aeration tank needs to be
separated from the biomass in the FST to produce a clarified final effluent (Ekama et al. 1997).
Although there are many solid separation processes such as filtration etc., the most commonly
used in wastewater treatment processes are the FSTs where the solid is separated from the
liquid by downward gravitational force. Moreover, FSTs have been identified as one of the most
vital unit operations in ASPs since it determines the efficiency of the wastewater treatment
process (Bajcar et al. 2011; Ekama and Marias 2002) and loss of solids can result in low RAS in
the AT which impacts negatively on the performance of ASP. This makes investigating the
function of FSTs vital in the optimisation of the design and operation of FST’S in ASP. Li and
Stenstrom (2014a, b) and Ojo and Ifelebuegu (2015) reported two related but dissimilar functions
namely clarification (occurs at upper part of FST) and thickening (occurs at the bottom of FST).
Clarification is the separation of suspended particles from the liquid stream to produce a clear
effluent with reduced ESS, low effluent phosphorus (EP) and low effluent nitrate (EN) while
thickening is the conveyance of suspended solids (> 98 %) to the bottom of the FST resulting
in a slightly concentrated underflow or returned activated sludge (RAS). Other functions
exhibited by FST during high peak flow include FST acting as a sludge storage tank. Known in
ASP is the wet weather flow (WWF) condition which has a negative impact on wastewater
treatment plant performance due to increased solids loading rate (SLR) and surface overflow
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rate (SOR) causing the conveyance of sludge from the aeration tank to the FST. The FST
storage function is to cut down the loss of suspended solids (SS) through storing the extra
sludge generated during WWF conditions. Researchers have identified different design options
to accommodate the increased flow rate of sludge into the FST and these include; designing for
additional FST volume for storage (De Clercq 2003), and aeration tank settling during peak flow
period to cut down sludge intake in the FST (Reardon 2005).
Failure in both clarification and thickening leads to increased concentration of ESS and resultant
loss in SS and reduction in mixed liquor suspended solids (MLSS) level within the aeration tank
and the necessary sludge age (SA) reduces below the acceptable limit for effective ASP
performance, resulting in the issue of effluent permit violation. Hence, two commonly used
parameters, overflow rate and solids flux, have been developed for FST design and evaluation.
Numerous factors affect the clarification function and therefore the efficiency of the FST.
However, Ghawi and Kris (2012; 2011); WEF (2005) and Guola et al. (2008), identified some
factors that limits the clarification efficiency of FST and these include external FST design
parameters such as surface area (A) and depth (H), internal factors such as inlet structure,
outlet structure, sludge collection, McKinney baffle arrangement, hydraulic instability (hydraulic
short-circuiting and re-suspension of sludge particles based on the high velocity currents),
thickening excesses because of high sludge blankets, denitrification processes in the FST and
the flocculation propensity of the activated sludge (capacity to form large settleable flocs with
decreased concentration of discrete solids that lack required weight to settle in the FST).
Nevertheless, Nopens (2005) also added some factors that limit the degree of thickening in the
FST such as the flow rates, tank’s geometry, settleability and compactability of the activated
sludge and the amount of the SS present within the aeration tank (AT). A well compacted
activated sludge is known to reduce the cost of sludge disposal and dewatering processes.
Therefore, should the FST fail in thickening efficiency, the treatment efficiency in the ASP will
reduce because of decreased RAS transfer to the AT. The condition of an over-aerated sludge
will cause poor flocculation and formation of pin-point floc while under-aerated sludge can lead
to creation of an anaerobic or anoxic zone with excessive growth of filamentous bacteria (bulking
activated sludge) which also affects activated sludge settleability. This is the reason why the
flocculation well has been incorporated into the FST designs more recently. The presence of
high shear zone during aeration can cause sludge floc breakup and variations that impacts
clarification capacity negatively. The two basic conditions for FST operation reported are MLSS
and RAS (Jenanayagam 2006). In section 2.1.6, more insight into flocculation will be explored.

2.1.2.3 Types of FST
Although, the type of FST has been identified to vary based on some key parameters, the earlier
designs were to reduce velocity of flow so that particles settle during their retention time (RT),
and were called Fill and Draw type of tanks (batch process) or the Continuous flow tanks
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(Tchobanoglous et al. 2003). Some FST are also classified based on the flow diversion which
can be horizontal or vertical. The horizontal flow inclined tank includes; longitudinal and radial
flow tanks while the vertical flow inclined tanks include circular (upward) flow tank (Gray 2004).
In wastewater practice, the most common types of tanks include; continuous circular or
rectangular, horizontal flow type tanks (WEF 2005; Cassey 1992). The rectangular horizontal
flow tanks (Figure 2.5) are suitable for large coastal sites where primary treatment alone is required
before discharge to sea. The length varies from 2.5 to 4.0 times its width and depths vary from 2.5 3.5m.
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University.

Figure 2.5. Section through a horizontal-flow rectangular sedimentation tank (Gray 2004)

There are also baffle (B and E in Figure 2.5) installations whose primary function is to deflect the
incoming wastewater to attain a uniform flow and avoids high velocity flows within the body of liquid
which could cause hydraulic short circuiting of the liquid (Metcalf and Eddy 2014). Other types
includes; the radial-flow sedimentation tanks which are circular in plan with diameter ranging
from 15-30m (Gray 2004). Although there may be much smaller ones of 5m and larger diameter
ones of 50m, their depths are the same as that of rectangular tanks ranging from 2.5 to 3.5m.
The upward flow sedimentation tank has found usage in small treatment plants. The settling in this
tank occurs by upward movement of the influent wastewater that initiates flocculation leading to
increased particle size that makes the particle move through a sludge blanket where particles settle
under a slow regime (Gray 2004). These tanks are deep and have a slope of 45 degrees when in
conical form and a 60-degree slope when in pyramid side view. The distinction of these tanks with
other rectangular and circular types is the absence of scraper (sludge collection mechanism) and
sludge withdrawal taking place by hydrostatic pressure at the base of the tank. The conical-shaped
circular FST is designed with a revolving scraper to distribute the activated sludge from the
settling points to the sludge hopper (WEF 2005). However, the most common type of FSTs
found in wastewater treatment are the circular and rectangular.
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2.1.2.4 Efficiency of FST
The thickening and clarification efficiency of a FST is impacted by the activated sludge
properties as well as internal and external hydrodynamic features in the FST (Nopens et al.
2005). Although the activated sludge settling, and flocculation properties correlates with the
secondary treatment processes within the ASP (Wilén et al. 2008, 2010) these are related with
the hydrodynamics in the FST. As mentioned in section 2.1.2.2, the sludge floc breakage and
variation in FST is a function of the degree of turbulence experienced within the high shear zone
during aeration in the aeration tank before transfer to the FST. The variation noticed in the FST
is to increase the sludge floc production by increasing the weight of the floc formed (Biomass)
and reducing the concentration of the dispersed SS in the sludge flow.

The activated sludge settleability can impact the return activated sludge (RAS) flow rate by
limiting the maximum permissible flow rate entering the FST. This is called the solid loading rate
(SLR) criteria (Ojo and Ifelebuegu 2015; Ekama et al. 1997). The FST must not be overloaded
in thickening but, if this must occur, there must exist a limiting rate of solid flux (F) reaching the
bottom of the FST (SLR must not be greater than limiting rate of solid flux). Figure 2.6 shows
elements of state point analysis on good settleability which have been reviewed in Ojo and
Ifelebuegu (2015) as mentioned. Martins et al. (2004) commented on poor settling of activated
sludge linked to excessive filamentous bacteria growth. Therefore, inadequate thickening of the
activated sludge will affect the efficiency of the FST because the sludge retention time will be
altered. Burt and Ganeshalingam (2005) stated that the hydrodynamic flow path of FST
influences the settling efficiency of the FSTs and the effluent quality of the ASP. Also, Anderson
(1945) reported the impact of internal flows within a FST on the observed billowing suspended
solids below the effluent weir. This reveals that flows in the circular FST is beyond one
dimensional (1D) but are regard as two dimensional (2D) with axis regularity. The installed
conventional stilling well was utilised in the circular FST to reduce the force of turbulent inlet
flow and produce density driven current as reported in Burt and Ganeshalingam (2005).
Some materials have been removed from this thesis due to
Third Party Copyright. Pages where material has been
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Figure 2.6. Elements of state point analysis (Jeyanayagam n.d.)
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The review in Burt and Ganeshalingam (2005), further reported that MLSS entering the FST
under investigation by Anderson (1945) formed a radial underflow in the FST ranging from 2000
to 6000mg/L, which is far above the density of water. This explains why observed sludge
blankets lift at the side wall of FST below the effluent weir. The momentum of the horizontal
density current (density jetting developed at the bottom of the FST due to the falling ability of
high density solid influent within the solid-liquid matrix) generated at the underflow was balanced
by a counter density current of return flow at the upper portion of the tank. Since the strong
density current is greater than the water density, a control become necessary and this can be
achieved through optimising the internal structure of the FST by obstructing the sludge blanket
and moving the SS to the effluent flow. The introduction of modified inlet structures such as
baffles can reduce the bio-kinetic energy of flow and buoyant potential energy (Larsen 1977;
Krebs 1991; Bretscher et al. 1992; Krebs et al.1995) and this will improve the solid removal
efficiency of the FST. Increased depth of the tank can also decrease the dwindling impact of
strong density currents on the effluent quality in ASP (Krebs et al. 1998) and various FST
designs has been evaluated using numerical tools with recommended large radius for FST with
strong density current (Zhou and McCorquodale 1992). Other internal feature modifications
were investigated to including energy dissipating inlets (EDI), varying the centre feed basin
diameter, providing an inlet floor baffle (McKinney) underneath the centre feed basin (reviewed
in Burt and Ganeshalingam 2005). This shows that hydrodynamics of the FST impacts the
sludge distribution within the FST due to the density classification in the FST. According to
Ghawi and Kris (2011; 2012), to account for the limiting factors to efficiency of FST (section
2.1.2.2), designers are over-designing and oversizing the FSTs within the biological treatment
processes (ASP). The need for optimisation of the design and operational efficiency of FSTs in
ASP has led to exploring numerical computational fluid dynamic (CFD) analysis in the last
decade. The following section 2.1.2.5 (Modelling FST) will review literature on linkages between
efficiency of FST and numerical modelling. This current study will not assess the impact of
applying internal hydrodynamic tank configuration on both solid removal efficiency and settling
velocity within the FST using CFD modelling but will focus on investigating the impact of extra
weight of chemical dosing on conventional settling velocity model as a tool to predict the
efficiency of FSTs regarding ESS concentration.

2.1.2.5 Modelling of FST
Based on section 1.1, the scope of current study is limited to the most common settling velocity
model provided by Vesilind (1968). It was stated that conventional activated sludge rheology
has changed due to chemical dosing with aluminium, ferric and calcium salt and it becomes
paramount to investigate the extra weight of chemical dosing on the existing empirical equation
(Vesilind 1968; Pitman 1980; 1984; White 1975) used in final sedimentation tank design. This
shows that chemical dosing varies between wastewater treatment systems and determination
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of the impact of chemical dosing (Al, Fe and Ca) on zone settling velocities (Vesilind 1968) will
help provide important understanding about the effect of chemical dosing on activated
sedimentation processes. Furthermore, better improved prediction of the impact of chemical
dosing (Al, Fe and Ca) on FST performance by including a chemical dosing protocol as a
variable in conventional settling velocity model (Vesilind 1968) can be realised. The process
data from ZSV and SSVI tests can be utilised to predict ZSV as a function of chemical dosing
parameters. In this vein, reviewing relevant literature on numerical models available in
wastewater treatment becomes important in modelling the impact of chemical dosing (Al, Fe
and Ca) on conventional settling velocity equation (Vesilind 1968). This mathematical modelling
will not just provide information about the physical, biological and chemical phenomena
happening in the FST but will further impact the overall prediction of the performance of the
entire ASP. It is vital to mention that mathematical modelling can only provide approximate
process results or simplification of a real process in wastewater treatment plant.
Mathematical modelling has already been established in terms of its theoretical, economic and
practical relevance in the water and wastewater industry (Ghawi and Kris 2011). Modelling FST
using mathematical modelling equations will not just provide understanding about the
fundamental mechanism and processes impacting the efficiency of FST but will serve as a
process optimisation tool. The process data obtained from batch settling experiments (ZSV test)
can be used to optimise the process of settling in FST without conducting ZSV test. The one
dimensional (1D), two dimensional (2D), three dimensional (3D) and the state point analysis
(sp) has been reported in review by WEF (2005). However, mathematical modelling in its
modest form has been reported as mathematical functions that are statistical built-in to known
input and output data (black box or empirical model) (Ekama et al. 1997). These black box
models are bound to the calibration condition employed in the setting up process and example
is the one dimensional (1D) model. The 1D model also evaluates the flow field and concentration
profile in the vertical direction of the FST. They are used mainly for operational control and are
based on flux theory of Kynch (1952). The 1D model has drawbacks which include the impacts
of key features and internal configurations in the tank hydrodynamics which considerably affect
the FST efficiency. The models identified included; Glass box or deterministic models that can
predict almost any fluid flow and heat transfer process as a solution of a set of partial differential
equations that describe the fundamental physical processes (continuity, momentum, energy,
transport of solids and biological reactions) (Zikanov 2010). The computational fluid dynamics
(CFD) models are that category that solves both 2D and 3D momentum and continuity equations
are examples of the glass models but have a limitation of high computational power requirement
(Wicklein and Samstag 2009). The Grey models are yet another category of numerical model
based on grossly simplified physical laws and they find relevance in the solid flux theory,
diffusion reactor models and models of simple velocity profile in fluid mechanics (plug-flow
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models) (WEF 2005). Past studies on the merit of 3D and 2D CFD modelling has been reviewed
in Ghawi and Kris (2011 and 2012) and governing equations for CFD modelling (Equation 2.12.26) are provided below.
Continuity and density
The conservation of mass or continuity equation is given in Equation 2.1
𝜕𝜌
𝜕𝑡

+ ∇. 𝜌𝑈 = 0

(2.1)

In the drift flux the fluid mixture density varies throughout the domain as a function of
concentration.
𝜌 = 𝜌𝑚𝑖𝑥𝑡𝑢𝑟𝑒

(2.2)

According to Zhou and McCorquodale (1992), the relation for density mixture can be expressed
as Equation 2.3
𝜌 = 𝜌𝑤 + 𝐶 (1 −

1
𝑆𝑔

‘

)

(2.3)

Where,
𝜌𝑤 = density of water
C = Solid concentration expressed in the same unit as density (Kg/m³).
However,
𝑆𝑔 = specific gravity of dried sludge = 1.45

(2.4)

Besides, 𝑆𝑔 with a value of 1.45 as indicated in Equation 2.4 was subject to the research studies
of Larsen (1977).
But,
C= 𝜌𝑌

(2.5)

Where,
Y = solid mass fraction
Substituting Equation 2.5 into Equation 2.3, another expression Equation 2.6 will be realised.
𝜌 = 𝜌𝑤 + 𝜌𝑌(1 −

1
𝑆𝑔

)

(2.6)

But, Equation 2.6 in terms of volume fraction (𝑟𝑠 ) can be modified as Equation 2.7
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𝜌 = 𝑟𝑠 𝑆𝑔𝜌𝑤 + (1 − 𝑟𝑠 ) 𝜌𝑤

(2.7)

Momentum and Effective Viscosity
The conservation of momentum is expressed as:
𝜕
(𝜌𝑈)
𝜕𝑡

+ ∇. (𝜌𝑈(𝑋)U) − ∇. (𝜇𝑒𝑓𝑓 (∇𝑈 + (∇𝑈)𝑇 )) = −∇𝑃 + g (𝜌 − 𝜌𝑤 )

(2.8)

The effective viscosity in the diffusive term is a function of the fluid rheology and is equally
impacted by the local turbulence. More so, the buoyancy force is included as a source on the
right-hand side (RHS) of Equation 2.8 but added is a modified pressure incorporating the
hydrostatic component as shown in Equation 2.9
P= p-𝜌0 (g*x)

(2.9)

Rheology
The modelling of activated sludge properties with the drift flux model allows a prediction of the
sludge blanket height and the influence of scouring from the top of the sludge blanket. However,
to effectively describe the sludge blanket dynamics a suitable rheology model will be required
for the sludge. Thus, viscosity may be thought of as having two components namely; molecular
component which is essentially a definitive physical property while the other is a turbulence
component which is a constructed model that allows the influence of turbulence on the diffusion
of various fluid fields.
𝜇𝑒𝑓𝑓 = 𝜇𝑝 + 𝜇𝑇

(2.10)

Where,
𝜇𝑝 = plastic viscosity
Moreover, Bokil and Bewtra (1972) model described the plastic viscosity (𝜇𝑝 ) as a function of
the concentration and hence it can be expressed as Equation 2.11
𝜇𝑝 = 0.00327 × 100.132𝐶

(2.11)

Another complex model was proposed by Lakehal et al. (1999) that treat the sludge as a
Bingham plastic and this further modifies the molecular viscosity expression as Equation 2.12
𝜇𝑚 =

𝜏𝑏
𝛾

+ 𝜇𝑝

(2.12)

Where,
𝛾 = The rate of shear strain
However, Dick and Ewing (1967) defined the plastic yield stress (𝜏𝑏 ) in Equation 2.13
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τb = β1 eC×β2

(2.13)

But, Dahl (1994), defined ( 𝜇𝑝 ) as plastic viscosity in an expression given in Equation 2.14
μp = μw + CPa × CPl × (C − CPs )K

(2.14)

Nonetheless, Armbruster (2003) proposed various coefficients for Dahl (1994) plastic viscosity
expression stated in Equation 2.14, to derive a power law relationship for sludge. Still, De Clercq
(2003) further modified Lakehal et al. (1999) expression in Equation 2.12, Dick and Ewing (1967)
Equation 2.13 and a new hertschel bulky like relationship was realised in Equation 2.15 and
Equation 2.16
τb = β1 × C β2
μm =

τb
(1 −
γ

(2.15)
e(−mγ) ) + μp γn−1

(2.16)

Although, 𝜇𝑝 can be computed from Equation 2.14 but according to Burt and Ganeshalingam
(2005) 𝛽1 , 𝐶𝑃𝑎 , 𝐶𝑃𝑙 , m and k are identified as model constants.
Turbulence
Research studies, Gray (2010) and Gray (2004) have shown that the flow in FST in operation
is more quiescent in nature when progressing from the influent but becomes agitating within the
stilling well. Thoughit is possible to compute the global and localised Reynolds numbers but it
will be limited if some local areas have a huge velocity but no velocity of flow in other regions.
However, the standard k-𝜀 model which adopts a logarithmic wall function accommodates this
limitation by could adjust for the turbulence realised in the near wall region. The correct use of
the wall functions depends on the quality of grids adopted for the modelling. Thus, for this
research a low Reynolds number version of the k-𝜀 Turbulence model will be investigated.
Importantly, turbulence has been related back to momentum equations through the effective
viscosity covered in Equation (2.10-2.12) given by Bokil and Bewtra (1972) and Lakehal et al.
(1999).
Thus, the turbulent contribution to effective viscosity is given in Equation 2.17
k

μT = ρ × ω

(2.17)

Transport equations can be calculated for turbulence kinetic energy (k) and turbulence
dissipation rate (𝜔) using Equation 2.18 and Equation 2.19
∂
(ρk) +
∂t

∇. (ρUk) − ∇. (( μm +

μT
σK

)∇k) = P + G − ρωk

(2.18)
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∂
(ρω) +
∂t

∇. (ρUω) − ∇. (( μm +

μT
σω

)∇ω) = C1

ω
k

(P + C3 max (G, 0)) − C2 ρω2 + D

(2.19)

Where,
P= shear production term
G = Buoyancy Production term
1𝐶1 , 𝐶2 , 𝐶3 = Empirical constants with defined defaults but 𝐶3 is unknown for stratified flows.
D = complex expression used to force the turbulence model into the regions outside of the
fluid boundary layer.
Drift flux scalars and settling relationships
The conservation of solid species equation has been given in Equation 2.20
∂
(ρ Yi ) +
∂t

μ

∇. (ρ(μ + μsi ) Yi − ∇. (( μm + σT ) ∇ Yi = 0

(2.20)

C

Where,
𝑌𝑖 = mass fraction used as the marker for the drift flux or algebraic slip scalar
𝑖 = subscript that denotes the possibility of having multiple mass fractions representing multiple
solid size group
𝜇𝑠𝑖 = slip velocity component that represents the difference between the solid and fluid velocities
However, solid size group has its own fixed slip velocity or single slip scalar is used with 𝜇𝑠𝑖
some functions of local concentrations.
In contrast, Takács et al. (1991) reported an empirical hindered settling velocity that may be
beneficial in combining with the slip scalar equation. This expression takes the form of a double
exponential given in Equation 2.21
V = v0 × exp [−rh (C − Cns )] − v0 × exp [−rp (C − Cns )]

(2.21)

Where,
𝑣0 = the free settling velocity or stokes velocity for a single floc in infinite fluid
𝐶𝑛𝑠 = concentration of non-settleables taken to be 0.2% of the MLSS concentration
𝑟ℎ and 𝑟𝑝 = free settling and colloids settling parameters
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Although, the settling models covered earlier in the literature review chapter can be used in one
dimensional solid flux theory for the design of FST was based on the Vesilind equation which
followed the research studies of Kynch (1952) expressed in Equation 2.22
V = v0 × exp (− rh C)

(2.22)

Although, the single exponential form of Equation 2.22 is known to be appropriate only for the
zone or sludge line settling phase but, in the case of sludge settleability column test using the
settlometer, a discrete interface is seen between the solids and a clear supernatant. Thus, the
need to extend the vesilind equation to the Takács et al. (1991) form of a double exponential to
model the four regions of sedimentation namely; lag, hindered, transition and compression
(Ekama et al. 1997). Nevertheless, there are many empirical correlations that relates 𝑣0 and 𝑟ℎ
to measurable indices such as SVI, SSVI and DSVI. However, the standard UK Water Research
Council (WRc) method for designing FST uses the Pitman (1980) and White (1975) correlation
(Equation 2.23) for linking SSVI3.5 to the Vesilind coefficients.
𝑣0
𝑟ℎ

= 6.79 ∗ exp (−0.016SSVI3.5 )
𝑣
𝑟ℎ

𝑟ℎ = 0.88 − 0.393log ( 0 )

(2.23)
(2.24)

The omitted factor (𝑟𝑝 ) can be computed experimentally between 3 and 10 to obtain the best
tangent to fit to the Takács operational curve. On the other hand, the Vesilind coefficients can
be related to SSVI the Wahlberg and Keinath (1968) which is valid but for American sludges.
This can be expressed in Equation (2.25 and 2.26)
𝑣0 = 15.3 – 0.0615SSVI3.5

(2.25)

𝑟ℎ = .436 – 0.00384SSVI3.5 + 0.0000543(SSVI3.5 )2

(2.26)

The internal hydrodynamic issues in FST may be resolved through achieving optimised final
effluent quality and underflow solid concentration by utilising numerical experimental result in
filling the gap of wearisome and time-consuming field experimental results (Huggins et al. 2005).
However, this current study will focus on the empirical model and not the CFD modelling
procedure in developing a mathematical model that describes the impact of chemical dosing
(Al, Fe and Ca) on the activated sludge settling behaviour in FSTs. The reason for selecting the
empirical model approach is because mathematical settling velocity equations can be used to
fit experimental settling velocity data for chemically dosed activated sludge. It makes it easier
to evaluate ZSV as a function of a new chemical dosing parameter.
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2.1.3 Settling Characteristics of the Activated Sludge
As mentioned in section 2.1.2.4, the capacity of sludge particles to flocculate and form large
flocs, that can settle speedily and be separated in the FST, describes the efficiency of the ASP.
The settling regime of activated sludge differs among various areas in the FST and it is
monitored by the activated sludge concentration and flocculation propensity. The sludge settling
characteristics (sludge concentration and flocculation of sludge particles) investigation in this
current study will provide understanding of the different sludge settling behavior that can be
observed in the FST during the batch settling experiment. Wilén et al. (2008) stated that a typical
activated sludge matrix will show particle size distribution ranging from free cells (≤ 5µm) to
aggregate flocs (25-100µm). The batch settling experiment in this current study will involve
measuring the descending liquid/solid interface level called the sludge blanket height (SBH).
Therefore, during the batch settling test, four dissimilar settling regimes (Figure 2.7) will be
expected as reported in review by Ekama et al. (1997). The dissimilar settling regimes includes
lag, hindered/zone, transient, and compression settling. The lag regime noticed at the beginning
of the SBH measurements explains the spread of the kinetic energy added with uneven air
bubbles used to unify the activated sludge in the batch settling reactor before the estimation of
SBH commences. The consequent constant descending rate of SBH corresponds to the zone
settling velocity of the mixture settling with concentration equal to the initial value.
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.7. Different settling regimes of activated sludge during (a) sludge blanket height
measurement (b) batch column settling tests (Ekama et al. 1997)
The transition phase between the zone (hindered) to compression settling regimes can be
observed in the SBH measurements when the thickened sludge beneath moves up until it meets
the liquid-biomass interface. However, Figure 2.8 further shows four settling categories based
on both the sludge concentration (vertical axis) and flocculating characteristics (horizontal axis).
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Figure 2.8. Four classes of activated sludge settling regimes and clarification, compression and zone
settling regions (Ekama et al. 1997)
In the upper part, at low concentrations, discrete settling (Class I-top left of Figure 2.8) and
flocculation settling (Class II-Top right of Figure 2.8) occurs. This discrete particle will settle
individually since the concentration is too low for interaction between particles making the
settling velocity a function of individual particle properties such as porosity, density and size
(Vesilind 2003). Therefore, this class of discrete settling is called clarification. However,
flocculent settling will also take place at low solids concentrations, but when the particles show
a strong flocculating tendency with dense individual flocs they finally settle faster. This process
occurs in the upper middle region of the FST. This type of settling is also known as clarification.
In contrast, increasing concentration in the lower part will cause the distance between the flocs
to reduce and hence they no longer settle as individuals but result in hindered or zone settling
(Class III- Lower middle region of Figure 2.8). The claim for the occurrence of zone settling is
based on the fact that, as the particles settle, an upward movement of water is created which
increases the particle drag, and as a result decreases the relative settling velocity of mixture
(Probstein 2003). This phenomenon was further commented in Kynch (1952) that the particles
settle with the velocity that is only a function of local concentration (sludge concentration)
despite the size or density of individual particles. At the bottom region, where the concentration
further increases, the particles, in addition to gravity and drag forces, are exposed to the interparticle compressive stress and settle slower than in zone settling (Class IV-Bottom region of
Figure 2.8). This class IV is called compression settling.
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2.1.4 Settling Velocity Models
The modelling of FSTs requires an appropriate mathematical explanation of the settling
characteristics of activated sludge. This section 2.1.4 is vital in this current study because of the
limitation of characterising the entire settling process in the FST due to the co-existence of
different settling regimes in the FST. Therefore, this section will review related up-to-date
literature on settling velocity model or equation used to describe the settling behaviour in the
different regions within the FST.
The efficiency of activated sludge plants depends essentially on the settling and thickening
characteristics within the FST (Li and Stenstrom 2014a, b; Burt and Ganeshalingam 2005). This
is partly due to the diversity and complexity of the mechanisms involved in the separation of
liquid and solid phases (Lee et al. 1999). The development of settling velocity of activated sludge
has been designed on both mathematical and experimental basis. These consist of fitting
mathematical formula to experimental data (black box model) and this forms the fundamentals
in modelling and designing of FSTs. The typical example is empirical settling velocity equation
called Vesilind (1968) expression [ZSV = 𝑣𝑜 * exp (-k.X)], used for explaining the activated
sludge settling characteristics for municipal and industrial wastewater treatment, where, ZSV
=zone settling velocity (m/h); X = activated sludge concentration (g/l); 𝑣0 = sludge settleability
constant (m/h) and k = sludge settleability constant (l/g). The empirical description of activated
sludge settleability characteristics for modelling and designing FSTs is vital because of the
challenge of characterising the entire settling process in ASPs. This challenge has been
attributed to the distinction observed in sedimentation regimes in FSTs ranging from discrete,
zone, flocculent-discrete and compression settling (section 2.1.3) (Ekama et al. 1997). The
various settling regimes within the FST (2.1.3) will be used in explaining the various developed
settling velocity models used in the modelling and design of FST. Also, justification of the reason
for utilising the conventional Vesilind (1968) settling velocity model will be explored. As earlier
reported in section 2.1.3, at the upper part of FST, at low concentrations, discrete and
flocculation settling does exist. However, since particles settle individually because of low
sludge concentration with absence of interaction between particles, determination of an
accepted sludge settling velocity model becomes difficult. Therefore, settling velocity has been
investigated as a function of individual particle properties such as porosity, density and size
(Vesilind 2003), and the sludge water interaction (Kinnear 2002; Vanderhasselt and
Vanrolleghem 2000). Also, Figure 2.9 shows the forces acting on activated sludge floc and
among the four forces identified in the discrete spherical particles, three principal forces
impacting on sludge particles are gravity (𝐹𝐺 ) buoyancy (𝐹𝐵 ) and drag(𝐹𝐷 ) (Figure 2.10)
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Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.9. Force acting on activated sludge floc settleability
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The unabridged
version of the thesis can be viewed at the Lanchester Library, Coventry University.

Figure 2.10. Force on a discrete particle (Wu and He 2010)

Tchobanoglous et al. (2003), reported that the terminal settling velocity of discrete spherical
particles (𝑉𝑠 ) falling in a quiescent fluid obeys Stokes law and it can be used to determine the
settling velocity of discrete particles in Equation 2.27 for laminar condition and Equation 2.28
for turbulent condition (Tebbutt 1998; Carlsson 1998; Cassey 1992). Stokes law suffers from
certain limitations which include; shapes of particle not always spherical in real practice, liquid may
not be at rest, all particles may not be discrete, Stokes law is valid only when Re≤ 1.0 and fluid
temperature may not be consistent However, more detailed evaluation of Stokes law can be found
in Appendix-A).
𝑉𝑆 = (𝜌𝑃 − 𝜌𝑊 ) 𝑔𝑑²\ 18𝜇

(2. 27)

𝑉𝑆 = √3.3g ( 𝜌𝑃 − 𝜌𝑊 )/ 𝜌𝑤

(2. 28)
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Where:
𝜌𝑃 = Density of particle (kg/m³)
𝜌𝑤 = density of water (kg/m³)
g = Gravitational constant (m/s²)
d= diameter of Particle
𝜇 = dynamic viscosity of solid particle and water mixture (kg/ms).
Moreover, under quiescent conditions, discrete particles settle out at their terminal velocity,
which will remain constant provided the fluid temperature does not alter. The knowledge of this
velocity is fundamental in the design of sedimentation tanks and in evaluation of their
performance. Thus, a sedimentation tank is designed to remove all particles that have a terminal
velocity (𝑉𝑆 ) equal to or greater than (>) 𝑉𝑆 . The selection of 𝑉𝑆 depends on the specific function
of the tank and on the physical characteristics of the particle to be removed (Gray 2010). In
contrast, sludge particles may not always be spherical in shape and as such the sludge floc
structure is irregular and not regular as expected and, as mentioned earlier, sludge particle
porosity depends on the sedimentation velocity of discrete solid particles and the density of
sludge particles is not easy to estimate. Kinnear (2002) has made the determination of settling
velocity for discrete particle using Stokes law debateable (Jorand et al. 1995).
Although, discrete settling regime in FSTs has been explained in literature by direct modification
of the classical zone settling velocity models (Takács et al. 1991; Dupont and Dahl 1995) but
suffered from some drawbacks as the Takács et al. (1991) empirical model could not model
discrete settling of different floc sizes. In solving this challenge, different discrete settling
velocities of each floc size particles was investigated (Dupont and Henze 1992; Lyn et al. 1992;
Otterpohl and Freund 1992; Mazzolani et al. 1998; Zhang et al. 2006), but result was limited
because the individual floc size particles with different discrete settling velocities still have
capacity to change in size because of the flocculation and capacity of the sludge floc to break
up during settling. Existing research studies assessed the development of empirical models to
explain discrete velocity settling of different sludge particles such as the work of Kinnear (2002);
De Clercq (2003); Griborio (2004); McCorquodale et al. (2004) but Mahdavi Mazdeh (2014)
used an innovative sludge settling column to evaluate discrete settling rates of different sludge
particle sizes.
As stated earlier in section 2.1.3, in the zone settling regime sludge particles settles as a zone
of blanket and the interface between the sludge and the clear water supernatant can be
separated within the settling column (Figure 2.11). This makes evaluation of zone settling
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velocity (ZSV) in a settling column feasible using the experimental batch settling test for different
initial sludge concentrations (Ekama et al. 1997). The sludge sample is collected over a range
of diluted concentrations (X, mg/L) and allowed to settle under a quiescent condition in the
settling column. The sludge height is deduced at a defined time interval and the slope of the
linear tangent to the settling curve gives an approximate value of the settling velocity.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic
version. The unabridged version of the thesis can be viewed at the Lanchester
Library, Coventry University.

Figure 2.11. Settling column Interface between sludge subsiding and clear supernatant (Alrawi
et al. 2011)
Although, since the mass flux theory was developed by Kynch (1952), various studies have
been conducted to examine the relationship between zone settling velocity and activated sludge
concentration using many empirical and theoretical model (Vesilind 1968, Dick and Young 1972;
Vearenbergh 1980, Vanderhasselt and Vanrolleghem 2000; Giokas et al. 2003; Zhang et al.
2006; De Clercq et al. 2008; Watts et al. 1996, Lakehal et al. 1999; Takács et al. 1991;Cho et
al. 1993). These models postulate that the ZSV is only a function of the sludge concentration
and it is valid for zone settling regime in FSTs (Vanderhasselt and Vanrolleghem 2000).
However, the most acceptable models are those suggested by Vesilind (1968) and Dick and
Young (1972). The Actual ZSV is expressed as Equation 1.1 (ZSV = v0 e−kX ) (Vesilind 1968)
and Equation 2.29 (Dick and Young 1972). The X is the solids concentration, Vesilind
parameters (k and v0 ) and Dick and Young parameters (K and V0 ) can be obtained from the
slopes of batch test settling curves for Vesilind and Dick and Young experiment. The Capital 𝑉0
and K are sludge settleability constants expression for Dick and Young (1972) expression in
Equation 2.30. The V0 explains the effect of sludge settleability on the actual settling velocity
while K explains the effect of sludge settleability on sludge compaction (sludge volume index—
SVI). Furthermore, the Vesilind’s and Dick and Young 1972 model equations have been
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reported to be the most accepted worldwide for predicting the sludge settleability behaviour
within the FSTs (Haandel and Lubbe 2012).
ZSV = V0 (X)K

(2.29)

Activated sludge (AS) usually shows a strong flocculating ability even at low concentrations
(below 1kg/m³) which results in a zone settling behaviour in FSTs. It is equally challenging to
investigate settling behaviour of activated sludge at low concentrations specifically below 1
kg/m³ due to the limit of evaluation (there is no interaction with the sludge particles and the
settling velocity will be a function of individual floc properties and, also, since no clear
relationship with the concentration of the activated sludge particle exists at low sludge
concentration). This is because the zone settling velocity (vO ) predicted by Vesilind exceeds the
actual settling velocity of the particles (ZSV) within the upper region of FSTs at a lower
concentration. Therefore, the Vesilind equation was optimised to accommodate zone settling of
particles at lower concentrations in Takács et al. (1991). The improved zone settling velocity by
Takács et al. (1991) is expressed as Equation 2.30:
ZSV = VO e−K1 Xa − VO e−K2 Xa

(2.30)

The initial part of Equation 2.30 shows Takács’ deduction of zone settling velocity of the large
and well flocculated particles while the second component of Equation 2.30 shows a zone
settling velocity correction for smaller and slow settling particles. The VO is the maximum settling
velocity (m/h); K1 is the settling parameter characteristics of the zone settling regime (m³/g); K 2
is the settling variable that explains the behaviour of the low solids concentration (m³/g); X a is
X-X min and X min is the minimum suspended solids concentration (g/m³). The settleability
parameters can be obtained by fitting Equation 2.30 to experimentally determined batch settling
data. Figure 2.12 shows experimental batch settling curve for Vesilind (1968) and Takács et al.
(1991). Despite the empirical model selected in FST design and operation, the settling velocity
measurements are used for calibration (Schuler and Jang 2007a, b and c).
On the contrary, some drawbacks were spotted with the Takács et al. (1991) empirical model
which was linked to its calibration. The issue was that the parameter related to discrete settling
regime cannot be determined using the batch settling test since at a lower concentration
discrete particles settle individually without interaction and the settling velocity will be a function
of individual particle properties such as porosity, density and size (Torfs et al. 2013b). Hence it
is challenging to monitor the sludge water interface in the settling column.
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Figure 2.12. Experimental batch settling curves for Vesilind 1968 and Takács et al. (1991)
model.
Although, so far, the Takács et al. (1991) equation is still relevant to predict the ESS
concentration during solid flux analysis but cannot be satisfactory outside its boundary of
calibration due to the limitation of providing only an insight into the basic mechanism (Figure
2.12). As a black box model (Takács model) it cannot provide any physical meaning compared
to other models that can investigate the internal flow pattern of the solid and liquid within the
FST (glass box model).
Amongst the limitations in the use of the zone settling velocity mathematical model (Equation
1.1) is the laborious standardization technique comprising of a series of laboratory batch settling
tests (section 2.1.5). This calibration procedure is enabled using a device called a settlometer
(Vanrolleghem et al. 1996) to spontaneously record batch settling curves. However,
Vanderhasselt and Vanrolleghem (2000) further examined the effectiveness of single batch
settling curve (BSC) techniques compared to the conventional dilution experiments in
determination of settling velocity models. The settling velocity models of Vesilind (1968), Takács
et al. (1991), and Cho et al. (1993), had sludge blanket height data obtained from a single BSC
which was a limitation to batch settling test and improvement was made with the batch settling
test by accommodating more high settling rates data points for identifying the sludge blanket
height (SBH) during the batch settling test. Nonetheless, Vanderhasselt and Vanrolleghem
(2000) added that continuous column settling tests will provide a better result with studying the
hindered and transient settling regime within FST. The investigation of settling velocity under
turbulence boundary conditions in the review of Rasmussen and Larsen (1996) utilised the
continuous column settling test.
As mentioned earlier that since the advent of mass flux theory by Kynch (1952) the most
acceptable models are those suggested by Vesilind (1968) and the Vesilind parameters k and
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v0 are obtained using batch settling tests. On the contrary, other procedures relating empirical
functions with the sludge settleability indicators such as SVI, DSVI and SSVI have been reported
by researchers (Pitman 1984; Ekama and Marias 1986; Wahlberg and Keinath 1988; Giokas et
al. 2003; Diagger 1995). However, sludge concentration has been an added issue linked to
activated sludge settleability and to eradicate the challenge, the diluted sludge volume index
(DSVI) was developed (Stobbe 1964). This test was achieved from a simple settling test in a 1
Litre settling column with a diluted sludge sample (to eradicate impact of sludge concentration),
where the volume of the settled sludge per gram of solids is measured after 30 minutes. It was
observed that when the sludge volume after settling was less than about 25% of the original
volume, the calculated SVI value was almost constant and was not dependent on the initial
sludge concentration. Therefore, it was recommended that sludge batches be diluted until the
volume of the diluted suspension after settling assumed a volume of 200ml or less per litre of
initial volume used. The stirred sludge volume index (SSVI) was also investigated as a more
competent approach and it was defined as the volume of a unit mass of suspended solids after
30 min of settling in a measuring cylinder with the application of a gentle stirring in Equation
2.31 (White 1975). According to White (1975), the SSVI was virtually free of the initial sludge
concentration unless for occasions where the ZSV is very low (1< m/h). Importantly, in resolving
the issue of poor settling sludges, White (1975) advised the use of a standard concentration of
3.5 g/l thus re-defining it as SSVI3.5 against the previous expression of SSVI. Nevertheless,
further research was conducted on 25 activated sludge processes in the Netherlands and
another value of SSVI3.5 and DSVI was determined which led to discovery of another proportional
link between these two process parameters as shown in Equation 2.32 (Stofkoper and
Trentelman 1982).

SSVI (ml/g) =

Volume of Settled Sludge after 30 mins ,mL
(1000mg
)
L
g
MLSS Concentration,mg/L

(2.31)

The Relation between SSVI3.5 and DSVI can be computed from Equation 2.32.
SSVI3.5 = CP × DSVI

(2.32)

Where,
CP = Proportionality Constant with an average value = 2/3
Additionally, further investigation was made which involved the use of sludge with varying
fractions of active sludge and result revealed that the value of the proportionality constant (CP )
was reliant on the active fraction of the volatile sludge ( fs ) as calculated from Equation 2.33
(Catunda et al. 1989)
CP = 1 − 0.35 × fs

(2.33)
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The relationship between different sludge settleability parameters reported in literature ranging
from the research conducted by Pitman (1984) involving analysis of six years full-scale study
which resulted to developed empirical relationship between the constants of Vesilind’s equation
v

and SSVI. The correlation obtained was earlier given in Equation 1.2 ( k0 = 68 ∗ exp (− 0.016 ×
SSVI3.5 ) ).
The data of Ekama and Marias (1986) was analysed along with that of other researchers
(Rachwal et al. 1982; White 1975; Koopman and Cadee 1983) and came up with the findings
that Pitman’s empirical expression in Equation 1.2 resulted in a good description for all and that
a relationship exists between

v0
K

and k . This is expressed as Equation 2.34

k = 0.88 − 0.393 × log (v0 × k)

(2.34)

However, since the value of k is known then the value of v0 (Equation 2.35) can be computed
using Equations 1.2 and 2.34.
v
K

v0 = ( o ) × k

(2.35)

According to suggestions from Catunda et al. (1989), rearranging Equations 2.34 to 2.35 will
make it possible to express k and v0 as a function of SSVI3.5 which can be expressed in Equation
2.36.
k = 0.16 + 2.7 × 10−3 × SSVI3.5

(2.36)

Upon substituting Equations 2.35 and 2.36 into Equation 2.34 the following expression in
Equation 2.37 would be realised:
v0 = (10.9 + 0.18 × SSVI3.5 ) × exp (− 0.016 × SSVI3.5 )

(2.37)

The SSVI3.5values are of great importance for activated sludge process and hence Equation
2.37 can be further expressed in Equation 2.38 as follows:
v0 = (11.2 − 0.06 × SSVI3.5 )

(2.38)

It was observed that Equations 2.37 and 2.38 can be utilised to compute the constants k and
v0 directly from the SSVI3.5 values without conducting a ZSV test.
Other settling velocity models reported in literature and reviewed in Li and Stenstrom (2014b)
includ; Foster (1982) who developed a model which considered SSVI and revealed that
parameter n varied smoothly with the SSVI and the settling velocity 𝑉𝑆 (m/h) was calculated from
the SSVI (ml/g) and concentration X (mg/L) using Equation 2.39.

𝑉𝑆 = 5𝑒 −[0.2498 exp (0.0046SSVI)] X

(2.39)
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The Diagger and Roper model (1985) design of an experiential relationship between SVI of an
activated sludge and its settling characteristics were represented by the correlation between 𝑣𝑂
and X (Equation 2.40).
ln v = 1.871 – (0.1646 + 0.00158 SVI) X

(2.40)

The outcome of Diagger and Roper (1985) model as reported in WEF (2005), was a realistic
model for estimating activated sludge settling characteristics on 46 separate activated sludge
samples with SVI ranging from 36 to 402 ml/g but did not give an outcome for the SSVI
measurement as given by the Pitman (1980) and White (1975) model discussed earlier.
Therefore, care must be taken when using Diagger and Roper (1985) model in operating
activated sludge systems without chemical phosphorus removal (CPR) because of the limitation
of SVI which is due to absence of a stirring regime in the treatment process. Another reason is
due to the tighter phosphorus consent of < 1mg/L which makes the CPR a better option for most
wastewater treatment works than biological phosphorus removal (BPR). The BPR limitation is
because most treatment works struggle to meet the required sewage strength with high readily
biodegradable biological oxygen demand (BOD).
Wahlberg and Keinath’s (1988) model discovered a functional relationship between the SVI
measured according to four different techniques for determining SVI and the two adjustable
parameters namely 𝑣𝑂 and n of the Vesilind formulas that defines the interface settling velocities
as a function of concentration X (WEF 2005). However, the research was based on the outcome
obtained from 21 full- scale activated sludge plants that varied significantly with size, geographic
location, mode of operation, method of aeration and amount of industrial input. The outcome of
the research showed that none of the sludge tested was chemically amended and due to this
Wahlberg and Keinath developed the experimental model for predicting settling flux from SSVI
data and this was expressed as Equation 2.41 in which 35ml/g < stirred SVI < 220ml/g.
Therefore, the Keinath model accommodated a better settleability measurement approach using the
SSVI data rather than the SVI data.
VS = (153 − 0.615 SVI) exp − 80.426 − 3.84 × 10 − 3 SVI + 5.43 × 10 − 5 (SVI) 2X

(2.41)

The Cho et al. (1993) model was used to investigate settleability within the FSTs, but it relied
on the Carmen - Kozeny equation which was developed into new models (Equation 2.42-44) by
adding the slurry viscosity term and X= solid concentrations, 𝑣𝑂 , n, n1 and n2 - constants
𝑉𝑆 = v0 e−nX /X

𝑉𝑆 =

𝑣0 ( 𝑛1 𝑋)4⁄
𝑋

(2.42)

(2.43)
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𝑉𝑆 = v0 (1 − n1 X)4 e

−n2

X⁄
X

(2.44)

The power model, the exponential model and the new model v = k × exp(−nX⁄C) fitted well with
the experimental data and the last fit was the best. The new model is suggested to be used for
modelling FST instead of the power model which is not viable in the dilute concentration range.
The new model is also used instead of the exponential model because the latter is complicated
with the permissible flux theory (Stypka 1998). The Cho model was more realistic in evaluating
the batch settling curves than the Vesilind function due to the poor ability of the latter in
describing the transition stage (Zhang et al. 2006). The comparison of the reviewed settling
velocity models was summarised by Ozinsky and Ekama (1995) (Table 2.1).
It was discovered from other studies that because SVI test was empirical, it has the tendency
of suffering from some significant errors linked to absence of unstirred condition and lack of true
representation of wastewater samples and, as such, Jenkins et al. (1993), in a bid of avoiding
inaccurate results and to allow for a meaningful evaluation of SVI results for dissimilar sludges,
the diluted SVI (DSVI) has been investigated. In Jenkins’ examination, the sludge sample was
diluted with process effluent until the settled volume after 30 min is 250ml/l or less and
afterwards, the standard SVI test was monitored with this sample. Several wastewater treatment
plants conduct SVI tests using a 2L settlometer that has a larger diameter than 1L or 2L
graduated measuring cylinders. Wahlberg and Keinath (1988) in their research to eradicate wall
effects on solids settling in a small diameter test apparatus proposed the use of a slow speed
stirring device. This test was called a stirred SVI (SSVI) when a stirring device is installed (APHA
1998; SMEW 1995). The stirred SVI test has now been used frequently in Europe.
The compression settling regime as earlier mentioned in section 2.1.3, controls the FST
thickening function and occurs at high sludge concentration region in the bottom of the FST
where existing settled sludge particles undergo thickening due to the load of the overlying sludge
in the FST. The compression sludge settling characteristics is a function of the measured sludge
blanket height (SBH) and underflow concentration.

Table 2.1. Comparison of the settling velocity models (Ozinsky and Ekama 1995)
Settling
Velocity
Model

Model
Parameter
Integration explored
Year

Settling Velocity Model
equation

Observations

Foster

1982

𝑉𝑆 =5𝒆−[𝟎.𝟐𝟒𝟗𝟖 𝐞𝐱𝐩 (𝟎.𝟎𝟎𝟒𝟔𝐒𝐒𝐕𝐈)] 𝐗

Parameter n varies
smoothly with SSVI, and
suitable in evaluating
settling velocity

SVI
and SSVI
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Pitman,
White and
Ekama

1984

SVI

V0/n= 37.63

and SSVI

exp (-o.00388*SVI)
V0/n= 67.9
exp (-0.0016*SSVI3.5)
(r2=1.968)
n=0.88-0.393 log (V0/n)
(r2= 0.976)

Small sludge diversity
and
limited database was
noticed but there was
Relationship between
SVI, V0 and r2 but
should not be used
because of its
dependence on
concentration at a high
30 min settled volume
interval of >400ml

Daigger
and
Roper

1985

SVI

ln v =1.871 – (0.1646
+0.00158 SVI) X

Data exhibited
considerable scatter

Wahlberg
and
Keinath

1988

SVI and
SSVI

𝑉𝑆 = (153 - 0.615 SVI) exp 80.426 - 3.84*10-3 SVI +
5.43*10-5 (SVI) 2X

SVI was found to be an
imprecise measurement
while SSVI was
recommended as a
good measurement
parameter

Cho

1993

SSVI

𝑉𝑆 = 𝑣𝑂 (1-n 1 X) 4 e-n 2 X/X

Exponential model is
complicated to be used
with permissible flux
theory (limiting mass
flux theory provided by
Kynch (1952). This is
the limiting rate of the
solids flux reaching the
bottom of the tank per
hour (hr). it is measured
as KgSS/m2.h (Mass in
Kg (kilogram), SS –
suspended solids, Area
(m2)

Takács

1991

hindered
settling
parameter
and
flocculent
settling
parameter

𝑉𝑠 = v0 (𝑒 −𝑘1 (X-𝑋𝑚𝑖𝑛 ) –
𝑒 −𝑘2 (X-𝑋𝑚𝑖𝑛 ))

SVI not considered but
can be integrated
altering settling velocity
parameters

Li and Stenstrom (2014a) stated that settling velocity as a function of particle concentration
assumes a uniform particle size and density following a Stoke regime with Reynolds number
(RE) < 1 and added settling velocity as a function of voids and hydraulic radius (R) and,
nevertheless, commented that settling velocity in a column equal to average velocity in a porous
bed based on Carman-Kozeny equation that thickening process can be compared to the
transport of fluid in a non-rigid saturated porous medium. However, Cho et al. (1993) also added
a slurry viscosity term to the Carman-Korenzy equation. The Cho et al. (1993) study showed
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improved correlation with the inclusion of the slurry viscosity term compared with models
reported by Li and Stenstrom (2014a). However, Kinnear (2002) and De Clercq et al. (2008)
used the theory of mixture of classical continuum mechanics (Bustos 1999; Bürger 2000) and
developed settling functions to define compression settling velocity in Equation 2.45.
𝑉𝑐 = 𝑉ℎ ( 1 − (

𝜌𝑠
𝑑𝜎 𝑑𝑋
𝜌𝑠 −𝜌𝑊 )𝑔𝑋 𝑑𝑋 𝑑𝑍

)

(2.45)

In which, 𝑉𝑐 = compression settling velocity; 𝜌𝑠 = density of sludge; 𝜌𝑊 = density of water; 𝜎 =
effective solid stress; X = sludge concentration; 𝑍= depth and g= gravity. The uniqueness of this
compression model compared to other theoretical model is provision of a relationship between
the hindered settling velocity, effective solid stress and the compression settling velocity. The
standardisation approach of the compression models involving un broken monitoring of the
dynamic settling characteristics during batch experiments like radiotracer tests (De Clercq et al.
2005) which are not easily carried out in wastewater treatment processes. Therefore,
compression settling models is only applicable to limited cases of 1-D FST modelling (De Clercq
et al. 2008; Bürger et al. 2011).

In contrast, the empirical functions proposed for investigating settling velocity functions in FST
design are based on the Kynch (1952) solid flux theory. This allows solid flux operating curves
to be developed near with batch settling experimental data (Zeidan et al. 2004). The empirical
functions are more unique in engineering application due to their simplicity and practicality
compared to other theoretical functions that utilise particle size, sludge density, shape, slurry
viscosity and porosity to predict the settling velocity (Li and Stenstrom 2014a).
In summary, settling velocity models are integrated in FST models and in solid flux theory and
state point analysis for design and operation of FST. However, in the last decade, numerous
studies on developing a suitable empirical model to evaluate discrete settling, compression
settling and zone settling velocities has been reported in literature provided in this section 2.1.4
but mathematical models to evaluate the zone settling characteristics of a chemically dosed (Al,
Fe and Ca) activated sludge (AS) have not been extensively provided. This makes this study
on the impact of chemical dosing on activated sludge settleability insightful. Additionally, this
current research will not investigate compression settling characteristics of activated sludge nor
discrete settling but focus on the zone settling regime.

2.1.5 Zone Settling Velocity (ZSV) Model Standardisation
The precision of the settling velocity models in section 2.1.4 is dependent on the quality of their
standardisation to experimental batch test data. Although, one of the main limitations in the use
of the zone settling velocity mathematical model (Equation 1.1) as earlier mentioned in section
2.1.4 is the laborious standardization technique comprising of a series of laboratory batch
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settling tests. The calibration procedure as reported in review by Vanrolleghem et al. (1996) will
enable the spontaneous recording of batch settling curves using settlometer equipment (Figure
2.13 and 2.14).

Sludge Blanket Height (m)

Figure 2.13. Batch settling tests (Vanderhasselt and Vanrolleghem 2000; Torfs et al. 2016)
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Figure 2.14. Batch settling curves obtained from batch settling tests (Vanderhasselt and
Vanrolleghem 2000; Torfs et al. 2016)
However, in this current research, the more updated type 305 settlometer device (Triton
Electronic Limited 2018b) was used to investigate the impact of chemical dosing (Al, Fe and
Ca) on activated sludge settleability. According to Ekama et al. (1997), the settling velocity in
the zone settling regime is a function of the local sludge concentration (beyond 600-700mg/L)
instead of individual particle characteristics in the free settling regime. The settling velocity of
each particle slows down the velocity of other non-stokian zone settling particles and the sludge
blanket height is estimated as a function of the time during the batch settling test (Vanderhasselt
and Vanrolleghem 2000). The initial mixed liquor sample of known solids concentration is
poured into the settlometer column and the sludge interface position is recorded at the end of a
specific time (30 minutes) duration. The method is repeated at a smaller sludge concentration
39 | P a g e

and a new batch settling curve (BSC) is recorded. This experiment is repeated until several
settling curves at different sludge concentrations are achieved. The ratio of the final settled
sludge volume to the initial volume is used to indicate the SSVI as ml of settled bed containing
1g of solids while the linear slope of each curve gives data on the zone settling velocity at that
sludge concentration. Conversely, after the initial MLSS concentration and an initial time zero,
the sludge interface is recorded at regular time intervals, initially when the interface is fast
settling (1 minute) and then at 5 minute intervals. Plots of the interfacial position with time are
recorded and the slopes of the BSC are evaluated to give the ZSV for the zone settling regime.
The procedure can be repeated for up to six to seven different sludge concentrations and graphs
of ZSV against concentration are plotted on a natural log to linear scale. The slope and intercept
of this BSC provides the Vesilind coefficients (Equation 1.1). Moreover, in wastewater treatment
practice, once the Vesilind coefficients are utilised for validating a numerical model it is desirable
to obtain the Vesilind coefficients (vo and k) in Equation 1.1, directly from SBC instead of utilising
the decisive estimated SSVI value related as SSVI3.5 measured by conducting numerous SSVI
tests at different sludge concentrations and interpolating for the 3500mg/L value. This is
because the SSVI3.5 values are required to back estimate for the Vesilind coefficients in the
Vesilind settling velocity model. In order to calibrate models of sedimentation in FSTs, laboratory
determined ZSVs are universally used but the conventional empirical model for sedimentation
in FSTs expressed as a function of solid concentration, termed Vesilind equation is provided in
Equation 1.1 (Vesilind 1968). The empirical coefficient Vo and K are obtained by performing
ZSV test over a range of mixed liquor suspended solids (MLSS) concentration. Schuler and
Jang (2007b) result of effect of settling velocity within various sludge concentration and
thicknesses agreed with Vesilind (1968) assertion that as biomass concentration was increased
in zone settling test, settling velocities decreased as shown in Figure 2.15.

Figure 2.15. Typical zone settling velocity test results, North Durham sample. Filled symbols
indicate linear portion of data used for calculation of settling velocities (slopes of linear
regression lines). The legend shows the four biomass concentrations evaluated in this test in
mg TSS/L
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However, in Figure 2.16 and 2.17 a non-linear correlation between the settling velocity and the
range of buoyant density was reported. Furthermore, to investigate the effect of sludge
thickening on activated sludge zone settling velocities, regression analysis was applied to a
linearized form of Vesilind equation (in ZSV = -kX + ln vO ). It was observed that there exists a
non-linear correlation between the settling velocity and the density and sludge concentration
which is contrary to the linear correlation in Vesilind settling velocity models.

This led to a new model that included a buoyant density parameter in the vesilind settling velocity
/

model (V = (𝑚𝜌/ +𝑉𝑜1 )𝑒 −𝑘 𝑥 )), in which m is linear buoyant density coefficient (slope of the linear
portion of the Vo against buoyant density curve, 𝑘 / is the average vesilind k and 𝑉𝑜1 is the
intercept of the linear portion of the Vo against buoyant density curve. Further details are
provided in a review by Schuler and Jang (2007b). This new model explains the effect of density
on the activated sludge zone settling velocity (ZSV) but did not provide insight into the impact
of chemical dosing on the ZSV and SSVI as indicators of activated sludge settleability.

The hypothesis arises as to whether dosing mixed liquor sample with chemicals (Al, Fe and Ca)
at different dosing concentrations (20, 50, 100, 150, 200 and 250mg/L) in a simple settling batch
test (BSC) will provide adequate SSVI and ZSV data at the end of 30 minutes that can be used
in validating a new numerical model and describes activated sludge settleability (ZSV and SSVI)
as a function of chemical dosing. This will assist in evaluating whether the numerical activated
sludge settling velocity equations fit to experimental settling velocity data for chemically dosed
activated sludge (black box model).

Figure 2.16. Settling velocities as a function of buoyant density determined at four
concentrations for the North Durham plants (A). The legend shows biomass concentrations in
mg TSS/L with three more settling experiments performed for condition A
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Figure 2.17. Settling velocities as a function of buoyant density determined at four
concentrations for the North Cary plants (B). The legend shows biomass concentrations in mg
TSS/L with three more settling experiments performed for condition (B)
To provide an answer to the claim on whether or not chemically dosed (Aluminium-Al3+, FerricFe3+ and Calcium-Ca2+) activated sludge impacts activated sludge settleability, in Chapter three
of this thesis, an experimental methodology using a simple batch settling experiment (BSE)
called a settlometer test (section 3.3.1) where the ZSV and SSVI was measured from a
chemically dosed sludge sample at different dosing concentrations (Figure 3.3-3.4) and model
validation was conducted (Chapters Four, Five and Six) to evaluate whether or not the proposed
revised mathematical model describes properly the settling characteristics of Al3+, Fe3+ and Ca2+
dosed sludge. The approach is used to check whether the revised model fits the experimental
batch test results. The revised model was designed to analyse the effects of Al3+, Fe3+ and Ca2+
dosing concentration on activated sludge settleability indicators (Zone settling velocity-ZSV and
Stirred sludge volume index-SSVI) using linear transformation of polynomial and exponential
functions to achieve replication of a non-linear correlation between the Al3+, Fe3+ and Ca2+
dosing concentration and activated sludge settleability indicators (ZSV and SSVI).

2.1.6 Flocculation
2.1.6.1 Activated sludge flocs
Activated sludge flocs are known to be the most important aspect of the activated sludge unit
operation in wastewater treatment (Gray 2004). Activated sludge flocs comprise discrete clumps
of microorganisms which differ mutually in shape and sizes. Whether a FST acts successfully as a
sedimentation tank is highly dependent on the ability of the microorganisms to form a flocculent
biomass which settles and compacts well, producing a clear effluent (Das et al. 1993). The aim
of the flocculation process is to combine individual flocs into large and dense flocs that settle
rapidly. In case of failure of the flocculation process or break-up of flocs during the activated
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sludge process, a fraction of the particles are not incorporated into flocs. This usually distresses
a small part of the activated sludge solids, also referred to as non-settleable particles. They
remain in the supernatant (supernatant turbidity) at the upper layer of the FST due to lack of
sufficient mass and are carried over the effluent weir deteriorating the effluent quality (Ekama
et al. 1997). This fraction can only be removed from the FST when they adhere to large and
dense flocs with sufficient mass to settle. From this point of view, flocculation and break-up
processes of AS are of crucial consideration in clarification function of the FST (Biggs 2000).
While flocculation process is vital in activated sludge settleability, it has not been well
comprehended but bio-flocculation accounts for numerous variations in activated sludge floc’s
characteristics, especially cationic impact on bio-flocculation process in activated sludge
settling, dewatering and digestibility (Eriksson and Alm 1991; Bruus et al. 1992; Higgins and
Novak 1997b, c). However, in realising the aim of the current study on the impact of chemical
dosing on the design and operation of activated sludge plants, including evaluation of the impact
of chemical dosing (Al, Fe and Ca) on activated sludge settleability, digestibility and
dewaterability, a clear insight into the composition (nature), characteristics of activated sludge
flocs and the role of chemical coagulant in activated sludge settling, dewatering and digestion
process becomes vital. Bio-flocculation will provide better explanation of the two most vital daily
requirements in an activated sludge plant (ASP) as reported in Chen et al. (2007) namely;
efficient settling of organics in the FST after organic breakdown of pollutants from the influent
wastewater in the aeration tank has been achieved and the downstream running cost for wasted
activated sludge (WAS) treatment evaluated by the efficiency of dewaterability process.
Various studies have been conducted to examine activated sludge flocs and aggregates of
suspended solids (Nopens 2005); microbial aggregates, filamentous organisms, organic and
inorganic particles and exocellular polymeric substance (Tezuka 1969; Novak and Haugan
1980; Eriksson and Alm 1991; Bruus et al. 1992; Higgins and Novak 1997a); polymeric network
of extracellular polymeric substances (EPS) which have the capacity to combine different floc
components together in one structure or floc (Wilén et al. 2003); cation bridging phenomena of
multivalent cations (Mg and Ca) which have ability to stabilize sludge flocs and facilitate
flocculation (Cousin and Ganczarczyk 1999); a mixture of different microorganisms such as
bacteria, fungi, protozoa and metazoa which are found in AS flocs due to the availability of a
large variety of substrates in wastewaters (Jenkins et al. 1993). This group of microorganisms
were classified as floc formers (Escherichia, flavobacterium, nocardia and pseudomonas
zoogloea), non-floc formers and filamentous microorganisms (algae, bacteria and fungi) (Figure
2.18). Though, floc formers and filamentous bacteria are necessary in the activated sludge
process (ASP) their speedy growth is needless since it causes increased floatability of activated
sludge floc which leads to recurrent activated sludge settleability issues and losses in effluent
suspended solid (ESS).
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Figure 2.18. Bacteria involved in Activated Sludge Floc Structure (Gerardi 2002)

The floc formers stick together with increasing sludge age and begin floc formation through
cellular fibrils, sticky polysaccharides, and granular starches like polyhydroxybutyrate (PHB)
(Figure 2.19), by promoting degradation of carbonaceous BOD (biological and chemical oxygen
demand) and removal of fine solids and heavy metals while the non-floc formers equally
degrade carbonaceous BOD and removes both fine solid and heavy metals. Conversely, the
filamentous bacteria does not just degrade carbonaceous BOD and removes fine solids and
heavy metals as well but provides the required strength to sludge floc particles that enables
their resistance to shearing action within the aeration zone and increase in size (Gerardi 2002).
The extent to which these different groups (floc formers, filamentous organism and non-floc
formers) occur has a large impact on the settleability and flocculation behaviour of the activated
sludge and with a good balance between them the filamentous microorganisms will provide a
network to which floc formers can attach (backbone structure) resulting in large and strong flocs
which are more resistant to shear stresses (Parker et al. 1970; Sezgin et al. 1980).
Some materials have been removed from this thesis due to Third Party Copyright. Pages where
material has been removed are clearly marked in the electronic version. The unabridged version
of the thesis can be viewed at the Lanchester Library, Coventry University.

Figure 2.19. Floc formation cellular components in activated sludge process (Gerardi 2002)
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The heterogeneous nature of biological flocs and their complex structure makes both the floc
size and the floc morphology change significantly in a FST since floc sizes may differ from a few
to a thousand µm (Li and Ganczarczyk 1991). Floc sizes and floc size distribution is a function
of the active equilibrium existing between flocculation and break-up of the microbial aggregates
(Lu and Spielman 1985; Spicer et al. 1996; Mikkelsen 2001). Wastewater systems are active
unit processes and as such various changes occur ranging from temperature, substrate loading,
shear forces, sludge age, ionic strength and dissolved oxygen concentration affecting the
composition, sizes and structural stability of activated sludge which has an overall impact on
flocculation mechanism (Mikkelsen et al. 1996; Wilén and Nielsen 2000; Mikkelsen and Nielsen
2001; Mikkelsen 2001) and this flocculation mechanism accounts for both breakage of activated
sludge and bio-flocculation (Govoreanu et al. 2004). Gray (2004), reported that particle
magnitudes in the activated sludge process vary from individual bacteria of between 0.5 and
5.0µm to large flocs with greater than 1mm in diameter. Furthermore, the content of dry sludge
floc ranges from 60 to 90% organic matter and, 40 to 10% inorganic depending on the
composition of the wastewater (Gray 2004; Wilén et al. 2003). Sanin et al. (2006) reported that
peak growth in bacteria depends on the availability of potassium ( K + ) and magnesium ( Mg 2+ )
where, potassium ( K + ) and magnesium ( Mg 2+ ) are mainly intracellular ions and controlled
amount of extracellular ion like Ca2+ and Na + , but Conn et al. (1987); Gray (2004) supported
these findings that a small amount of these cations is necessary to facilitate the enzymatic
reaction process. However, Figure 2.20 shows a pictorial view of activated sludge flocs and their
nature.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic
version. The unabridged version of the thesis can be viewed at the Lanchester
Library, Coventry University.

Figure 2.20. Activated sludge floc and itsnature (Govoreanu et al. 2004)

Some studies have concluded that different floc formation processes occur before a steady state
between flocculation and breakage of activated sludge is assumed in a wastewater treatment
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process (Spicer et al. 1996). There are two main separate phases in a flocculation mechanism
namely suspended particle transportation and attachment (Thomas et al. 1999). The initial floc
formation process enables sludge flocs to gain the required weight to settle and this is achieved
when suspended particles interact in the presence of biopolymers. The biopolymers in activated
sludge comprise of proteins, polysaccharides, lipids, nucleic acids, biopolymers and cations.
However, excessive filamentous bacteria (filamentous bulking) has not been concluded as
always responsible for poorly activated sludge settleability and dewaterability efficiency in FSTs
(Urbain et al. 1993; Frolund et al. 1996). Activated sludge bulking will be discussed in more
detail in Section 2.1.6.2. Also, various researchers, Higgins (1995), Bruus et al. (1992), Eriksson
and Alm (1991), Morgan et al. (1990), Novak and Haugan (1979), Tezuka (1969), have
observed that variation in activated sludge floc is equally linked to the collaboration between
cations with negatively charged biopolymers in activated sludge floc. While divalent cations
were noticed to optimise activated sludge settleability and dewaterability, the monovalent
cations declined settleability and dewaterability efficiency of activated sludge (Higgins 1995).
This will be covered in detail in section 2.1.6.3.2 (Impact of cation on activated sludge floc
characteristics). Additionally, the earlier identified transport flocculation mechanism depends on
variation in the sludge and liquid velocities.

De Clercq (2003) reported three transport mechanisms (Figure 2.21) that include perikinetic
(micro-flocculation) flocculation which is a stochastic process driven by differences in
temperature and particles within this phase sense each other by random Brownian motions.
Tchobanoglous et al. (2003) further added that only very small particles with less than 1µm are
satisfactory within the micro-flocculation phase, but the differential settling flocculation
mechanism on the other hand is driven by differences in settling velocity between dissimilar
large particle sizes with particle size range of 1-2µm. Large particles which settle swiftly can
collide and integrate with small, slowly settling particles during the settling process which would
have escaped from the supernatant and settle poorly by decreasing the effluent quality
efficiency. The orthokinetic flocculation mechanism comprises of aggregation through forcing of
velocity gradients by mixing. During this process, when swift-moving particles surpass the
gentler moving particles in end-to-end regions with a lesser velocity, they may collide and form
a larger floc that settles more quickly (Tchobanoglous et al. 2003).
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Figure 2.21. Different flocculation mechanisms that induce particle collisions (Tchobanoglous
et al. 2003)

2.1.6.2 Activated sludge bulking
The concept of bulking has been used over many decades to define the problem associated
with the separation of activated sludge. However, there are still some uncertainties on how
bulking applies to an activated sludge plant, but research defines bulking as a phenomenon that
occurs in an activated sludge plant when the sludge occupies an excessive volume that does
not settle readily and in extreme cases results in effluent that contains excessive amounts of
suspended solids (Jenkins et al. 2003; Bitton 2005; Richard 1989; Tomlinson and Chambers
1979). Bulking sludge was described as the excessive growth of filamentous bacteria but the
volume fraction of filamentous bacteria that could result in bulking sludge was estimated to
range between 1-20 % (Palm et al. 1980; Kappeler and Gujer 1994). Also, the filamentous
bacteria are not just vital in the floc formation process but its filaments act as a backbone for the
floc’s development and as an attachment for the fingered zoogloeal ramigera bacterium
(Wanner 1994). This filamentous bacterium and zoogleal organism is both vital in achieving a
satisfactory sludge quality and clean water leaving the final sedimentation tank (FST) and back
to receiving waters. In addition, flocculation is vital for effective solid’s separation to take place
in a sedimentation tank. This is a phenomenon in which particles aggregate into larger particles
ranging from a diameter of 2mm, settling readily. However, when this flocculation occurs in a
biological system it is called bio-flocculation (Jeyanayagam n.d.). According to Jenkins et al.
(2003), bio-flocculation is made up of two mechanisms, the first one is a floc former producing
exocellular polymers that allows them to stick to each other to form smaller flocs which are prone
to shearing, while the other mechanism is a filamentous bacterium forming a reinforcing network
that strengthens the floc and creates room for them to grow into larger flocs. Consequently,
there are some commonly associated problems linked to the variation in the degree of
flocculation (Table 2.2) but if there be a good settleability then a balance must be reached
between the floc formers and the filamentous organism.
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Consequently, research has identified operational problems with activated sludge process
specifically with the split-up of the sludge from the treated wastewater in the FST and some of
this sludge settleability problems discussed in this research includes bulking, deflocculation, pinpoint flocs, foaming or denitrification. The bacteria, for instance, account for a particle size of
0.5 to 5 micrometre in larger activated sludge flocs in the range of > 1mm diameter but according
to Parker et al. (1971), bimodal particle distribution of flocs in activated sludge does exist and
this shows that smaller particles in form of single microorganism might have been sheared off
by larger activated sludge flocs. Parker et al. (1972) concluded that the determining factor for
variation in the size of flocs are either their cohesive strength or the effect of shearing due to the
turbulence within the aeration process. Sezgin et al. (1978, 1980) further investigated floc’s
structure and discovered that two main classes exist namely; micro-structure and macrostructure (Figure 2.22).
While, the micro-structure consists of flocs that are spherical in shape, weak, compact, smaller
below 75 micrometer in diameter and are mostly made up of floc forming bacteria formed by
bioflocculation when the smaller unit particulate combines to form larger ones (Gray 2004).
However, the issue with the smaller flocs is that, after forming larger flocs, the smaller remnant
that do not settle adds to the treatment process as they escape with the final effluent making
the effluent suspended solid (ESS) high and this causes turbidity level to increase in the treated
effluent. In contrast, macro-structure occurs when a filamentous microorganism is available in
the activated sludge flocs. These microorganisms tend to move around these filament strands
which makes them have irregularities in their shapes and creates capacity to withstand the
turbulent effect of the aeration system.
Lau et al. (1984) conducted a laboratory study on difference between a micro-structured floc
and a macro-structured floc and found that floc forming bacteria called Citromonas sp, when
grown on its own, formed a compact spherical floc which was a typical micro-structural floc, but
filamentous bacterium sphaerotilus natans when grown together in almost the same ratios with
citromonas sp, an irregular shaped floc was realised which defined a macro-structured flocs.
Table 2.2. The causes and impact of activated sludge process (ASP) separation issues
(Jenkins et al. 1984; WEF 2005; Jeyanayagam n.d.)
Nature of
Issues

Causes of Issues

Impact of Issues

Dispersed

Microorganisms do not form flocs

Turbid effluent. No zone settling of sludge

growth or

but are dispersed. Foaming only

deflocculation

small clumps
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Viscous or non-

Microorganisms are present in

Reduced settling and compaction rates,

filamentous

large amounts of exocellular slime.

virtually no solids separation in severe

bulking

In severe cases the slime imparts a

cases resulting in overflow of sludge blanket

jelly-like consistency to the

from secondary sedimentation tank. In less

activated sludge

severe cases, viscous foam is often present.

Small, compact, weak roughly

Low sludge volume index (SVI) and cloudy

spherical flocs are formed, the

and turbid effluent

Pin-Point Floc

larger of which settle rapidly.
Smaller aggregates settle slowly
Bulking

Filamentous organisms extend

High SVI- very clear supernatant. Low return

from flocs into the bulk solution and

activated sludge (RAS) and wasted

Interfere with compaction and

activated sludge (WAS) solids

settling of activated sludge

concentration. In severe cases overflow of
sludge blanket occurs. Solids handling
processes become hydraulically overloaded

Blanket Rising

Denitrification in secondary

A scum of activated sludge foam on the

or denitrification

sedimentation tank releases poorly

surface of secondary sedimentation tank

soluble N2 gas which attaches to
activated sludge flocs and floats
them to the secondary
sedimentation tank surface
Foaming or

The first cause is non-degradable

Foams float large amounts of activated

Scum

surfactants. Secondly, by the

sludge solids to surface of treatment units.

Formation

presence of Nocardia sp. And

Nocardia and Microthrix foams are

other foam associated species

persistent and difficult to break
mechanically. Foams accumulate and can
putrify. Solids can overflow into secondary
effluent or even overflow out of the tank
free-board onto walkways
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Figure 2.22. Structure of micro and macro flocs (Gray 2004)

2.1.6.2.1 Dispersed Growth (Deflocculation)
According to Gray (2004), deflocculation can be traced to the micro-structure of flocs having a
reduction in stability or breaking up due to turbulence from over-aeration within the aeration
tank. It was also linked to bacteria not aggregating into flocs. As mentioned in section 2.1.6.1,
the effluent suspended solid content will be higher and rise in turbidity level of the treated effluent
because of micro-structural problem of the flocs. If this issue persists and is not controlled, then
bulking will result in the variation of MLSS concentration in the aeration basin as most of the
microbial flocs will be lost with increased sludge loading rate (F/M ratio). Other impacts of
deflocculation include low dissolved oxygen (DO) levels, low pH and shock loads. However,
Pipes (1979), based on his investigation, proposed that > 0.4 kg/kg/d solid loadings will cause
dispersed growth. Thus, a sludge with micro-structural flocs which has a high level of SLR
(sludge loading rate) will result in bulking. Moreover, to correct this process fluctuation it is
necessary to reduce the SLR to < 0.4 kg/kg/d.

2.1.6.2.2 Pin-Point Floc
Contrary to the deflocculation problem as mentioned earlier in section 2.1.6.2.1 which was
traced to absence of filamentous microorganism in the activated sludge flocs (micro-structure
flocs) making their structure weak, small, compact and spherical in shape, caused them to easily
break up into smaller flocs in the aeration tank under a turbulent environment. This is not the
case with the pin floc issue involving high magnitudes of flocs with small particle size that takes
longer period for settleability to occur than larger flocs in deflocculation. Moreover, in the case
of deflocculation the high ESS caused advanced turbidity in the final effluent but for pin flocs
there is no high turbidity since the particles are far bigger and noticeable to the naked eye as
discrete flocs in the final effluent (Gray 2004). Consequently, Pipes (1979) identified some
process boundary to deduce a pin-point floc situation during sludge settleability. This includes
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long sludge age (SA) >5 to 6 days and low organic loadings < 0.2 kg/m³/d. Moreover, Forster
(1971), concluded that if the pin floc is justified to be associated with long SA and low organic
loading of < 5 to 6 days then the small flocs are presumably non-biodegradable portion of
aerobically broken down mixed liquor.

2.1.6.2.3 Foaming Floc
According to Gray (2004), initially, the formation of frothy foam was mainly encountered at
activated sludge plants and was linked to the now banned use of non-degradable detergents.
However, Jenkins et al. (1984) described foam as a dispersion of gas bubbles in a liquid or solid
by identifying different air-water-foam interface. Al-Diwamy and Cross (1978), Pipes (1978b)
and DhaliwaI (1979) reported activated sludge foam to be dense foam that can be likened to
the colour and texture of chocolate mousse.

This foaming was traced to a hydrophobic

filamentous microorganism called Nocardia. Chun et al. (1996) and Stratton et al. (1998), added
that Norcardia was a potential hydrophobic filamentous microorganism causing activated sludge
foaming because of the available long chain mycolic acid on the Norcadia cell wall. This nature
makes flocs adhere to bubbles in the aeration tank which are transferred to the FST and
afterwards escape with the final effluent adding to the effluent suspended solid level (ESS).
Additionally, it was stated that if aeration takes place in a closed tank then foaming will reduce
the hydraulic head for gravity flow to happen via the aeration tank. Lechevalier (1975) estimated
the bulk density of foam to be 0.7g/ml. Vega-Rodriquez (1983) used a laboratory scale plant
and estimated that 90% of Norcadia filaments are released from the mixed liquor into the foam.
This is an indication that the mixed liquor suspended solids (MLSS) becomes stuck in the foam
with a resulting dark brown colour which makes 30 to 50 % of the activated sludge content to
be entrained in the foam.

2.1.6.2.4 Filamentous Bulking
In research studies conducted by Pipes (1967) and Anon (1979), bulking has been described
to occur where filamentous organisms impede the settleability of an activated sludge by
spreading from the flocs into the bulk solution. Consequently, it was identified as the compaction
of activated sludge with a SVI > 150ml/g. When bulking becomes more pronounced, an
indication of clear supernatant is noticed due to the abundant extended filaments filtering out
the small particle which can potentially cause turbidity. However, poor sludge settleability will
extend the sludge blanket and the bigger flocs will be discharged from the FST with an increased
SS and BOD of the final effluent. Thus, bulking is an indication of poor compaction of the
activated sludge (Metcalf and Eddy 2004; Gray 2004). Importantly, bulking has been
investigated from its structural perspective (Gray 2004). Bulking was also attributed to strong
macro-structural flocs which possess higher numbers of filamentous organisms. It was
emphasized that when the SVI lies between 80 to 120ml/g and final effluent is void of SS and
turbidity then the filamentous microorganism and floc-forming bacteria are in good ratio within
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the unit operation. Although, the filamentous organism, as earlier mentioned, provides strength
against the effect of turbulence during the aeration period, but there are still some filamentous
organisms that have their filaments extending out from the flocs. When this situation persists
with more of filaments extending from the flocs then sludge bulking occurs. Still, long filaments
extending out of the floc and joining together separate flocs resulting in a network of filaments
have been identified as bridging flocs (Figure 2.23) while when the flocs are formed along the
length of the filaments are called spindly flocs (Figure 2.24). According to Anon (1979), the type
of compaction and settleability problems and type of flocs in activated sludge depends on the
type of filamentous organism available in the sludge. Literature has identified bacterial species
causing bridging bulking to include; type 021N, Sphaerotilus natans, type 0961, type 0803,
Thiothrix sp., type 0041 and Haliscomenobacter hydrosis, while those causing spindly bulking
was type 1701, type 0041, type 0675, Nostocoida limicola, and Microthrix parvicella (Farquhar
and Boyle 1971a; Eikelboom and Van Buijsen 1981; Jenkins et al. 1984).
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic version.
The unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
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Figure 2.23. Bridging bulking in activated sludge (Gray 2004)
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Figure 2.24. Spindly bulking in activated sludge (Gray 2004)

52 | P a g e

2.1.6.2.5 Non-filamentous Bulking
Although bulking rarely occurs without filaments, it has been traced to deflocculation which
resulted in a dispersed bacterium producing a viscous bulking. Still, it is linked to the alteration
in the micro-structure of flocs which causes excess extra-cellular polymer (ECP) to generate
with a jelly-like consistency noticed in the mixed liquor (Gray 2004).

2.1.6.2.6 Denitrification
Haandel and Lubbe (2012) and Gray (2004) identified that dissolved oxygen is usually used up
faster than expected by activated sludge flocs during separation from the treated effluent and
as such an anoxic environment should be maintained. On the contrary, when the sludge
residence time (SRT) becomes lengthier and the treated effluent becomes fully nitrified within
the aeration basin for the denitrifying bacteria to reduce the nitrate to nitrogen gas, it was
observed that the nitrogen gas released in the process was entrained in the flocs causing them
to float to the surface of the tank and escape with the final effluent. This process was termed
rising sludge and it is paramount in final sedimentation tanks (FST) (Metcalf and Eddy 2004).
However, control for rising sludge issues was investigated by Chambers and Tomlinson (1981)
and suggestions were made that the sludge recycle rate from the FST should be increased. In
addition, the mixed liquor should be well aerated before entering the FST.

2.1.6.3 Factors Impacting Activated Sludge Floc Characteristics
The biopolymers in activated sludge flocs (proteins, polysaccharides, humic acid and lipids)
tend to impact both the physical and chemical characteristics related to activated sludge flocs
namely; bound water, hydrophobicity, microorganisms, extracellular polymeric substances
(EPS), floc particle size, and floc density, surface charge density, and surface area that explains
activated sludge settling and dewaterability (Jeyanayagam 2005). Moreover, for gravity
sedimentation process to be effective, bioflocculation must take place in the FSTs. This is a
biological phenomenon in which particles agglomerate into larger particles ranging from
diameter of 2mm and settle readily within the tank (Jeyanayagam 2006). Bioflocculation is made
up of two mechanisms (Figure 2.25), floc formers producing exocellular polymers that allows
them to stick to each other to form smaller flocs which are prone to shearing, while the other
mechanism is a filamentous bacterium forming a reinforcing network that strengthens the floc
and makes room for them to grow into larger flocs (Jenkins et al. 2003).
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Figure 2.25. Bio-flocculation mechanism (Jeyanayagam 2006)

Increased specific surface area of sludge flocs can cause a decline in the settleability and
dewaterability characteristics (Sorensen and Wakeman 1996; Andreadakis 1993). Kolda (1995)
has added that an increase in activated sludge floc density will enhance dewatering
characteristics through a decrease in bound water content of the sludge flocs and Forster (1983)
has further added that the impact of calcium (Ca) on sludge floc may result in a denser sludge
floc because of a drop in the bound water content of activated sludge floc. Jorand et al. (1995)
contributed that improvement in bioflocculation and activated sludge settleability was observed,
as activated sludge floc hydrophobicity increased.

2.1.6.3.1 Extracellular polymeric substances (EPS)
Although extracellular proteins in activated sludge flocs can occur in the exterior of the cells and
classed as bound proteins, some exist as unbound proteins since they are free in the liquid.
While the former is responsible for enhancing both activated sludge settleability and
dewaterability efficiency, the latter accounts for poor effluent quality (activated sludge
settleability) and poor dewaterability efficiency (Wilén et al. 2003). The latter settleability and
dewaterability problems has been linked to shearing action within the aeration tank due to mixing
regimes that causes the sheared activate sludge flocs (Gerardi 2002) to release metabolic
products such as proteins and polysaccharides into the free liquid (Figure 2.26).
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Figure 2.26. Shearing action within the aeration tank of an activated sludge process (Gerardi
2002)
The floc-forming bacteria converts organic materials into extracellular substances (EPS) and
these EPS materials form an EPS environment for encapsulating bacteria and microorganisms
(Raszka et al. 2006). EPS are negatively charged polymers that interact with water molecules
as a gel (Figure 2.27) which has capacity to absorb large quantities of water and swell but not
dissolve in water (bound EPS) (Keiding et al. 2001), but the EPS bound to cells and are soluble
in water are called soluble EPS (Laspidou and Rittmann 2002). Nielson and Jahn (1999),
classed EPS as tightly bound (TB) EPS and loosely bound (LB) EPS (Figure 2.28). Therefore,
EPS in activated sludge floc can cause dewatering problems (Nelson et al. 1998). Higgins and
Novak (1997a) added that some proteins that constitute activated sludge components exhibit
lectin-like action which enables extracellular proteins attachment to polysaccharides to facilitate
bioflocculation process. Wahlberg (1992) further contributed on the impact of extracellular
polysaccharides on activated sludge settleability and dewaterability efficiency and reported
sludge flocs that agglutinated and broke up with time and that the rate of sludge floc break up
increased with increasing polysaccharides but a decrease in supernatant turbidity was observed
with increasing polysaccharides. Other research contributions included sugar acids (Uronic
acids) in polysaccharides impacting agglutination positively in activated sludge flocs, and the
negatively charged uronic acids collaborate via charge bridging process with divalent cations to
enhance bioflocculation in activated sludge flocs (Takeda et al. 1994; Bender et al. 1994; Steiner
et al.1976; Frolund et al. 1996; Higgins and Novak, 1997b; Jin et al. 2003; Jin et al. 2004; Sanin
et al. 2006).
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Figure 2.27. Gel-like activated sludge floc structure (Keiding et al. 2001)
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Figure 2.28. Two-layer model for EPS (TB and LB EPS) (Nielson and Jahn 1999)
Sanin et al. (2011) observed that extracellular polymeric substances (EPS) originated from
biological synthesis, metabolic excretion, disintegration of cell wall or cell membrane of
microbes and shedding of cell surface components and consist of biopolymers present in
activated sludge such as carbohydrates (polysaccharides), proteins, nucleic acids, and lipids.
Sanin et al. (2011) further added that the percentage availability of the EPS components ranged
from 40-95% polysaccharides, 1-60% proteins, 1-10% nucleic acids and 1-40% lipids based on
the microbial system and wastewater treatment operational factors (for example the protein-tocarbohydrate ratio in the EPS increased with sludge retention time (SRT) and decreased with
carbon-to-nitrogen ratio in the influent wastewater). Wilén et al. 2003 stated that about 50-60 %
of the activated sludge floc organic constituent accounts for the total mass of EPS in an activated
sludge floc. Moreover, Li and Yang (2007); Sanin et al. (2011) stated that biopolymers have the
capacity to tightly bound to the cell wall and can exist as a slimy, gelatinous material that can
be loosely stick to the cell surface resulting in a 3-D gel-like and highly hydrated environment
outside the cell surfaces which encloses the microorganism and supports agglutination to form
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sludge flocs, but Le-Clech et al. (2006) defined EPS as glue or cement to hold together microbial
aggregates in biofilms and activated sludge flocs. Mikkelsen et al. (2002) further explained EPS
as a tangled linkage of cross-related extracellular polymers that can stick together individual
microorganisms in a certain shape and size and Sanin and Vesilind (2000) reported a floc model
(Figure 2.29) that explains the bio-flocculation mechanism.
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Figure 2.29. Proposed activated sludge floc model (Sanin and Vesilind 2000)
Sobeck and Higgins (2002) and Wilén et al. (2003) explained that ionisation of the functional
group such as the carboxyl, sulphate and phosphate present in the EPS contributes to the
negative charge in activated sludge flocs at an ideal wastewater pH of 6.5-8.5. Also, extracellular
proteins may have both a positive and negative charge, because of ionized amino functional
group (NH3 +) and ionized carboxyl groups (COO− ), but at neutral pH, most extracellular proteins
are overall negatively charged which validates the negative charge of activated sludge flocs
(Conn et al. 1987). The total negative surface charge (SC) of flocs ranges from -0.1 to -0.7 milliequivalent (meq)/ g volatile suspended solids (VSS) depending on the composition of the EPS
present (Shin et al. 2000; Liao et al. 2001; Sponza 2002, 2003; Jin et al. 2003; Mikkelsen 2003).
Wilén et al. (2003), further added that proteins have the largest influence on the surface
properties and the isoelectric point (IEP) of most bacteria ranges from pH 2 to 3 (VanLoon and
Duffy 2011).

Though, Vesilind and Martel (1990) and Colin and Gazbar (1995) has reported different forms
of water available in activated sludge structure namely; free water (water not attached to solid
particle), vicinal water (water physically bound to solid particles but cannot be separated
mechanically), interstitial water (water trapped within the floc and can be released by breaking
up the floc) and hydration water (water which are chemically bound to solid particles but can be
released only at temperatures > 105℃). However, the water in the activated sludge floc is
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classed as bound water and free water (Mowla et al. 2013), where, the foremost is physically
and chemically held to the floc while the latter is easily separated. In addition, the sum of
interstitial, vicinal and hydration water (Bound water) has been reported as the key limiting issue
in optimising the efficiency of activated sludge dewaterability process due to the excessive
energy requirement in cell disruption. However, Wingender et al. (1999) stated that EPS
whether in the exterior neither of the cell nor inside the microbial aggregates has capacity to
bind with cells to form vast net-like structure with plenty of water locked up against dewatering.
The author further stated that activated sludge faces challenges in dewatering processes and
this has been linked to not just the presence of colloidal particulates but EPS within them. It is
vital to mention that many functional groups in EPS mentioned earlier (carboxyl, sulphate,
phosphate group) impacts surface charge (SC) of activated sludge flocs (Wilén et al. 2003;
Wang et al. 2005a). Also, total EPS content has a negative impact on flocculation (Morgan et
al. 1990; Liu et al. 2007; Liu et al. 2010). As mentioned earlier EPS are negatively charged and
this leads to an increase in the surface charge of microbial aggregates causing an increase in
the repulsive forces between the microbial cells. Liao et al. (2002); Jin et al. (2003); Yang and
Li (2009) identified that these repulsive forces will constitute a decrease in both flocculability
and settleability of microbial clusters and an increased EPS content causes activated sludge
dewaterability problems because repulsive forces between cells which diminish capacity of
flocculation and settleability of microbial clusters, increase much water retention ability causing
an increase in the quantity of interstitial water in activated sludge flocs, creation of a stable gellike material which prevents water seepage from the pores of flocs and increased sludge
viscosity. Therefore, EPS removal from activated sludge floc will enhance dewatering
characteristics (Houghton et al. 2001). The EPS is responsible for binding the water molecules
to the surface and locking them up inside the sludge floc which makes high water content a
major limiting factor when considering dewaterability of activated sludge. (This is explained in
detail in section 2.3).

2.1.6.3.2 Cations
Cations play a vital role in optimisation of activated sludge settleability and dewaterability
efficiency in activated sludge plants (ASP). Smith and Carliell-Marquet (2008) stated that
UWWTD has proposed reduction of 80% phosphorus concentrations in eutrophic sensitive
areas. Moreover, two methods of P-removal from wastewater are biological P-removal (BPR)
and Chemical P-removal (CPR). The CPR process comprise of the addition of either aluminium
(Al), Iron (Fe) or Lime (Ca) respectively (Ofverstrom et al. 2011a). The investigation of impact
of chemical dosing ranging from monovalent, divalent and multivalent coagulants is vital in this
current studies because most wastewater treatment plants (WWTP) struggles to meet the
conventional biological phosphorus removal (BPR) approach because of most wastewater
company struggles to meet the requirement of a strong sewage of which are, BOD: P 20mg/L,
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COD: P 50mg/L and adequate readily biodegradable material (rb) COD: P 25mg/L for a
biological P- removal (BPR) process (Siebritz et al. 1982). Consequently, most P-removal are
conducted using chemical phosphorus removal (CPR) in most wastewater treatment plants
(WWTP) in the UK. The use of ferric chloride, aluminium sulphate and lime as a CPR approach
to precipitate complex metal phosphorus like ferric phosphate, calcium sulphate amongst
others from wastewater has been reported (Haandel and Lubbe 2012). The CPR and BPR are
covered in more detail in Section 2.1.7.2 and 2.1.7.3
It has been stated in section 2.1.6.3.1 that EPS are composed of negatively charged
biopolymers and numerous research studies show that cations interaction with negatively
charged biopolymers causes a variation in the structural component of activated sludge floc
(Higgins and Novak 1997b). In actualising bio-flocculation mechanism in activated sludge flocs,
cations have been reported to play the role of binding between negatively charged biopolymers
where microbial aggregates are entangled (Bruus et al. 1992; Urbain et al. 1993; Higgins and
Novak 1997a). Higgins and Novak (1997b) and Higgins (1995) further added that monovalent
cations have the propensity to decline the activated sludge settleability and dewaterability
efficiency, but divalent cations have the capacity to enhance activated sludge settleability and
dewaterability efficiency. This charge bridging between the biopolymers and divalent cations
impacts the sludge floc positively by increasing the size of the sludge floc and the density, which
results in an increased sludge floc resistance against shearing forces within the turbulence
matrix in the aeration zone during mixing (Higgins and Novak 1997b). On the other hand,
charge bridging between monovalent cations and the biopolymers impacts the sludge floc
negatively by reducing the strength of the bond between them causing a loosed activated
sludge floc structure which results in an overall reduction in the sludge floc size, density and
resistance to shear forces within the aeration zone (Higgins and Novak 1997b; Higgins 1995).
In exploring the relevance of cations in activated sludge floc structure, the study of models that
describes activated sludge flocculation (bio-flocculation mechanism) becomes vital. As earlier
stated section 2.1.6.3.1, proteins and polysaccharides are major constituents of EPS and their
interactions with divalent cations (calcium and magnesium) will give a better insight into the
comprehension of bio-flocculation mechanism. These models include; alginate model, divalent
cation bridging (DCB) model, Derjaguin, Landau, Verwey, Overbeek (DVLO) model and
hydrophobic interactions model. The alginate model (egg-box model) for investigating the
responsibility of cations in bio-flocculation of activated sludge flocs was postulated by Bruus et
al. (1992) and explained that polysaccharide in biopolymers produced by bacteria are alginates
and these biopolymers consist of repeating mannuronic and glucuronic acids which have
capacity to adsorb to divalent cations to form alginate sludge floc structure. However, a further
claim was made that these biopolymers also bind to magnesium because enhanced bioflocculation was also noticed when magnesium ions were included (Sobeck and Higgins 2002).
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Although this claim was proposed, the alginate model does not agree since the affinity of the
alginate towards magnesium ions was lower compared with the calcium ions. Urbain et al.
(1993) and Dignac et al. (1998), on the contrary, further commented that protein has higher
affinity for calcium while deoxyribonucleic acid (DNA) has higher affinity for magnesium.
Another floc model where proteins with lectin activity (extracellular proteins) are crossinterrelated with polysaccharides and both magnesium and calcium ion provided bridging to
this biopolymer was reported and the conclusion was that polysaccharide was released when
pronase (isolated protease from extracellular fluid) was added to sludge and the bound protein
increased when sludge was fed with magnesium and calcium (Higgins and Novak 1997a). The
divalent cation bridging (DCB) model (Figure 2.30) also reinforces the role of divalent cations
in bioflocculation and this model proposes that divalent cations have the capacity to bridge
negatively charged functional groups present in the EPS environment. The aggregation
mechanism and stability of the matrix of the biopolymer and individual microbes are sustained
to optimise activated sludge settleability and dewaterability (Busch and Stumm 1968; Sobeck
and Higgins 2002). Additionally, calcium ion bridging, negatively charged functional group
present in EPS is also reported in literature as EPS-Ca2+-EPS cross-association (Liu and Sun
2011). Conversely, Higgins and Novak 1997b; Higgins et al. 2004a, 2004b, identified the
fragmentation of sludge floc matrix and linked this to dislocation of the divalent cation from the
sludge flocs during the ion exchange process. This led to a loss of both the divalent cations
and bridging functional groups, because of increased concentration of monovalent cations such
as potassium and sodium in the sludge flocs.
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Figure 2.30. Divalent cation bridging within floc matrix (Sobeck and Higgins 2002)

As stated in section 2.1.6.3.1 in the review by Sobeck and Higgins (2002); Wilén et al. (2003)
that ionisation of the functional group like such as the carboxyl, sulphate and phosphate present
in the EPS contributes to the net negative charge in activated sludge flocs at an ideal wastewater
pH of 6.5-8.5, makes activated sludge floc possess a high adsorption power for cations and
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forms a good medium for cationic ion exchange polymer. However, several studies have been
conducted to explain the positive impact of divalent cations in bio-flocculation mechanism which
includes; calcium and magnesium divalent cations contributed to good flocculent growth in
activated sludge, Flavobacterium (Tezuka 1969), calcium ion was responsible for the structural
integrity of biofilm (Turakhia et al. 1983), experimental studies involving removal of calcium ion
from activated sludge flocs on lab-scale, pilot-scale and full-scale industrial basis, through ion
exchange process showed a weakened activated sludge floc structure causing decrease in the
activated sludge settleability and dewaterability efficiency ( Bruus et al. 1992; Chang et al. 1997;
Higgins and Novak 1997b, 1997c; Keiding and Nielsen 1997; Murthy et al. 1998; Novak et al.
1998; Sobeck and Higgins 2002; Higgins et al. 2004a, 2004b; Peeters and Herman 2007; Kara
et al. 2008; Nguyen et al. 2008a,b; Peeters et al. 2011). A surplus of monovalent cations like
Na+ and K+ in the wastewater revealed deteriorated sludge floc structures which impacts the
bioflocculation process negatively (Nguyen et al. 2008a,b; Peeters et al. 2011). Polymer
bridging model can be estimated as monovalent cations (M + ) divided by the sum of divalent
cations (D2+ ) present in the wastewater. The (M + /D2+) (meq/L) as an activated settleability
indicator can either enhance or lead to a deteriorated biofloculation. It was found that M + /D2+
value of greater than two shows poor activated sludge settleability and dewaterability
characteristics and hence, to avoid sludge floc characteristic deterioration, a value less than two
was proposed (Higgins and Novak 1997b).

Sanin et al. (2006) reported that among the various physical properties of activated sludge that
adversely impacts bio-flocculation, dewaterability is the most pronounced due to its link to
sludge floc-forming capability. Murthy et al. 1998; Sobeck and Higgins 2002; Higgins et al.
2004a; Peeters and Herman 2007; Sanin et al. 2011) commented that creation of stronger
sludge flocs with more shear resistance by means of calcium polymer bridging can optimise
activated sludge dewaterability efficiency. Liu and Sun 2011 observed yet another impact of
calcium on the optimisation of activated sludge dewaterability is linked to its charge neutralising
impact on sludge surface charge by decreasing the repulsive forces of the sludge flocs and
Higgins and Novak (1997b) and Jin et al. (2004) stated that impact of calcium dosing on
enhanced dewaterability depends on the lower quantity of the bound water content in the
activated sludge. This polymer bridging model in comparison with the alginate model has been
reported to propose a non-specific binding of divalent cations rather than specific divalent cation
as in the case of alginate model and equally agree with the assertion of deflocculation from
introducing monovalent cation (sodium ion) (Sobeck and Higgins 2002).
The double layer model (Derjaguin, Landau, Verwey, Overbeek or DLVO model) also known
as the colloidal interaction model (Zita and Hermansson 1994) has been proposed to explain
interactions between colloidal particles (Hiemenz and Rajagopalan 1997; Verwey and
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Overbeek 1948). Colloids are impacted by Brownian movement because the colloidal particles
are non-settleable and have size range of between 1nm to 1μm. Sobeck and Higgins (2002);
Higgins et al. (2004b) define charged particles as having a double layer of counter ions
surrounding the particle. The observed association between the particles depends on their
surface potentials and thickness of the electrical double layer with negative charged ions
surrounded by oppositely charged ions. Some charges accumulate on the stern surface layer
while majority are found on the diffused layer (Figure 2.31).
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Figure 2.31. Formation of an electrical double layer (Sobeck and Higgins 2002)
If two equally charged particles approach one another, they experience repulsive electrostatic
forces. The electrostatic repulsion depends on the thickness of the double layer, which varies
in reverse to the ionic strength. Thus, the electrostatic repulsion declines if the electrolyte
concentration is high. Large amounts of divalent and trivalent ions also lead to an increase of
the ion strength and a reduction of the particles surface potential. The addition of cations
compresses the double layer near the negatively charged sludge flocs which causes the
repulsive forces between the sludge floc to decrease and facilitate aggregation (Zita and
Hermansson 1994).The Van der Waals force is a function of the separation distance, the
geometry of the system and the Hamaker constant, which depends on the hydrophobicity of
the concerned particles. The DLVO model further describes Gibbs interaction energy, summing
the Van der Waals attraction and electrostatic repulsion forces (Higgins et al. 2004b). This total
interaction energy is a function of the separation distance of two particles (Figure 2.32). When
repulsion surpasses attraction, there is a potential energy barrier, which obstructs interaction
between particles. For two particles to aggregate, this energy barrier must be overcome via
kinetic energy exhibited by the discharge or otherwise decreased by the addition of coagulant.
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Figure 2.32. Interaction energy between two particles as a function of separation distance
according to the DLVO theory (Sobeck and Higgins 2002)

Once the barrier has been overcome, the particles are strongly held in the deep primary
minimum. It is assumed that flocculation of activated sludge is due to attraction forces of the
secondary minimum, since sludge aggregates tend to deflocculate under turbulent conditions
and at relatively low shear rates. Sobeck and Higgins (2002) debate the rationality of this theory
due to an enhancement of bioflocculation by addition of monovalent cations. This causes a rise
in the ionic strength but decrease in the thickness of the double layer which might not be
applicable in practice. A further comparison was made by Sobeck and Higgins (2002) between
the alginate theory, DLVO theory and DCBT, which concluded that the DCB model best
explains bio-flocculation with cations playing an imperative part.
The last model investigated is called the hydrophobic interaction model which is based on
hydrophobic molecules which are non-polar or non-charged molecules. Meanwhile, these
hydrophobic molecules lack the electrostatic interactive capability and does not form hydrogen
bonds with water which limits its ability to mix with water and hence plays a major role in binding
together of the activated sludge flocs (Liao et al. 2001; Jin et al. 2003). Nevertheless, internal
hydrophobic interactions of sludge particles especially with lipids have been reported to be vital
in the bio-flocculation at a cell surface level (Wilén et al. 2003).
Moreover, in explaining the role of cation influencing the activated sludge floc properties, there
have been arguments that multivalent (divalent and trivalent) cations offer better flocculating
tendencies than monovalent cation. Murthy et al. (1998) also added that WWTPs using sodium
hydroxide for pH control generates sludge with poor settling and dewatering efficiency. Novak
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et al. (2001) further commented on another monovalent cation, ammonium ion that deteriorating
sludge floc characteristics in the same capacity as sodium monovalent cation. Higgins and
Novak (1997b) recommended that the ratio of monovalent to divalent cations is an indicator of
activated sludge floc characteristics and ratio beyond two caused a huge reduction in the sludge
filtering rate and hence it is used as an optimal ratio of M/D, where M is monovalent, and D is
divalent. Murthy (1998) supported this assertion and added that the M/D ratio was equally
effective for explaining the activated sludge effluent quality. On the other hand, trivalent cations’
(iron and aluminium) role in affecting activated sludge floc characteristics has not been
extensively researched compared with numerous research contributions on the monovalent and
divalent cations. Kakii et al. (1985) reported their availability at high concentrations in activated
sludge because of greater charge valence and lower solubility than divalent cations and
monovalent cations, makes studying their impact on activated sludge floc stability vital in this
current research. Experimental results based on Kakii et al. (1985) findings showed that iron
and aluminium were not affected by the acid treatment of activated sludge at pH3 whilst most
of the calcium and magnesium were extracted, demonstrating that iron and aluminium are more
strongly connected with activated sludge floc matrix than divalent cations. Other studies that
explain the role of trivalent cation include Caccavo et al. (1996) and Nielsen and Keiding (1998)
investigating the role of iron in activated sludge, iron (III) reduction to iron (II) by iron reducing
bacteria and sulphate reduction to sulphide showed that turbidity increases in bulk water of
sludge, which suggested that oxidized iron plays a vital role in floc stabilization. Rasmussen
and Nielsen (1996) reported that about 70 to 90% of iron was present as ferric iron in the fresh
activated sludges they investigated. However, they also admitted difficulties in identifying the
species or chemical forms of iron; whether they are present in floc as crystalline, amorphous or
organically bound iron. Nielsen and Keiding (1998) equally proposed that either the reaction of
ferric ion with EPS or the precipitation as ferric hydroxides or both are involved in flocculation
but both species were demonstrated as stronger flocculants than calcium ion.

2.1.6.3.3 Bound water
The key limiting rate factor that impact activated sludge dewaterability and settleability
performance is the bound water as stated in section 2.1.6.3.1 (Vesilind and Martel 1990; Colin
and Gazbar 1995; Liao et al. 2000). The sum of interstitial, vicinal and hydration water was
termed as bound water (Mowla et al. 2013). The bound water was also reported to correlate
with the EPS but no relationship between bound water and sludge residence time and surface
charge of sludge floc (Liss et al. 1996). Bound water and EPS is further discussed in section
2.3.1.3 and 2.3.1.4 on dewatering of activated sludge.
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2.1.6.3.4 Floc size and strength
Researchers commented on bimodal size distribution with floc size range of 25μm – 300μm,
showing that smaller flocs in form of single microorganism might have been sheared off by larger
activated sludge flocs (Parker et al. 1970; Li and Ganczarczyk 1991). However, Parker et al.
(1971) attributed the determining factor for variation in the size of flocs to include either their
cohesive strength or effect of shearing due to the turbulence within the aeration process. Li and
Ganczarczyk 1991 added that bacteria for instance accounted for a particle size of 0.5 to 5
micrometre in larger activated sludge flocs in the range of > 1mm diameter. Mikkelsen (2001)
further added that the upper margin for flocs to be around 1000μm. Other studies observed
higher floc strength particularly with activated sludge having a low EPS content (Wilén et al.
2003). Section 2.1.6.2 (activated sludge bulking) explored some more details on floc sizes and
strength.

2.6.3.5 Floc structure and density
Researchers have reported that activated sludge flocs microphotographs revealed that
microbes, water and EPS in the activated sludge matrix are haphazardly distributed within the
floc (Li and Ganczarczyk 1990; Jorand et al. 1995; Liss et al. 1996). Li and Ganczarczyk (1990)
and Gregory (1997) experimented on activated sludge flocs and the investigation by Gregory
(1997) showed on one hand that the effective density of sludge particles reduced as the sizes
increased while on the contrary, large and low-density sludge particles settle with lower velocity
than compact dense particles due to the lower density of sludge particulate and experience
more floc breakage. However, it was added that if the sludge floc was permeable, the settling
velocity will rise because of the lower drag force compared to an impermeable activated sludge
floc. This shows that floc size and density determine the efficiency of FST.

2.1.7 Phosphorus and Nitrogen removal
2.1.7.1 Nitrogen removal
Amongst the most vital components considered in the activated sludge plant is nutrient removal.
Over the years nutrient removal has drawn so much attention in activated sludge processes
because of its contribution to eutrophication in the water bodies receiving untreated wastewater
and effluent from diverse wastewater treatment works (Hammer 2008 and Tebbutt 1998). The
challenge of optimum nutrient removal has made tertiary treatment an important polishing stage
in the wastewater clarification process. Yet another challenge in ASPs is the floating sludge due
to denitrification taking place within the anoxic zone of the tank with presence of nitrate and
absence of dissolved oxygen as key indicators of anoxic processes (Kim et al. 2008; Knowles
1982). This issues was averted through occurrence of nitrification and denitrification under a
controlled condition before the mixed liquor enters the final sedimentation tank (FST) (Kelley
and He 2014).
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2.1.7.1.1 The Impact of Nitrogen removal
Nitrogenous organic matters like protein are essential for living organisms and waste from
industrial processes are usually tested for nitrogen and phosphorus content to predict the right
quantity required for biological treatment. The identified form of nitrogen includes organic,
ammonia, nitrite, nitrate and gaseous nitrogen (Hammer 2008). Organic nitrogen has been
reported as domestic waste, animal slurry from farm lands and high protein waste from
industries like meat industry (Gray 2004). Urea is another important source of nitrogen in
wastewater which can be converted to peptides and amino acid by extracellular proteolytic
enzymes. The resulting amino acid is further reduced or oxidised to produce ammonia but it
was noted by Culp et al. (1978) that once the raw wastewater enters the treatment works, 90 %
of the nitrogen will either be present as ammonia or unstable organic compounds which over
time are converted into ammonia. Inorganic nitrogen in the form of ammonia (NH3 ) and nitrate
(NO3 ) are useful for green plants during photosynthesis. Although, natural waters are limited in
nitrogen, but nitrogen has an impact of water pollution since nitrogen wastes can support the
growth of algae causing a green colouration in water (Eutrophication) and the inorganic nitrogen
like ammonia poses a threat on fish because of its toxic effect (Tebbutt 1998).
Although the test for ammonia nitrogen (NH4 + ) involves a distillation process with a chemical
equation in Equation 2.46 while organic nitrogen in wastewater can be obtained by digestion of
organic matter with ammonia (Equation 2.47) but if both ammonia and organic nitrogen is
required then the sample can be tested first for ammonia and afterwards digested and tested
for organic nitrogen. The outcome is the sum of Equations 2.46 and 2.47 called total kjeldahl
nitrogen (TKN).
NH4 + ↔ NH3 + H +

(2.46)

Organic nitrogen → NH4 +

(2.47)

Though, the main organisms relevant in wastewater treatment includes bacteria, virus, algae,
protozoa and crustacean, the identified major group of microorganisms relevant to the
secondary treatment processes are bacteria and protozoan. Bacteria are colourless and single
cell plants that use soluble food and are capable of self-reproduction without sunlight effect, but
protozoa are single celled animals that multiplies by binary fission. Furthermore, protozoa unlike
bacteria have complex digestive systems and thus make use of mainly bacteria as food.
Bacteria has been known to constitute settleability issues due to filamentous growth that
produces more buoyant activated sludge flocs. This bacterium has been classified based on
their source of nutrient as heterotrophic and autotrophic. The heterotrophs have been identified
to use organic matter as an energy for respiration, motility and carbon source for synthesis
(Equation 2.48) but classification includes aerobes (Equation 2.49) which use available oxygen
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(O2) to breakdown organics and the anaerobes (Equation 2.50-2.53) which metabolise organic
matter in the absence of available oxygen by utilising oxygen bound in either nitrate (NO 3) or
sulphate (SO4 )compounds. The last classification is called facultative bacteria which has both
attributes of aerobes and anaerobes in place.
Microbial Synthesis (Anabolism)
Energy + Organics → New Cell Growth

(2.48)

Aerobic Reaction (Catabolism)
Organics + O2 → CO2 + H2 O + Energy

(2.49)

Anaerobic Reaction
Organics + NO3 → CO2 + N2 + Energy

(2.50)

Organics + SO4 → CO2 + H2 S + Energy

(2.51)

Organics → Organic acids + CO2 + H2 O + Energy

(2.52)

Organics → CH4 + CO2 + H2 O + Energy

(2.53)

The main aim of heterotrophic bacteria metabolising organics includes ability to gain energy for
synthesis of new cells by binary fission, respiration and motility. Although, a small percentage
of the used energy is lost as heat, but the amount of energy is a function of the available oxygen
for metabolism. The aerobic digestion process will offer the largest energy yield because of the
available dissolved oxygen level compared to the anaerobic processes. In Equations 2.50 and
2.51 it was noticed that anaerobically operating organisms within the biological system could
obtain oxygen from a nitrate and sulphate compound to release nitrogen and hydrogen sulphide
which has a rotten egg smell.
Crown Corrosion in sewers
H2 S + O2 → H2 SO4 + Energy

(2.54)

It is vital to mention that when wastewater flowing through a sewer becomes septic over time, it
is known to release H2 S gas and if allowed to stay around the crown of the pipe which contains
some condensate of water, the sulphur bacteria which feeds on wastewater and tolerates a pH
of 1.0 will oxidize this weak acid (H2 S) and produce sulphuric acid (H2 SO4 ) (Equation 2.54). The
impact of sulphuric acid on the concrete will reduce its structural strength and places the pipe
under corrosion. This process has been termed crown corrosion in sewers. Thus, most material
make up of sewers are recommended to be polyvinyl chloride (PVC) plastics. Consequently, if
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methane forming bacteria are used in metabolism, then Equation 2.52 holds, and hence organic
acids will be converted to methane (CH4 ) and carbondioxide (CO2 ).
Conversely, the autotrophic bacteria oxidise inorganic compounds for energy and use
carbondioxide as a source of carbon. The examples of these bacteria are nitrifying, sulphur and
iron bacteria. On the other hand, researchers have reported that the conventional nitrogen
removal process can efficiently remove reactive nitrogen from wastewater as reflective in the
two-stage equation of nitrification in Equation 2.56 to 2.58 (Nancharaiah et al. 2016). In Equation
2.55, Nitrosamines converts ammonium nitrogen (NH3 ) to nitrite (NO2 )and Equation 2.56,
Nitrobacter autotrophic bacteria convert nitrite (NO2 ) to nitrate (NO3 ). Although, nitrification is
unavoidable in biological treatment processes in tropical regions once it reaches a temperature
of 22 to 24 degree Celsius under a low organic loading (Haandel et al. 2012) but to achieve a
more stable effluent, nitrification is avoided to decrease the consumption rate of oxygen in the
metabolism of organics in wastewater treatment units. Nevertheless, nitrification is avoided in
final sedimentation tanks (FST) to prevent floating sludge on the FST. This floating sludge is
formed on the liquid surface of the FST due to microscopic nitrogen gas bubbles developed
inside the sludge flocs because of denitrifying bacteria in an anoxic environment, causing a
reduction in the nitrate level and converting the nitrate to nitrogen gas (Equation 2.57). The
nitrification of wastewater has the potential to destroy alkalinity which results in a low pH when
treating wastewater with a fair hardness or better still alum destroying alkalinity which causes
wastewater to behave absurdly. This further impacts results in the cement on concrete surface
and FST metallic mechanisms to corrode, but this was being dealt with using lime or soda ash
additions (Hammer 2008). Nonetheless, it was reported that the pH in activated sludge
processes was set based on carbonic system (Equation 2.58) and since the organics present
in the wastewater was at higher concentration than the acid-base systems. In addition, the
equilibrium of the weak acid and base like ammonium nitrogen was not considered when the
pH was 7.0 as in the case of the mixed liquor since they are in ionic form (Haandel and Lubbe
2012). The nitrogen removal through nitrification and denitrification process is an energy
demanding process as literature has identified it as a major cost factor in wastewater treatment
as the oxygen requirement for nitrification equates 60% of the operation cost of treating
wastewater (Ledezma et al. 2015).
Impact of Nitrosomonas
NH3 + O2 → NO2 + Energy

(2.55)

Impact of Nitrobacter
NO2 + O2 → NO3 + Energy

(2.56)

Impact of Denitrifying Bacteria (Anoxic Reaction)
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NO3 → N2 + O2

(2.57)

The Carbonic System
C02 ↔ HCO3 −1 ↔ CO3 2−

(2.58)

2.1.7.2 Phosphorus removal and enhanced biological phosphorus removal
According to studies by Hammer (2008), phosphorus exists in different forms in wastewater and
it includes orthophosphate (PO4 2− ), polyphosphate and originally bound phosphate. The
bacterial metabolism of organics produces orthophosphate. All polyphosphates or phosphoric
acid easily hydrolyses in water to form orthophosphate but the challenge of phosphorus in
wastewater is ensuring the required amount of phosphorus for growth of microorganisms.
Though, there are two-point sources of phosphorus discharge into surface water namely runoff
from cultivated farm land with chemical phosphorus fertiliser and discharge from untreated
wastewater from treatment works, Polyphosphate washing powder was a point source but with
the advent of washing powders void of phosphate this has been addressed. Additionally, with
majority of the organic phosphorus been converted into inorganic materials, effluent in an
activated sludge process is made up of ortho-phosphate. The bulk of compounds in wastewater
have been identified to be in a soluble state hence phosphorus removal will be minor just
sedimentation. Thus, a conventional treatment system removes 20 to 40% influent phosphorus.
The biological phosphorus is integrated into the activated sludge flocs and as such they can be
removed partly by biological and chemical processes. Following this further, to control
phosphorus direct discharge to rivers each country has a customised permissible concentration
which ranges from 1 to 2mg/L P by Hammer (2008) but Haandel and Lubbe (2012) accounted
that a developed country the ratio between phosphorus and COD (chemical oxygen demand)
value in wastewater lies from 0.02 to 0.03 mg P/mg COD and a reduced value of less than
1mg/L P removal was agreed. Further still, Gray (2004) identified a stricter consent of below
2mg/L P removal before discharge into sensitive waters. Therefore, phosphate will be required
in a controlled measure to avoid activated sludge plant operational issues like sludge bulking
since this ortho-phosphate is integrated into the activated sludge biomass. Fowler et al. (2013)
added a new limit of 1-3mgN/L and < 0.1mgP/L and nutrient recovery and conversion into a
reusable form has been reported (Ledezma et al. 2015)
A study by Haandel and Lubbe (2012) concluded that the estimated proportion of phosphorus
mass in volatile activated sludge was 2.5% of the concentration of the volatile suspended solid
(VSS) concentration. This is an indication that the part of proportion phosphorus content will be
removed with the excess activated sludge. Furthermore, the authors stated that assuming an
activated sludge plant operating at a sludge age (SA) of 8 to 12 days the effluent concentration
realised will be in the range of 0.004 to 0.014mg P/mg COD. However, when the SA becomes
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higher then supplementary means will be required. The traditional approach involving
application of coagulants like ferric (Iron), aluminium and lime was earlier adopted for
phosphorus removal in the final activated sludge effluent. This could precipitate complex metal
phosphorus like calcium phosphate, ferric phosphate, apatite and struvite. Some limitations
were identified by Haandel and Lubbe (2012) which included a high cost of chemicals and
increased excess sludge generation attributed to overdosed quantity of coagulants (ferric and
aluminium) required to achieve a low effluent phosphorus (EP) result. Additionally, another
limitation was reduction in the recycling potential of the effluent due to an increased salt content
realised in the effluent (Gray 2004; Hammer 2008). The limitations attributed to the use of
coagulant for phosphorus removal has made this study on optimisation of phosphorus removal
vital.
On the contrary, enhanced biological phosphorus removal (EBPR) is also known as the luxury
phosphorus uptake. As mentioned earlier the proportion of phosphorus mass content is 2.5%
of the volatile suspended solid concentration but the luxury phosphorus uptake approach
accounts for additional 38% biological sludge mass using an artificial substrate called Ethanoate
(acetate). Thus, the mean phosphorus mass fraction ranges from 80 to 100mg P/gVSS based
on the composition of organic matter in the influent flow. Various process conditions were
identified for the excess biological phosphorus removal to take place (Figure 2.33). Firstly, was
introduction of an anaerobic zone into the process configuration of the enhanced biological
phosphorus removal. This caused an increased mass fraction of phosphorus in the activated
sludge flocs and this agreed with the findings by Barnard (1975), Comeau et al. (1985) and
Wentzel et al. (1988), reviewed in Haandel and Lubbe (2012), that the sludge in the anaerobic
zone will discharge phosphate to the liquid phase of the activated sludge and in the other anoxic
and aerobic zones, phosphorus uptake was such that the phosphorus in the biomass contained
in the anaerobic zone was higher than that realised in a conventional activated sludge system.
Secondly, it was to design an anaerobic zone in the activated sludge system and this agreed
with the findings of Barnard (1975) on modification of the bardenpho system (an activated
sludge process provided to achieve biological phosphorus (P) and nitrogen (N) removal by
designing an anaerobic and aerobic zone) (Emara et al. 2014). The anaerobic zone was
designed immediately after the nitrate removal in the Bardenpho process because if the nitrate
is first released to the anaerobic zone, they will all be removed by denitrification process. It was
also investigated by Siebritz et al. (1982) which was reviewed in Haandel and Lubbe (2012) that
both the nature and concentration of organic materials contribute largely to the phosphorus
release and absorption. Nevertheless, the presence of nitrate in anaerobic zone of the
bardenpho process contributed to the partial or complete removal of the decomposable matter.
Consequently, Yuan et al. 2012; Oehmen et al. 2007; Wentzel et al. (1986) reported the use of
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a synthetic feed called phosphorus accumulating organism (PAO) (Figure 2.33) along with
acetate to generate sludge mass with a phosphorus mass fraction of 38%.
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.33. Metabolism of biological –P organism (PAO) under anaerobic and aerobic/anoxic
condition (Smolders et al. 1994a).
The research studies by Van Haandel and Lettinga (1994) on a detailed metabolic model on
cell microbiology, in the first discovery biological phosphorus organisms was made up of three
internal cell storage products relevant for excess phosphorus removal; polyphosphate,
polyhydroxyl-alkanoate (PHB) and glycogen. Also, under anaerobic conditions, volatile fatty acid
are taken up from the liquid phase and stored as PHB. Relevant to this process is an energy
carrier released during the formation of PHB from glycogen is known as Nicotinamide adenine
dinucleotide dehydrogenase (NADH2). More so the required energy for NADH2 comes from
hydrolysis of polyphosphate and formation of Adenosine triphosphate (ATP). The research by
Filipe et al. (2001a) identified other groups of microorganisms which depend on glycogen as a
source of energy and carbon storage called glycogen accumulating organism (GAO). It was
realised that they have capacity to store low molecular organic compounds for example volatile
fatty acid (VFA) under anaerobic conditions and growth under aerobic condition. However, it
was discovered that GAO lacked the behaviour for a biological-P organism which release
phosphorus under anaerobic condition and taking it up under aerobic condition.

2.1.7.2.1 Biological Phosphorus Removal System Configuration
2.1.7.2.1.1 Phoredox and A/O (Anaerobic /Oxic) Configuration
It was reported from studies conducted by Barnard (1976) that this configuration as shown in
Figure 2.34 was made up of two reactors in series with the influent going into the first reactor
which has an anaerobic zone and the second aerobic. The anaerobic reactor helps to ensure
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contact between the activated sludge and the influent wastewater flow before the aerobic
degradation to accomplish the biological phosphorus removal (BPR). The detention time for the
anaerobic process in the anaerobic reactor is (Between 30 minutes to 120 minutes).
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.34. Phoredox and A/O configuration (Haandel and Lubbe 2012)
However, phosphorus and carbon removal takes place with no nitrification and a low operating
sludge residence time (SRT) (between 2 to 4days) to avoid the commencement of nitrification.
Furthermore, the system volume is compact and no requirement of anoxic reactor.
Nevertheless, if nitrification process occurs there will be issues of reduction of the BPR
treatment efficiency due to the nitrate entering the anaerobic zone through the return activated
sludge (RAS) recirculation and heterotrophic bacteria using the available nitrate to consume
readily biodegradable (rb) chemical oxidation demand (COD) and resulting in less rbCOD
available for phosphorus storing bacteria (Figure 2.34). The limitation of decreased BPR
efficiency was averted using the A2/O process (Anaerobic/Anoxic/Oxic) that provided an anoxic
zone that contained recycled aerobic nitrate (Figure 2.35).
On the other hand, the A/O (anaerobic/Oxic) Configuration designed by Timmerman (1979) has
been accounted to mirror the phoredox system but because of the compartment within the
anaerobic zone, it was able to initiate a plug flow system that allows the biodegradable material
to be converted to acetate which increases the phosphorus removal efficiency. Additionally, it
was discovered that the application of Phoredox system is mostly used in Europe and the United
States of America (USA). Although, application was limited to temperate region with hotter
climate, but nitrification was still experienced at low sludge ages (SA) but the release of nitrate
into the anaerobic reactor was unavoidable and hence the phosphorus removal ability
decreased.
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2.1.7.2.1.2 Modified pre-denitrification (D), A²/O (Anearobic/Anoxic/Oxic) and
Bardenpho Configuration
The A²/O process (Figure 2.35) is a modification of the A/O process (Figure 2.46) and provides
an anoxic zone for denitrification.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic
version. The unabridged version of the thesis can be viewed at the Lanchester
Library, Coventry University.

Figure 2.35. Modified pre-D, A²/O and bardenpho configuration (Haandel and Lubbe 2012)
The detention time in the anoxic zone is approximately 60minutes. The anoxic reactor is limited
in oxygen but chemically bound oxygen in the form of nitrate is introduced from the aerobic
reactor as recycled nitrified mixed liquor as shown in Figure 2.35. The merit of introducing the
anoxic reactor, is to reduce the amount of nitrate fed to the anaerobic reactor through the RAS
recycling. This configuration in Figure 2.35 had an anaerobic zone introduced upstream of the
pre-D (denitrification) anoxic reactor. The influent and return sludge flow was reported to be
received by the anaerobic reactor. Following this further, the nitrate removal could be completed
first before transferring it to the anaerobic zone because if this was not the case then the nitrate
will be conveyed into the anaerobic zone and when this occurs, the biological phosphorus
organism will be restricted from access to the easily biodegradable organic material. Thus, the
phosphorus removal ability will be reduced. Additionally, it is equivalent to the A²/O configuration
and is be popular globally but has been replaced by the University Cape Town (UCT) or modified
UCT system (Figure 2.36 and 2.37).

2.1.7.2.1.3 UCT System and Modified UCT Configuration
Following the research development by Rabinowitz and Marias (1980) of the UCT system
(Figure 2.36); it was designed to reduce the impact of nitrate in weaker wastewaters entering
the anaerobic reactor. The UCT system is vital as the concentration of nitrate in the anaerobic
reactor determines the BPR efficiency.
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Figure 2.36. UCT system configuration (Haandel and Lubbe 2012)
The UCT system achieved its treatment efficiency by maintaining the RAS recycle to anoxic
reactor, mixed liquor recycle to anaerobic reactor drawn following to anoxic reactor ( minimising
amount of nitrate entering to anaerobic reactor). This process is similar to the A²/O system with
two main exceptions as shown earlier in Figure 2.35; The RAS is recycled to anoxic zone instead
of aerobic zone, the internal recycle is from the anoxic zone to the anaerobic zone. Therefore,
introduction of the activated sludge to the anoxic zone shows that the concentration of nitrate in
the anaerobic zone will be removed and hence the uptake of phosphorus in the anaerobic zone
will be enhanced. Furthermore, while the anoxic recycle zone will ensure increased organic
consumption in the anaerobic reactor, the anoxic mixed liquor (soluble BOD with minimum
nitrate concentration) recycle will provide the required optimal condition for fermentation uptake
in the anaerobic zone.
On the other hand, the modified UCT configuration (Figure 2.37) was designed to ensure that
the RAS is directed to an anoxic reactor without an internal nitrate recycle flow. This will reduce
the nitrate concentration in the tank and ensure a recirculation of the mixed liquor from the
anoxic zone to the anaerobic zone. The second anoxic reactor following the first anoxic reactor
(Figure 2.37) is to receive the internal nitrate recycle from the aerobic reactor to provide the
major portion of nitrate removal for the UCT modified process. However, In this case the anoxic
zone that is divided into two parts with the recycled sludge being introduced into the first anoxic
while the second anoxic is used to achieve denitrification of the nitrate recycle with recirculation.
This is an indication that denitrification will be completed in the first anoxic zone but there will
be no nitrate returned to the anaerobic zone.
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Figure 2.37. Modified UCT configuration (Haandel and Lubbe 2012)
The limitation of this configuration compared to the modified bardenpho process is that the
anoxic zone will be under loaded with the required nitrate and it will have a larger volume
capacity anoxic zone. If this is not checked then there is a potential issue of floating sludge in
the FST. This issues was addressed in the Johannesburg configuration (Figure 2.38).

2.1.7.2.1.4 The Johannesburg configuration
According to Osborn and Nicholls (1978), the Johannesburg Configuration (Figure 2.38) was
designed to address the limitation of the modified UCT (Figure 2.37) processes by minimising
the nitrate feeding concentration to the anaerobic reactor to maximise the efficiency of BPR for
weaker wastewaters.
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.38. Johannesburg configuration (Haandel and Lubbe 2012)
In actualising this design, the RAS was directed to an anoxic reactor that possess sufficient
detention time to decrease the nitrate level in the mixed liquor prior to its feeding to the anaerobic
reactor. However, compared to the modified UCT system, the Johannesburg configuration can
maintain a higher MLSS concentration in the anaerobic reactor with a detention time of about
60 minutes. It was discovered that once the sludge concentration in the FST which is a function
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of the recirculation factor, increased above the mixed liquor entering the FST, the denitrification
in the post denitrification zone increased. Thus, it is possible to produce mixed liquor in the post
denitrification zone to the anaerobic zone when nitrate was found in the effluent.
Besides the Table 2.3, shows the summary comparison of various biological phosphorus
removal configurations.
Table 2.3. Comparison of Various Biological Phosphorus Removal Configurations (Haandel and
Lubbe 2012)
Configurations
Phoredox and A/O

Merits
Small and simple system
with short residence time

Demerits
No nitrogen removal and in hot
climate system will not be
reliable
Might not function properly due

Modified Pre-D, A²/O

High denitrification rate
and short sludge age

to recirculation of nitrate and
has incomplete denitrification
with tendency of inducing
sludge bulking
If denitrification is incomplete,

Modified Bardenpho

Excellent configuration for

then nitrate will be recycled to

nitrogen removal

anaerobic zone which adversely
affect P-removal

UCT

Modified UCT

Johannesburg

prevents recirculation of

Utilisation of denitrification

nitrate

capacity is inefficient

Ensures absence of

Utilisation of denitrification

nitrate in the anaerobic

capacity is inefficient to greater

zone

extent than UCT.

Efficient use of
denitrification zone

Incomplete denitrification

2.1.7.3 Chemical Phosphorus Removal (CPR)
This has been defined as the process used to form and precipitate insoluble metal phosphate
salts by the addition of coagulants which range from lime, iron or aluminium salts (Haandel and
Lubbe 2012; Gray 2004; Hammer 2008). According to Wilfert et al. (2015) and Hammer (2008),
chemical precipitation using aluminium or iron coagulants which involved combining of
orthophosphate with metal cations was effective in phosphate removal, but it was stated that
the reactions are complex. On the other hand, polyphosphate and organic phosphorus
compound were removed by being entrapped or adsorbed in the activated sludge flocs.
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2.1.7.3.1 Stoichiometry of Chemical Coagulants (Metal Salt) for CPR
The hydrated aluminum sulphate (Al2 (SO4)3 · 14.3H2O) was used globally to precipitate
phosphates as aluminum phosphate (AlPO4) and the outcome was a reduced pH value with
sulphate ion discharge into the wastewater. Additionally, it was identified that 80-90%
phosphorus removal was achieved at Aluminum coagulant dosing concentration of 50-200mg/L
but a dosage concentration of 150mg/L aluminum will pose threats to the microbial population.
Nevertheless, if a desired phosphorus removal percentage ranging from 75% to 95% then a
dosage ratio of aluminum to phosphorus ranging 13:1, 16:1 and 22:1 was recommended (Gray
2004; Hammer 2008). This is due to the finding from Equation 2.59, that the molar ration for
aluminum salt to phosphorus was 1:1 and the weight of commercial aluminum salt to
phosphorus was 9.7 to 1.0 (Hammer 2008).
Al2(SO4)3 · 14.3H2O + 2PO43− → 2AlPO4 + 3SO4 2− + 14.3 H2O

(2.59)

Furthermore, the research studies by Anderson and Hammer (1973) on strategic modifications
to activated sludge system legitimated the use of coagulants for phosphorus removal based on
observed removal efficiency trend during the dosing of settled sewage (six synthetic
wastewaters comprising of glucose and glumatic acid) with 10mg/lLconcentration of phosphorus
with aluminium salt. The impact of ferric chloride (FeCl3 ), although accepted worldwide for
phosphorus removal, the reactions are sometimes unclear. This was because ferric chloride
reactions are sometimes slow and will require additional assistance of coagulant aid like lime
(Hammer 2008; Gray 2004). The aid from lime was to raise the pH level to increase the hydroxyl
concentration and speed up the coagulation process. Equation 2.60 shows how the ferric ions
combine with both the lime and natural alkalinity to precipitate ferric hydroxide (Fe(OH)3 )
(Equation 2.61).
FeCl3 + PO43− → FePO4 + 3Cl−

(2.60)

FeCl3 . 6H2 O + 3HCO3 − → Fe(OH)3 + 3CO2 + 3Cl− + 6H2 0

(2.61)

However, lime addition removes calcium ions as well as phosphorus from wastewater together
with the suspended solids. It was discovered that the lime reacts with the natural alkalinity
initially in the wastewater to form calcium carbonate (CaCO3) in Equation 2.62. This helps to
increase the suspended solids (SS) removal.
Ca (HCO3)2 + Ca (OH) 2 → 2CaCO3 + 2H2O

(2.62)

Subsequently, the resulting calcium ions react with the orthophosphate under a basic condition
of pH of 10.5 to form insoluble and gelatinous calcium hydroxyapatite (Ca5 (OH) (PO4)3
(Equation 2.63)
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5Ca2+ + 4OH− + 3HPO4 2− → Ca5 (OH)(PO4 )3 + 3H2 O

(2.63)

In view of preserving the life of the microbial biomass in the aeration tank, neutralisation was
noted as an option through infusing carbondoxide into the tank to control the 10.5 pH as the
lime dosed equals 1.5 times the CaCO3 alkalinity. It was further added (Gray 2004; Haandel
and Lubbe 2012; Hammer 2008) that the use of coagulant has an impact on the pH because in
precipitation processes alkalinity was removed and acidity released. It was observed by
Hammer (2008) that almost half of the coagulant salt like ferric and aluminium etc. combine with
phosphate and the remaining precipitate as hydroxide (Equation 2.62 and 2.63). Following this
further, another impact of pH can be evaluated from the amount of coagulant present in the final
effluent.

2.1.7.3.2 Configuration of Chemical Phosphorus Removal (CPR)
The configuration of a CPR (Haandel and Lubbe 2012) comprises of pre-precipitation where
chemicals are added to the raw influent or in the primary sedimentation tank (PST). In this
process, the coagulant takes out the metal phosphate with the primary sludge from the PST.
The next configuration is the simultaneous precipitation which entails adding the chemical to the
mixed liquor in the aeration tank. In this case there is removal of the metal phosphate with the
excess biological activated sludge. Another configuration is post precipitation where chemicals
are added to the effluent of the FST. Lastly, the side-stream precipitation is a configuration which
acts as a supplement to the biological phosphorus removal. This is achieved by concentrating
phosphorus into a small volume side stream with high phosphorus content and the side stream
placed under CPR process.

2.1.7.3.2.1 Pre-precipitation
Figure 2.39 depicts a flow scheme of phosphorus removal by pre-precipitation. This coagulation
process is rather dual as it achieves both the aim of the coagulation and takes out the
phosphorus. The organic load entering the biological treatment unit was found to be reduced
due to the metallic complex salt hydroxide (Fe(OH)3 ) component flocculation was enhanced and
suspended solid (SS) removal rate increased. This finding agrees with the result of De Jong et
al. (1993) where the primary sedimentation tank (PST) of a Dutch municipal wastewater
treatment plant was investigated and the mean BOD removal in the PST was observed to
increase form an initial level of 20-40% to 50-75% after the addition of a metallic salt (coagulant).
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Figure 2.39. Chemical phosphorus removal (CPR): Pre-precipitation (Haandel and Lubbe
2012 and Zhou 2009)
In addition, it was noted by De Jong et al. (1993) that if denitrification is required, then the preprecipitation approach will not be applicable due to the increased nitrate level in the pre-clarified
influent. This process will also, remove all sulphides responsible for odour through precipitating
the metal sulphides.

2.1.7.3.2.2 Simultaneous precipitation
This process of precipitation as shown in Figure 2.40 can be applicable as the primary approach
to phosphorus removal or an added means of biological phosphorus removal. In the case where
the simultaneous precipitation is the main mechanism, the major removal obtained will be
nitrogen and organic matter with some phosphorus. This phosphorus at the end will be removed
with the excess sludge generated which makes this process designed to remove excess
phosphorus and not to enhance biological growth. Therefore, it is not applicable to develop an
enhanced phosphorus removal process called the luxury uptake.
It was further found in the research studies by De Jong et al. (1993), that when 1mole of influent
P was dosed with one mole of Fe, there was not adequate in reducing the effluent PO4-P
concentration to a consent value below 1mg/L but when it was increased to 1.7 mole of Fe/ mol
of P, the effluent concentration reduced to a lower consent value of < 1mg/L. On the other hand,
it was discovered from further investigation by De Jong et al. (1993), but in this case lime was
examined and it was found that the influent phosphorus concentration was not a function of the
influent phosphorus concentration but a function of the pH of the reactor.
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Figure 2.40. Chemical phosphorus removal (CPR): Simultaneous precipitation (Haandel
and Lubbe 2012)
The suggested pH boundary for reduction of effluent phosphorus concentration to a consent
value of < 2mg/L will be achieved at a pH between 8.5 to 8.7, however if the target effluent
phosphorus concentration is < 1mg/L then the required pH of the reactor should be 9.0. Further
still, De Jong et al. (1993) commented that a lime dosing rate of 150-350g Ca (OH)2 will account
for 20-50% excess sludge generation. Subsequently, Table 2.4 showed the impact of
simultaneous precipitation on sludge behaviour.
Table 2.4: showed the impact of simultaneous precipitation on sludge behaviour (Haandel and
Lubbe 2012)
Behaviour

Impact of simultaneous precipitation on sludge behaviour


Improved sludge settleability, DSVI decreases



Al salt settleability better than Fe salt: reduction levels of 120-

Settling

140ml/g TSS< 100ml/g TSS was observed in Dutch
wastewater plant

Thickening



Lime result in a SVI < 50%



Metal salt has no significant impact



Lime has a significant impact in an increasing range of 5-7%
dry solids

Dewatering



Metal salt has no significant impact



Lime has a significant impact in an increasing range of 2-7%
dry solids
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2.1.7.3.2.3 Post-precipitation
According to Haandel and Lubbe (2012), this approach (Figure 2.41) is feasible for a situation
where the required effluent phosphorus values are low and an effluent polishing stage is
required. The challenge with this option of precipitation was that the additional capital cost
incurred compared to other options would be higher as an additional unit operation for example
a mixing tank will be required.
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Figure 2.41. Chemical phosphorus removal (CPR)-Post precipitation (Haandel and Lubbe
2012)
This is not relevant at present but has potential when the effluent discharge consent becomes
stricter. Further research comment from Gray (2004); saw it as an effective means of
phosphorus removal as the coagulant are added after the secondary treatment. In this
secondary stage, virtually all the phosphorus present must have been hydrolysed to
orthophosphate which makes removal quite easy. However, a part of the chemical floc was
reported to be returned to the aeration tank along with the return activated sludge which causes
the mixed liquor to increase in its inorganic content. This will mean an additional increase in the
MLSS to maintain the BOD removal process. The issue of the chemical flocs returning with the
RAS can be avoided but will mean dosing after the FST. However, additional capital cost will be
required because an additional mixing tank for coagulant will be necessary. This further confirms
post –precipitation as a complex process.

2.1.7.3.2.4 Side-stream precipitation
As stated earlier, that the configuration for side stream phosphorus precipitation can be viewed
from two perspectives namely; precipitation of phosphorus in return streams from sludge
treatment and variation of the biological phosphorus removal process by concentrating
phosphorus into a side stream system where chemical precipitation occurs.
(i)

Precipitation of phosphorus in return stream from sludge treatment
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It was reported by Haandel and Lubbe 2012 that though biological phosphorus removal has
some merits above the chemical phosphorus removal (CPR), one of the key demerits was the
identified discharge of the accumulated poly-P Phosphate from the biological phosphorus
activated sludge flocs during sludge treatment and the recirculation of phosphate (V) (PO43− )
back to the activated sludge process. In contrast, the release of phosphate does not happen
with chemical precipitated phosphate. However, during dewatering, thickening and anaerobic
digestion process (sludge treatment), phosphates are released to the liquid surface of the
process. Consequently, it was reported that gravitational thickening of sludge with a hydraulic
retention time of 1day has the capacity to account for about 50% of all the phosphate. More so
due to the presence of easily biodegradable COD within the primary sludge, thickening of
surplus activated sludge will achieve an increased phosphate release. The sludge digestion
process on the contrary will cause all the polyphosphate in the digested sludge to be degraded
to orthophosphate but the precipitated phosphate using chemicals like coagulants will not be
released in the liquid phase during digestion. Also, when both the thickened and digested sludge
is dewatered, it was observed that all the phosphate in the liquid phase was recovered back
and returned to the ASP. Furthermore, during digestion, the Mg 2+ will be precipitated with the
PO43− as 𝑀𝑔2 (𝑃𝑂4)3 while if ammonium is present it will be precipitated as struvite.
(ii)

Supplementary Side-stream phosphorus removal

This requires the use of the luxury phosphorus uptake approach where the phosphorus realised
from the main biological excess phosphorus removal (BEPR) is removed and concentrated in a
small side stream and removed by chemical coagulant treatment (Haandel and Lubbe 2012).
In Figure 2.42, mixed liquor was taken from the aerobic zone and directed to an anaerobic
phosphate stripper where a carbon source ethanoate was added to release the stored
polyphosphate.
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Figure 2.42. Chemical phosphorus removal (CPR): Side-stream precipitation (Haandel and
Lubbe 2012)
Immediately the solid and liquid separation was completed the sludge was then returned to the
first anoxic or anaerobic zone since a low nitrate level was noticed because of the added carbon
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source. The supernatant was equally transferred to a thickener to be thickened. It was observed
that in both cases the unit operations were dosed with coagulant like lime, ferric and alum
respectively. This was to precipitate the phosphate. The merit of this process of supplementary
side stream was that chemical phosphorus removal did not affect the biological phosphorus
removal process. In contrast, the demerit was that extra running cost would be incurred because
of an external carbon source. This process can accommodate all the process used for post –
precipitation approach.

2.2 Activated Sludge Digestibility
Over the twentieth and into the twenty first century, fossil fuel has contributed to the economic,
social and political trends in the world. Although, energy crisis was reported due to increasing
population demand for this non-renewable resource and some political impact linked to the
exploitation of the fossil fuel in the energy exporting countries of the world (Fehrenbach et al.
2008; BP Statistical Review of World Energy 2014). There is a need to explore sustainable
cleaner energy resource due to the dwindling trend of the fossil fuel as the fossil fuel already
contributes to issues of greenhouse gas (GHG) emission resulting in enhanced global warming
issues (Zhang et al. 2015b). Bioenergy has been reported as the fourth largest energy resource
available globally and a GHG replacement for fossil fuel due to its renewable energy capabilities
(Chen and Lee 2014; Haberl et al. 2012). Methane production from anaerobic digestion process
(ADP) as an attractive and potential method to obtain renewable biofuel due to its great
environmental, societal, and economic merits (Chynoweth et al. 2011). Europe has been
reported to convert a range of feedstocks into biogas and ultimately bioelectricity, bioheat or
transport fuel. This has risen largely in reaction to energy-related subsidies paid to anaerobic
digester operators, such as feed-in-tariffs (FITs) paid for bioelectricity and the Renewable Heat
Incentive (RHI) paid for bioheat (Styles et al. 2016; OFGEM 2014). The need to meet the 2020
bioenergy renewable target becomes a necessity in this research on the impact of chemical
dosing (Al and Fe) on biogas production from digested activated sludge. On the contrary,
untreated organic content from different origins ranging from agriculture, industrial and urban
sources accounts for environmental degradation due to decomposition of untreated organic
waste compounds resulting in land, water and air pollution issues. This has led to legislative
enforcement towards the cut down in the concentration of organic waste material infiltrating into
the landfills. However, the huge generation of waste activated sludge (WAS) is fast becoming
one of the most serious environmental challenges facing our world (Feng et al. 2014). WAS
anaerobic digestion (AD) has gathered much responsiveness lately (Jang et al. 2014; Zhen et
al. 2013; Zhen et al. 2014a) due to sludge stabilization, odour control (Appels et al. 2008) and
bioenergy recovery (Luostarinen et al. 2009) achievable in WWTP. The biological degradation
of organic substrates in wastewater has been achieved through anaerobic digestion (AD)
process (Zhang et al. 2014; Forster 2003).
83 | P a g e

Anaerobic and aerobic digestion process has been globally used to digest and stabilise the
activated sludge before final solid disposal in waste water treatment plant (Metcalf and Eddy
2003; Metcalf and Eddy 1991). Both digestion processes have a major common goal of
biologically degrading a significant part of the volatile solids (VS) in the sludge and to reduce
the putrescibility of the sludge (Gerardi 2003). Although, aerobic and anaerobic digestion
undergo dissimilar microbiological and biochemical reactions, the main distinction is that the
latter occur in the absence of molecular oxygen while the former occur in the presence of
molecular oxygen and degrades organics into carbon dioxide, water, nitrate and sulphates.
Huang et al. (2017) and Zheng et al. (2017) commented that digested microorganisms in sludge
can be consumed during aerobic and anaerobic digestion processes. This will result reduction
in the pathogenic infection and sludge stabilization. Whilst, the aerobic digestion finds relevant
in small scale pilot WWTPs because of its merits like simplicity of digestion mechanism and low
capital cost, there are still some limitations which includes; reduced pathogen inactivation and
increased energy cost (Grady et al. 1999). Other limitations of the aerobic digestion that makes
the AD a more attractive option includes; accelerated sludge production due to increased
aerobic growth rate because of the presence of sufficient aeration within the treatment reactors,
and the insolubility of some organic matter is another drawback of the aerobic digestion (Christy
et al. 2014).
In this current study anaerobic digestion is of interest as wide spread of this technology has
been provided as an answer to treating organic waste streams (Lettinga 2014; Mata-Alvarez
2003). Also, literatures has provided digester designs, operation and efficiency in addition to
limiting factors affecting digestion process have been traced to the nature and origin of the
organic waste under investigation (Batstone and Jenson 2011). Ariunbaatar et al. (2014), added
that the effectiveness of pretreatment methods during anaerobic digestion process depends on
the substrate characteristics. The nature and origin of organic waste has been classified into
different segments, ranging from sewage sludge, animal manure, energy crops, food industry
waste and organic waste from municipal solid waste (Carlsson et al. 2012; Mata-Alvarez et al.
2014). Although, another key aspect that informs digestion processes is the digester design
configuration, but literature has made it clear that this not an issue because anaerobic digestion
plants are more streamlined to both continuous stirred tank (CSTR) reactors and up flow
anaerobic sludge blanket (UASB) reactors (Girault et al. 2012; Chong et al. 2012; Mahmoud et
al. 2003). In this current study, the nature and origin of the organic waste will focus on sewage
sludge (activated sludge). Conventional activated sludge process produces a huge quantity of
waste sludge (Vorkamp et al. 2001; Kayser 2005; Liang et al. 2006; Seo et al. 2017). The
disposal of sludge during treatment of wastewater has been reported as a growing challenge
as it accounts for up to 50% of the present running costs of a wastewater treatment plant
(WWTP) (Fenxia et al. 2014; Appels et al. 2008; Baeyens et al. 1997). The AD has been
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identified as a waste to energy technique that will treat solid waste and waste water but activated
sludge from WWTP has been reported to contribute to global environmental problem due to
huge waste sludge produced and increasing organic and pathogenic content of activated sludge
(Ahring 2003). This problem will accelerate if the wasted sludge is not properly treated.
Anaerobic digesters (AD) which perform majority of the digestion of organic compounds at the
WWTP has been installed and pre-treatment processes have been explored as options to
overcome the issue of about 60% of the total operational cost of a WWTP required for sludge
treatment and disposal (Seo et al. 2017; Zhao and Kugel 1996; Ge et al. 2013; Wan et al. 2016).
The cut down in the carbon dioxide emission and carbon taxes and carbon subsidies on
bioenergy makes the AD a more robust technology for waste to energy compared to other
bioenergy options (Parawira 2004).

Foladori et al. (2010) has reported other alternative

technologies which entails degrading activated sludge using physico-chemical, thermal and
biological methods. It was added that this method degraded the sludge and increased solubility
by heat application (Neyens and Baeyens 2003), ozone (Seo et al. 2017; Sakai et al. 1997;
Zhang et al. 2009), ultra-sound (Wang et al. 2005b; Yang et al. 2015), and microwave (Park et
al. 2004). Other reviews have commented on the importance of optimising the economic
viability, of anaerobic digestion plants (biogas yields) and the potential approach of biogas
generation namely; pre-treatments, co-digestion, digester configuration and inorganic and
organic additive dosing (Carlsson et al. 2012; Hii et al. 2014; bayane and Guiot 2010; Tyagi and
Lo 2011; Montalvo et al. 2012; Tada et al. 2005; Hendriks and Zeeman 2009, Carrèrea et al.
2010).
The purpose of the current study is to optimize the anaerobic digestion process using mesophilic
anaerobic and chemical coagulant pre-treatment. It is anticipated that these pre-treatment
strategies will improve the hydrolysis of the organic matter in the sludge and increase the
efficiency of the organic matter conversion to methane. Also, pathogens in the digested sludge
can be totally eradicated during this pre-treatment and digested effluent can meet the legislation
obligation on reuse of the digested sludge in agriculture (Vesilind 2000) and production of
energy from waste sludge to cut down reliance on energy from fossil fuel and boost
environmental benefits of bioenergy globally (Chynoweth et al. 2001).
Table 2.5 shows research contribution on benefits of cleaner energy resource- biogas over
conventional fossil fuel resources. Appendix C (Table C2) further reveals past research
assessment of the impact of CPR (chemical phosphorus removal) on AD and factors that impact
on the precision of Iron dosed sludge in laboratory bench scale.
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Table 2.5. Biogas Environmental Merit Evaluation
Biogas

Benefits

References

GHG emission reduction

Neutral replacement for

Cuéllar and Webber 2008

fossil fuel
Environmental protection

Pathogen reduction through

Cuéllar and Webber 2008

sanitation, air and water
pollution reduction and
eutrophication and
acidification reduction.
Green energy production

Electricity, heat and transport

Rehl and Muller 2011

fuel
Organic waste disposal

Municipal, industrial,
residential waste and
agricultural residues

Biogas linked agrosystem

Livestock biogas fruit system

Qi et al. 2005; Jiang et al. 2011

and pig biogas vegetable
system

2.2.1 Environmental and Operational Factors required for Anaerobic Digestion
Anaerobic digestion is known to be a complex process because of the links between different
microorganisms which enhance the organic degradation to methane. Therefore, there is a need
to maintain anaerobes with a high metabolic action during anaerobic digestion processes in
digesters. This makes investigation of specific properties of activated sludge and environmental
conditions and operational factors that can limit the anaerobes metabolic activity of paramount
interest in this current study. The facultative anaerobes and anaerobes (methane-forming
bacteria) are required in an anaerobic digester for hydrolysis of complex organics and metabolic
breakdown of volatile fatty acids and methane gas production. Secondary sludge consists of
many facultative anaerobes and several particulate and colloidal organics, but primary sludge
is made up of merely a lesser quantity of facultative anaerobes that would not adequately
replace the bacteria wasted from the digester during routine solids pumping and dewatering
operations. The specific properties of activated sludge include; the nature of sludge,
composition of complex organics and size distribution; while the environmental conditions
include; temperature, alkalinity and pH, and toxicity, nutrient and nutrient concentration, and the
operational factors includes; retention time (RT), organic loading rate (OLR), mixing, volatile
fatty acid (VFA) and carbon-nitrogen ratio (C/N ratio).
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2.2.2 Properties of activated sludge
The specific properties of activated sludge include the primary and secondary sludges or the
mixtures of both, for provision of the required substrate for an anaerobic digester. They also
provide the anaerobes required for the hydrolysis and metabolic activity of the complex organic
compounds and the biochemical methane potential (BMP). As stated in section 2.2.1, that
anaerobic digesters need both facultative anaerobes and anaerobes, but literature has reported
that methanogenic bacteria are strict anaerobes and experience a faster rate of extinction in the
activated sludge process (Mao et al. 2015). This makes seeding secondary sludge with primary
sludge to enhance the availability of not just facultative anaerobes but methanogenic bacteria
in the AD. Gerardi (2003), has suggested ratio of 1:10 of secondary sludge to primary sludge
during seeding process in AD. Whilst, primary sludge comprises merely a lower concentration
of facultative anaerobes that would not sufficiently interchange the bacteria wasted from the
digester during daily solids pumping and dewatering operations. On the other hand, secondary
sludge comprises various facultative anaerobes and many particulate and colloidal organics.
The seeding process is completed effectively in AD, then the secondary sludge can be fed into
the digester without a mixture with the primary sludge.

2.2.2.1 Organic loading rate (OLR)
Known over the decades are anaerobic digesters for degradation of particulate and colloidal
waste materials, and hence organic loads (sludge feed) to digesters are typically stated as
volatile solids (VS). The number of volatile solids fed into a digester per day under continuous
feeding pattern is called OLR (Kondusamy and Kalamdhad 2014).

The Designed and

recommended loadings for anaerobic digesters that are mixed and heated range from 3.2–
7.2kgVS/m3/day. However, loading rates of 0.5 to 0.6kgVS/m3/day are typical in WWTP (Gerardi
2003). On the contrary, higher loading rates could be treated once a better concentrated
activated sludge could be fed to the digester.
The VS loadings to AD are regulated in the majority of WWTP by the performance of the primary
and final sedimentation tanks (PST and FST) in removal and concentrating of primary and
secondary sludge. Hence, the thickening capacity of this sludge becomes a vital AD operational
factor. Moreover, raw sludges or feed sludges having low solids content (dilute feed sludge) are
sometimes transported to municipal anaerobic digesters. They compose of 3–6% solids and
constitute a negative impact on AD performance by decreasing hydraulic retention time (HRT),
decrease volatile solids destruction, and overall decreasing the methane production.
With higher OLR, the biogas production rises to a degree, but the stability and productivity of
the anaerobic digestion process can also be greatly upset. The Addition of a huge volume of
new biomass daily may result in variations in the digester’s environment and temporarily limits
bacterial degradation during the initial fermentation reaction. This bacterial inhibition occurs
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because excessively high OLR cause a higher hydrolysis/ acidogenesis bacterial metabolism
than methanogenesis bacterial activity and hence a much higher VFA production rate, which
causes a permanent acidification. If this persists, the pH of the digester reduces, and the
hydrolysis process becomes obstructed and restricted methanogenic bacteria are cannot
convert as much VFA to methane production. Therefore, literature has provided maximum
allowable OLR of 5gVS/L/d in WAS (wasted activated sludge), 9.2kgVS/m3/d in FW (food
waste) co-digestion, 10.5kgVS/m3/d in sludge and 9.2gCOD/L/d in OMSR (olive mill sludge
residue) (Gou et al. 2014; Rincón et al. 2008; Kougias et al. 2013; Nagao et al. 2012). Other
reported allowable OLR in the investigation on the step wise increase in OLR and SRT (solid
retention time) on integrated two stage process is 22.65 kg VS/m3 d (160 hours) for hydrogen
fermentation and 4.61(26.67days) for methane fermentation digester (Nagao et al. 2012).

2.2.2.2 Retention time (RT)
The retention time (RT) is the time required to complete the degradation of organic matter. It is
linked with the microbial growth rate and a function of the process temperature, OLR and
substrate composition (Mao et al. 2015). However, two major types of retention time (RT) have
been provided in literature namely; SRT (solid retention time), which is the average time that
bacteria (solids) occupy in a digester, and HRT (hydraulic retention time) is the time that the
wastewater or sludge is in the anaerobic digester and is expressed in Equation 2.64 (Ekama
and Wentzel 2008).
V

HRT = Q

(2.64)

Where, V is the biological reactor volume and Q the influent flow rate in time.
The SRT and the HRT are the same for a suspended-growth anaerobic digester that has no
recycling. If recycling of solids is integrated in the operation of the digester, then the SRT and
HRT may vary significantly. On the contrary anaerobic digesters that uses fixed-film media for
bacteria growth favour the formation of concentrated mass (biomass) of bacteria that are
attached to the media. The biomass formed inhibits the washout of huge numbers of bacteria
and allows high SRT values. An average retention time of 15–30 days is required to treat waste
under mesophilic digestion conditions but as earlier mentioned attaining an efficient HRT is
subject to substrate composition and OLR (Mao et al. 2015). Also, reduction in HRT ordinarily
causes VFA accumulation, however, an extended than optimal HRT results in inadequate use
of digester contents. Besides, in an algal biomass, an HRT lower than 10 days accounts for the
low methane productivity (Kwietniewska and Tys 2014). Therefore, a low OLR and a long HRT
are the most benign approach for realising constant and maximum methane production. Figure
2.43 shows how changes in the SRT can disrupt and reduce the performance of anaerobic
digester (Nges and Liu 2010).
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Figure 2.43. Impact of SRT on AD progress stability and performance (Nges and Liu 2010)
It was reported that an increase in the SRT from 10 to 20 days resulted in a 25% reduction in
speciﬁc methane gas production during agricultural waste (AWS) digestion (Bolzonella et al.
2005). The biogas production obtained at a 12-day SRT was tripled relative to that perceived
for a 35-day SRT. Process imbalance occurred because of foaming, VFAs accumulation and
increased alkalinity at a 9-day SRT during the digestion of dewatered wastewater sludge (Nges
and Liu 2010). Since the time required for a population of methanogenic bacteria to double in
size of is reasonably lengthy compared with aerobic bacteria and facultative anaerobic bacteria
(Table 2.6), typical SRTs for anaerobic digesters are >12 days. Detention times <10 days are
not suggested because substantial washout of methanogenic bacteria happens. This shows
that SRT and not HRT is the more important retention time. The SRT is not seriously affected
by the type of the wastewater or biomass sludge under treatment unless the wastewater or
biomass sludge is toxic to the bacteria (Gerardi 2003).
The research studies on the investigation of the effects of stepwise increase in OLR and SRT
on integrated two-stage process reported that at steady state, the optimal SRT was found to be
160 hours for hydrogen fermentation reactor and 26.67 days for methane fermentation reactor
(Nagao et al. 2012; Gerardi 2003). High SRT values are beneficial for anaerobic digesters. High
SRT values maximize removal capacity, reduce required digester volume, and provide buffering
capacity for protection against the effects of shock loadings and toxic compounds in
wastewaters and sludges.
Table 2.6. Estimated SRT for vital groups of wastewater bacteria (Geradi 2003)
Some materials have been removed from this thesis due to Third Party Copyright. Pages where material
has been removed are clearly marked in the electronic version. The unabridged version of the thesis can
be viewed at the Lanchester Library, Coventry University.
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2.2.2.3 Temperature
Romero-Güiza et al. (2016) commented that temperature remains one of the most vital process
parameters that impacts on both the efficiency and stability of the anaerobic digestion process.
Lettinga et al. (1999) added that AD can occur at all temperatures ranging from mesophilic,
thermophilic and cryophilic conditions. Angelidaki et al. (1999); Angelidaki and Ahring (1994);
Buhr and Andrew (1977) mentioned that in thermophilic boundary condition with greater than
45 °C, optimisation of the performance of AD occurred due to higher solubility of organic
compounds, higher chemical and biochemical reaction rates, lower gas solubility in the liquid,
lower liquid viscosity, higher pathogen deactivation and less odour emission. The impact of
temperature can be studied from the microbial metabolic processes, gas transfer rate and
settling behaviour within the anaerobic digesters. Angelidaki and Ahring (1993; 1992) on the
other hand added that rises in temperature will increase the inhibitory impact of ammonia and
VFA by increasing and reducing their negative base-10 logarithm of the acid dissociation
constant (Ka) of the solution (pka). However, less sensitivity to inhibitors and stable process
performance in AD was also considered as an advantage of mesophilic AD over thermophilic
(Kim et al. 2006). Metcalf and Eddy (2003) further added that temperature fluctuation can affect
hydrolytic bacteria required to promote degradation of complex organics into simple soluble
substances, but hydrolytic bacteria are not as sensitive to temperature change as the acetateforming bacteria and methane-forming bacteria. The methanogenic bacteria is not an exception
in terms of temperature variations as they cannot thrive outside a temperature range of 1OC/d
but was also reported that acidogenesis depends on optimum temperature and any variation
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will result in VFA accumulation which affects the stability of the AD process. Temperature
impacts not only methane-forming bacteria but also volatile acid-forming bacteria. Thus,
variations in temperature may be a merit to some groups and demerit to other groups. For
example, a 10°C temperature rise can hinder methane production or methane-forming bacterial
metabolism within 12 hours, whereas the volatile acid production increases (Gerardi 2003).
These variations in the activity of different groups of volatile acid-forming bacteria result in
fluctuations in the relative concentrations of organic acids and alcohols generated during
fermentation process which impacts on the overall digester efficiency. This is attributed to the
fact that methanogenic bacteria will utilise these organic acids and alcohols concentrations as
substrate during methane production within the anaerobic digesters.
Westerholm et al. (2012) reported on the effect of temperature in co-digestion of whole stillage
and cattle manure and discovered a high methane production in both mesophilic and
thermophilic temperature boundaries; Sanchez et al. (2005) also affirmed that AD processes
investigated under mesophilic condition were more stable compared to that observed under an
ambient temperature condition. The general frequent challenges connected with AD are loss of
heating ability and maintenance of optimum anaerobic digester temperature. An acceptable and
uniform temperature must be sustained throughout the AD to avoid confined compartments of
decreasing temperature and unwanted bacterial degradation. Adequate mixing of the digester
content prevents the development of restricted temperature variation. Variations in temperature
of even a few degrees affect almost all biological activity including the inhibition of some
anaerobic bacteria, especially methane-forming bacteria. The environmental temperature has a
major effect on the anaerobic microbial reactor, which impacts the metabolic rate, ionization
equilibrium, substrate solubility and fats and bioavailability of iron (Speece 1996).
Most methane-forming bacteria are active in two temperature ranges. These ranges are the
mesophilic range from 30 to 35°C and the thermophilic range from 50 to 60°C (Ahn and Forster
2002). At temperatures between 40°C and 50°C, methane-forming bacteria are inhibited (Mao
et al. 2015). Digester performance abates somewhere near 42°C, as this represents the
transition from mesophilic to thermophilic organisms (Gerardi 2003). Although methane
production can occur over a wide range of temperatures (Figure 2.44), anaerobic digestion of
sludge and methane production at municipal wastewater treatment plants is performed in the
mesophilic range, with an optimum temperature of approximately 35°C (Table 2.7).
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Figure 2.44. Methane production over relatively large temperature values (most AD in WWTP
operates in mesophilic range of temperature) (Gerardi 2003)
Table 2.7. Temperature range for methane production for municipal anaerobic digesters
(Gerardi 2003)
Temperature, ℃

Methane Production

35

Optimum

32-34

Minimum

21-31

Little, “digester going sour”

< 21

Nil, “digester is sour”

Whenever digester temperature falls below 32°C, attention should be given to the volatile acidto-alkalinity ratio. Volatile acid formation continues at decreased temperatures, but methane
production proceeds slowly. The sludge retention time (SRT) is usually long, often greater than
12 weeks because of the observed depressed temperatures. Volatile acid production can
continue at a rapid rate as low as 21°C, whereas methane production is essentially non-existent.
Therefore, 32°C is the minimum temperature that should be maintained, and 35°C is the
preferred temperature (Kondusamy and Kalamdhad 2014). While methanogenic bacteria are
dynamic and grow in numerous temperature ranges (Table 2.8), most methane-forming bacteria
are mesophiles and others are psychrophiles, thermophiles, and hyperthermophiles. The
thermophilic range is usually performed at industrial wastewater treatment plants that can heat
wastewaters or sludges.
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Table 2.8. Optimum Temperature Ranges for the Growth of Methane –Forming Bacteria
(Gerardi 2003)
Bacterial Group

Temperature Range, ℃

Psychrophiles

5-25

Mesophiles

30-35

Thermophiles

50-60

Hyperthermophiles

>65

An evaluation of advantages and disadvantages of mesophilic and thermophilic digesters is
presented in Table 2.9
Table 2.9. Comparison of Mesophilic and Thermophilic Digesters (Mao et al. 2015; Gerardi
2003)
Parameters

Mesophilic Digester

Thermophilic Digester

Loading rates

Lower

Higher

Destruction of pathogens

Lower

Higher

Sensitivity to toxicants

Lower

Higher

Operational cost

Lower

Higher

Temperature control

Less difficult

More difficult

Load bearing capacity

Lower

Higher

Productivity

Lower

Higher

Nonetheless, the increased destruction of pathogens by thermophilic digesters has been linked
to their relevance in meeting the present and future regulations for the disposal and reuse of
municipal sludges. The rate of anaerobic digestion of activated sludge and methane production
is proportional to digester temperature (Gerardi 2003). This implies that increased temperature
will result in a higher rate of volatile solids destruction and methane generation. The rate of
anaerobic digestion of sludge and methane production is considerably faster in thermophilic
digesters than in mesophilic digesters (Mao et al. 2015). Therefore, variations in digester
temperature should be as small as possible, that is, <1°C per day for thermophiles and 2–3°C
per day for mesophiles.
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The Equation 2.65 and 2.66 shows the reaction rate dependency of biological processes to
temperature and Arrhenius expression on the temperature dependency of the reaction (Riffat
2012; Kadlec and Wallace 2008).
K T = K 20 θ( T−20)
K = Ae

−Ea
RT

(2.65)
(2.66)

Where, KT = reaction rate constant at temperature (T) in Molarity(M) per unit time (seconds) (i.e
M/s), K20 = reaction rate constant at 20OC (M/s), θ = temperature activity coefficient (a factor
used in thermodynamics to account for deviations from ideal behaviour in a mixture of chemical
substances and it is a unitless thermodynamic function), A = pre-exponential factor (identical to
those of the rate constant and will vary depending on the order of the reaction but, for first order
it has the unit: s−1), Ea = activation energy in Kilojoules (KJ) per mole (mol) of reactant ( i.e
KJ/mol), R = universal gas constant in Joules (J) per unit moles(mol) per unit kelvin ( K) ( i.e
J/molK) and T = temperature ( degree celcius- OC or Kelvin-K).
Typical values for universal gas constant( R ) is 8.3145 J/molK. The rate of a reaction is
measured in terms of how fast the concentration of one of the reactants is falling (mol dm -3 s-1).
The typical values for rate constant (k) is 5 x 109 when the reaction is very fast and k = 1 x 1010

when it is very slow. The Arrhenius function is known to explain the impact of temperature to

the optimum growth rate of bacteria on substrates during wastewater treatment process. Aisami
et al. (2017), has reported range of Arrhenius activated energy (Ea) values of between 57.9 to
67.5 KJmol/L. However, the pseudo first-order pre-exponential factors for various rate limiting
steps reaction has been reported to include adsorption (102 –104 sec−1), diffusion (107–1011
sec−1), surface reaction (10-1013 sec−1) and desorption (1013 –1016 sec−1) (Baetzold and Somorjai
1976). Temperature affects most biological activities (Gerardi 2003). This effect is due mostly
to the impact of temperature on enzymatic activity or reactions. Therefore, increases in
temperature result in more enzymatic activity whereas reductions in temperature result in a
reduced amount of enzymatic activity. Because of the impact of temperature on enzymatic
activity, SRT within digesters should increase with reducing temperatures.
Although anaerobic bacteria can be acclimated to operating temperatures outside their optimum
range, biomass activity and digester efficiency may be negatively affected. Because
methanogenic bacteria grow slowly and are very sensitive to small changes in temperature,
acclimation must advance very slowly (Kondusamy and Kalamdhad 2014; Gerardi 2003).
Elevated temperature affects the activity of hydrogenotropic methanogens in the anaerobic
process and enriches hydrogen producing bacteria and spore forming bacteria. The optimum
temperature for anaerobic digestion is represented in Table 2.10.
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Table 2.10. Optimum Conditions required for anaerobes metabolic activity (Kondusamy and
Kalamdhad 2014)
Features

Optimum conditions

Temperature

Mesophilic range (35-40℃) and
Thermophilic range (50-55℃)

References
Van Haandel and Lettinga (1994);
Arsova (2010)

pH

6.3-7.8

Wang et al. (2012)

Carbon-nitrogen ratio

23-30

Ghosh and Pohland (1974)

Volatile fatty acid

2000-3000mg/L

Eastman and Ferguson (1981)

Organic loading rate
(OLR) and nutrient
concentration

Varies according to the
substrate and inoculum

Kondusamy and Kalamdhad 2014

2.2.2.4 Nutrients
Nutrients are required for bacterial growth in aerobic and anaerobic biological treatment
processes. These nutrients are classed as macronutrients and micronutrients. There exist
differences in the nutrient requirement in the aerobic and anaerobic treatment processes. This
is because of the peculiar nutrient demand in methanogenic bacteria and fermentative bacteria
during the anaerobic digestion process as compared to aerobic bacteria in aerobic biological
treatment process like the activated sludge process. Example of these macronutrients required
in large quantities by bacteria includes; nitrogen and phosphorus (Gerardi 2003). Merchant and
Helmann (2012), also added that metal nutrients can be categorised according to their various
amount in the bacterial cells as major cations namely; K, Mg and Ca and micronutrients which
includes manganese (Mn), iron (Fe), cobalt (Co), copper (Cu), molybdenum (Mo), nickel (Ni),
selenium (Se) and tungsten (W). Other researchers contributed that trace metals required in
smaller quantity (micronutrients) by most bacteria especially during the conversion of acetic acid
to methane (rate limiting factor in anaerobic digestion process) are iron, cobalt, and nickel
(Oleszkiewicz and Sharma 1990; Fermoso et al. 2009; Demirel and Scherer 2011; Schattauer
et al. 2011; Zhang et al. 2012). Williams and Fraústo da Silva (2000) reported Metal
concentration in the cells range from 10-7 to 10-3 molar in major cations (K, Mg and Ca) while
10-6 to 10-15 molar was mentioned in micronutrients like Mn, Fe, Co, Cu, Mo, Ni, Se and W.
Romero-Güiza et al. (2016) also added that not only does nutrient supplement dosing impacts
methane production but improves process stability. Nges and Björnsson (2012); Gerardi (2003);
Zhang and Jahng (2011) stated that process stability in AD can ensure that pH is kept at
required optimum values through reduction in volatile fatty acid accumulation and alkalinity
levels. Macro nutrients (P, N and S) have been reported as a vital buffering agent to ensure
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process stability by avoiding rapid change in the pH level (Schattauer et al. 2011; Lo et al. 2012).
Moreover, micro nutrients serve the purpose of co-factors in enzymatic reactions responsible
for methane production as explained in review by Schattauer et al. (2011) and Lo et al. (2012),
but Lo et al. (2012) reported that excessive concentrations of macro and micro nutrient will result
in inhibition of the AD process.
The importance of some of the micro and macronutrients has been mentioned in literature
ranging from Fe used in the transport system of the methane forming bacteria for the conversion
of carbondioxde to methane and as a binding factor in sulphide precipitation in anaerobic
digesters which helps in controlling the concentration of hydrogen sulphide in biogas production
in the AD (Vintiloiu et al. 2013; Gustavsson et al. 2013a); Cobalt (Co) also serve as a binding
agent to sensitive coenzyme required in speeding up the

methane production in both

acetoclastic methanogenic and hydrogenotrophic bacteria during methanogenesis and
hydrolytic anaerobic digestion stages (Schonheit et al. 1979; Kida et al. 2001); Mn serve as
electron acceptor in anaerobic respiration processes (Langenhoff et al. 1997); Zn acts as
activator of enzymes involved in methanogenesis such as coenzyme M methyltransferase
(Sauer and Thauer 2000) and Zn, Cu, and Ni have all been equally present in a single
hydrogenase (Jarrell and Kalmokoff 1988); also, the F430 enzyme in methane-forming bacteria
contains nickel and the addition of nickel can increase acetate consumption rate of methaneforming bacteria; while trace metal like W and Mo are were present in enzymes such as formate
dehydrogenase (FDH), which catalyses formate production by propionate oxidizers (Dong et al.
1994; Fermoso et al. 2009; Banks et al. 2012). Literature has also provided that the
concentration of N and P in the digester can be estimated from the COD of the feed sludge in
the anaerobic digester and COD: N: P of 1000:7:1 and 350:7:1 have been reported for highstrength wastes and low loadings and C/N value of at least 25:1 has been proposed for optimal
gas production (Gerardi 2003). Raposo et al. (2011) stated that trace inorganic elements such
as iron, nickel, cobalt, and zinc must be in desired concentrations to initiate the digestion
process. Also, because wastes generated vary in their nutrient content concentration, therefore
effective operation of AD will require not just correct concentration of inorganic elements present
as supplements but also the AD design capacity and the nature of the wasted activated sludge
(WAS).
Experimental study revealed that a shortage in nutrient (< 0.1mg Ni2+/kg and < Co2+/kg in wet
basis) at an organic loading rate (OLR) of greater than 2.6g total solids per litre per day, did not
optimise methane production from digested maize silage under a mesophilic condition.
However, an increase in the Ni and Co content between 0.6 and 0.05mg/kg, at an OLR of about
4.3gTS/l/d was found to optimise the methane production by stabilising the digester efficiency
(Pobeheim et al. 2011). The impact of Fe, Co and Ni, on methanol Upflow anaerobic sludge
blanket (UASB) reactor was evaluated (Zandvoort et al. 2003) and methane production rate
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increased from 156mg/CH4CODg/VSS/d to 1291156mg/CH4 CODg/VSS/d. Further studies, on
the impact of Fe powder on rusty scrap in wasted activated sludge (WAS) was conducted and
result revealed improved methane production with all Fe added ( Zhang et al. 2014). Appendix
C (Table C1) further reveals past research assessment of the impact of stimulatory and
inhibitory concentrations of metals on anaerobic biomass and their role in methanogenesis.

2.2.2.5 Volatile fatty acid (VFA)
The various amount of VFA within an anaerobic digestion process have demonstrated
significant impact on different stages of anaerobic digestion (AD); the hydrolysis, acidogenesis
and biogas production (Schamber et al. 2005). Siegert and Bank (2005) stated that apart from
pH, VFA of the reactor hinders the cellulolytic activity at concentrations ≥2 g/L. It was further
added that the rate of cellulose hydrolysis and the glucose fermentation is also affected above
4 g/L thereby having inhibitory effects on the production of biogas. It was observed from this
investigation that CH4 to CO2 ratio gives much difference above 6 g/L VFA if cellulose and
glucose is used as major source. Komisar et al. (1998), added that co-digestion of cellulose
waste material with paper as primary substrate, biogas production was reduced more than a
half due to 1 g/L initial VFA, showing inhibition of the hydrolysis process. It was further concluded
that glucose as primary substrate biogas production was more than halved when VFA was
above 8 g/L which indicated that the digestion process was less sensitive to inhibition by VFA.
The build-up of VFA caused in unstable microbial groups, which led to collapse of the anaerobic
digestion in the anaerobic digestion reactor (Vijayaghavan et al. 2012; Labatut et al. 2011).

2.2.2.6 Carbon-Nitrogen (C/N) Ratio
Nitrogen is the foremost nutrient for the development of microorganisms and the concentration
of nitrogen uptake by the aerobic and anaerobic bacteria differs in relation to their nature. The
C/N ratio explains the nutrient levels of a digestion substrate in ADP and as such digestion
systems are sensitive to C/N ratio. A high C/N ratio causes a low protein solubilisation rate and
leads to low total ammonia nitrogen and free ammonia concentrations within AD (Zhang et al.
2013). Thus, ammonia hindrances may be avoided by optimizing the C/N ratio in the AD
process. However, an excessively high C/N ratio provides inadequate nitrogen to sustain cell
biomass and leads to fast nitrogen degradation by microorganism, resulting in lower biogas
production but for solid wastes with a high C/N ratio, the ammonia inhibition effect can be
controlled by dilution with water, because of its reductions in the concentration of ammonia
toxicity (Punal et al. 2000). Substrates with an extremely low C/N ratio increase the risk of
ammonia obstruction, which is toxic to methanogenic bacteria responsible for biogas production
and causes inadequate use of carbon sources. Microorganisms in anaerobic digestion use the
carbon 25–35 times higher than nitrogen and hence optimal digestion, the ratio of the carbon to
nitrogen should be about 25–30:1 in the substrate (Kondusamy and Kalamdhad 2014; Yen and
Brune 2007). The concentrations of carbon and nitrogen indicate the performance of the
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anaerobic digestion process (Yen and Brune 2007). Whereas carbon acts as the energy source
of the micro- organisms and nitrogen plays a role in enhancing the microbial population.
Nitrogen can be used in two ways by the microorganisms in anaerobic digestion such as
absorption where nitrate as an electron acceptor is converted to nitrogen gas (denitrification)
and reduction reactions where nitrate has been converted to ammonia (ammonification) (Mao
et al. 2015). Therefore, increased nitrate leads to ammonification while reduced nitrate leads to
nitrogen deficiency. This makes nitrogen a key controlling factor for microbial population in AD
and major limiting nutrient in treatment of municipal solid waste, since low nitrogen content will
mean less microbial population which increases the duration to degrade the available organics.

2.2.2.7 Mixing
Mixing increases the efficiency of the digestion process by ensuring a good spread of bacteria,
substrate, and nutrients with proper temperature equalization in the anaerobic digestion unit.
The degradation activities of acetogenic bacteria and methanogenic bacteria in the anaerobic
digester usually depends on the proximity of the bacteria. The slow and gentle mixing provides
for efficient hydrolysis of wastes and production of organic acids and alcohols by acidogenic
bacteria (Gerardi 2003). The Mixing action can be achieved either through mechanical means
or gas recirculation. These methods comprise of external pumps, gas injection or recirculation
from the floor or roof of the digester, propellers or turbines, and draft tubes. On one hand, the
mechanical mixers are more effective than gas recirculation, but on the other hand can become
blocked or polluted with digester solids. The Figure 2.45 and 2.46 shows two mixing styles with
the former involving heating with limited mixing through the recycling of sludge in a heat
exchanger called an intermediate style and the latter as a rapid style involving heating and
complete mixing with significant volatile solids destruction achieved.
Some materials have been removed from this thesis due to Third Party
Copyright. Pages where material has been removed are clearly marked in the
electronic version. The unabridged version of the thesis can be viewed at the
Lanchester Library, Coventry University.

Figure 2.45. Intermediate style of mixing (Gerardi 2003)
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Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic
version. The unabridged version of the thesis can be viewed at the Lanchester
Library, Coventry University.

Figure 2.46. Rapid (high rate) mixing style (Gerardi 2003)
The mixing regime must equally be continuous to achieve significant volatile solid destruction
but is cost challenging and potential washout of methanogenic bacteria during rapid mixing is
pertinent and affects the desired retention time in the digesters. However, Gerardi (2003)
reported a better approach of a routine mixing of digester content with three to six periods of
mixing per day of 1 to 3-hour duration for each mixing period.

2.2.2.8 Alkalinity and pH
The pH of the digester affects the ADP and the performance of the anaerobic digestion
mechanism. It has been stated in literature that methanogenic bacteria thrive within pH range
of 6.5–8.2 and optimum pH 7.0 which ensures that satisfactory buffering capacity (alkalinity) is
present to neutralize the organic acids within the AD (Lee et al. 2009; Eastman and Ferguson
1981; Sosnowski et al. 2002). Also confirmed is the optimal range of pH for attaining maximal
biogas production in AD within the range of 6.5–7.5. It was added that the pH range is relatively
comprehensive in activated sludge plants and the optimal value of pH varies with substrate and
digestion procedure (Liu 2008). The growth rate of methanogenic bacteria significantly reduced
at pH below 6.6, and the metabolic activity of methanogenic bacteria decreased at a greater or
lesser pH (Zhang et al. 2009). Fang and Liu (2002), added that significant abundance of
microbial species has been noticed to increase from 6 at pH 4.0 to 14 at pH 7.0. The optimum
pH of acidogenesis was between pH 5.5 and 6.5 (Kim et al. 2003) and this explain why the twostage AD process separating the hydrolysis/acidiﬁcation and acetogenesis/methanogenesis
processes is the preferred mode of operation. The pH changes due to process parameters for
example volatile fatty acid (VFA), bicarbonate concentration, and alkalinity of the AD and by
fraction of carbondioxide (CO2) produced during the AD process. In sustaining a constant pH
value, it is essential to control the association between the VFA and bicarbonate concentrations
(Zhang et al. 2011). But in regulating the pH, sodium bicarbonate (NaHCO3) and sodium
hydroxide (NaOH) were added in the continuous reactor during initial anaerobic digestion period
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and suggested as a potential strategy (Goel et al. 2003). In Figure 2.47, the pH has been
reported as a limiting factor in the VFA composition (Fang and Liu 2002). Subsequent studies
were conducted and pH level of 6.0 was provided and a resultant hydrolytic enzyme degradation
was the highest with a corresponding highest VFA concentration, soluble chemical oxygen
demand (SCOD) concentration and VFA/SCOD ratio and the lowest VS levels (Jiang et al.
2011). Further research studies showed a positive correlation (P = 0.01) between hydrolysis
and pH (Zhang et al. 2009).
Some materials have been removed from this thesis due to Third Party Copyright. Pages
where material has been removed are clearly marked in the electronic version. The
unabridged version of the thesis can be viewed at the Lanchester Library, Coventry
University.

Figure 2.47. Volatile fatty acid composition based on carbon basis affected by pH (Fang and
Liu 2002).

Numerous chemicals (Anhydrous ammonia, hydrated lime, quick lime, caustic soda, sodium
ash and sodium bicarbonate) can be added to an AD to maintain adequate pH and alkalinity.
The selection of choice of chemical is a function of some factors like handling, cost, safety,
storage, and requirements for feeding the chemical to the digester. However, if the pH within
the AD is greater than the optimum range, ammonia toxicity may happen. Ammonia in the
digester may be in the form of ammonium ions (ionized ammonia-NH4+) or dissolved ammonia
gas (non-ionized ammonia-NH3). As soon as, AD pH is 7.2 or less, the existence of NH4+ is
preferred. When the digester pH is greater than 7.2, the presence of NH3 is favoured. However,
the dissolved ammonia gas is toxic to bacteria, especially methane forming bacteria responsible
for production of biogas. Ammonia toxicity can be reduced if the digester pH is maintained within
the optimum range of 6.8 to 7.2 and the ammonia-nitrogen concentration does not rise into the
range of 1500 to 3000 mg/l (Gerardi 2003). Another challenge attributed to increased ammonianitrogen or alkalinity is foam and scum production which is usually observed at the initial stage
of anaerobic digestion process. In an anaerobic digester, if the feed sludge to the anaerobic
digester does not contain alkali compounds or precursors of alkali compounds, alkalinity must
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be added to the digester to maintain stable and acceptable values for alkalinity and pH. The
amount of alkalinity to be added may be dependent on organic acid production volume of the
sludge feed (1 g of volatile acids per gram of volatile solids). Examples of chemicals used for
addition of alkalinity include; sodium carbonate, potassium carbonate, sodium carbonate (soda
ash), calcium carbonate (lime), calcium hydroxide (quick lime) and anhydrous ammonia gas.
Other impact of pH can be explored from its effect on trace metal speciation in AD. Researchers
have concluded that medium pH can impact solution phase metal concentration. Trace metals
with high pH have the capacity to form insoluble metal phosphates and carbonates (Rensing
and Maier 2003), but on the contrary Zandvoort et al. (2005) and Gonzalez-Gil et al. (2012) has
further added that at low pH the initial discharge of metals takes place with increased solubility
for metal bioavailability.

2.2.3 Anaerobic Digestion Stages
The anaerobic digestion process and production of biogas is divided into three stages. The
stages are used to show the categorization of microbial process that occur during the anaerobic
digestion process (ADP) and the production of methane and carbodioxide called biogas for
continuous power generation (Mao et al. 2015; Christy et al. 2014; Lyberatos and Skiadas 1999;
Gerardi 2003). Figure 2.48 shows typical ideal anaerobic digestion process in a WWTP.
Some materials have been removed from this thesis due to Third Party Copyright.
Pages where material has been removed are clearly marked in the electronic
version. The unabridged version of the thesis can be viewed at the Lanchester
Library, Coventry University.

Figure 2.48. Three stages in anaerobic digestion process (Gerardi 2003)
Step 1-Hydrolysis
In the Anaerobic digester complex, insoluble organic compounds such as proteins,
polysaccharides and fats that compose the cellular mass of the microorganisms are converted
into simplistic organic and inorganic compounds (peptides, saccharides and fatty acids) that are
soluble in water by hydrolytic microorganisms like clostridia, fusobacterium, selenomonas and
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streptococcus) (Kondusamy and Kalamdhad 2014; Noike et al. 1985). The slow hydrolysis and
solubilisation reaction is conducted by exo-enzymes secreted by obligate or facultative
fermentative bacteria, which is a key limiting factor in the rate of anaerobic digestion process
(Mata-Alvarez et al. 2000; Kaseng et al. 1992). The exo-enzymes (cellulase, lipase, amylase,
protease, glycosidase and esterase) during the hydrolytic reaction converts polymers into
soluble monomers by breaking the chemical bonds joining the large insoluble molecules
consisting of many small molecules called polymeric substances. The lipases hydrolyse the
ester bonds of lipids to produce fatty acid and glycerol, while protease hydrolyses the protein to
amino acids and amylase converts carbohydrate to simple sugar (Cirne et al. 2007; Lai et al.
2001). Cellulose is an insoluble starch that is usually present in primary and secondary urban
wastewater sludges. Cellulose may make up approximately 15% of the dry weight of the sludges
(Gerardi 2003). Cellulose consists of many sugar units of glucose (C6 H12 O6) joined together
by chemical bonds. However, glucose is soluble in water, but the linkages of many units of
glucose together by chemical bonds cause the formation of insoluble polymer cellulose. The
Equation 2.67 shows the hydrolytic reaction in which exo-enzymes catalyses the complex
organic molecules into simplistic organic and inorganic compound, while Equation 2.68 shows
many molecules of glucose formed when cellulose is hydrolysed (Mata-Alvarez et al. 2003;
Gerardi 2003). Hydrolysis of cellulose by the enzyme complex cellulase yield glucose,
hemicellulose degradation results in monosaccharide- ides such as xylose, glucose, galactose,
arabinose and mannose.
C6 H10 O4 + 2H2 O → C6 H12 O6 + 2H2

(2.67)

(C6 H12 O6 + 2H2 O)n → nC6 H12 O6

(2.68)

Step 2- Acid forming (Acidogenesis)
In the acid-forming step, Hydrolytic and acidogenic microorganisms are growing about ten times
faster than methanogens. The soluble compounds generated through hydrolysis and released
to the anaerobic digester are degraded by numerous facultative anaerobes and anaerobes
through many fermentative reactions. Acidification is known to be the quickest reaction in the
anaerobic conversion of complex organic matter in liquid phase digestion (Christy et al. 2014;
Mosey and Fernandes 1989). The degradation of these compounds during acidogenesis results
in the production of carbon dioxide, hydrogen gas, alcohols (butanol, ethanol, propanol, and
methanol), organic acids (acetic, propionic and butyric), some organic-nitrogen compounds, and
some organic-sulphur compounds (Kalyuzhhnyi et al. 2000; Gujer and Zehnder 1983).
However, the most vital reported in literature of the organic acids is acetate (Gerardi 2003).
Equation 2.69-2.71 shows the typical acidification reactions. However, in Equation 2.69, glucose
is transformed to ethanol and further conversion produced propionate (Equation 2.70) and finally
in Equation 2.71, acetic acid was produced.
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Acid Forming Bacteria

C6 H12 O6 ↔

CH3 CH2 OH + 2CO2

Acid Forming Bacteria

C6 H12 O6 + 2H2 ↔

Acid Forming Bacteria

C6 H12 O6 ↔

CH3 CHOOH + 2H2 O

CH3 COOH

(2.69)
(2.70)
(2.71)

The pH of 4.5 to 5.5 is beneficial environment for acidogenic and acetogenic bacteria to thrive
during anaerobic digestion (Christy et al. 2014). The Acetate produced during acidification is the
principal organic acid (volatile acid) used as source of food by methane-forming bacteria and
Carbon dioxide and hydrogen can be transformed directly to acetate or methane in the
methanogenic stage of ADP. Other alcohol, organic –nitrogen compounds and organic acids
used as substrate directly by methanogenic bacteria includes; formate, methanol and
methylamine while the ones used indirectly when degraded to acetate by fermentative
anaerobes are ethanol, butyrate and propionate (Demirel and Yenigun 2002). The presence of
organic-nitrogen compounds and organo-sulphur compounds is attributed to the degradation of
amino acids and proteins. Also, some of the organic compounds are converted to organic acids
and alcohols, and some are converted to new bacterial cells (Geradi 2003). It is only in methane
formation or the methanogenic stage that degradable organic compound is transformed into
methane and carbon dioxide.
Step 3- Acetogenesis
Acetogenic bacteria in the acetogenic step of ADP are strict anaerobes with a slow growth rate
and sensitive to both fluctuation in organic loading and environmental variations. They have an
optimum pH of about 6 and are restrained from anoxic environment and utilize a pathway termed
acetyl coenzyme A pathway which consist of enzymes exceptionally sensitive to oxygen (Wood
and Ljungahl 1991). They require long lag periods for adjustment to new environmental
conditions (Xing et al. 1997). The accumulative hydrogen concentration in the liquid will lead to
accumulation of electron sinks (lactate ethanol, propionate, butyrate and higher volatile acids)
which methanogenic bacteria struggle to absorb directly and hence further degradation is
required by obligate hydrogen producing acetogenic bacteria (Bjornsson et al. 2000). The
obligate hydrogen producing acetogenic bacteria degrade the electron sinks to acetate, carbon
dioxide and hydrogen and this process is termed acetogenesis and must occur for efficient
biogas generation. Acetogens make syntrophic relationships with hydrogen-consuming
methanogens since they rely on low hydrogen partial pressure for their degradation (Salminen
et al. 2000; Schink 1997).
The methane required in the acetogenic process can be produced first through fermentation of
acetic acid to methane and carbon dioxide by acetoclastic methanogens in Equation 2.72 and
using CO2 as a source of carbon and hydrogen as a reducing agent by hydrogen trophic
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methanogens as given in Equation 2.73. The same approach can be used in hydrolysing CO 2
to carbonic acid and to methane as given in Equation 2.74-2.75. The two most common
methanogenic bacteria found in biogas digesters reported in literature are methanobacterium
and methanothermobacter. On the contrary, CO2 in the biogas is unwanted and is usually
eradicated for best efficiency of biogas as biofuel. Kondusamy and Kalamdhad (2014) as added
that the CO2 is eradicated by passing the gas into lime water which turns milky due to formation
of calcium carbonate. H2S is also another unwanted in the biogas due to presence of sulphate
in the substrate during ADP. However, percentage of H2S present in biogas varies as a function
of the sulphate percentage.
Acetoclastic Methanogens Bacteria

CH3 COOH ↔

Reduction

CO2 + 4H2 →

CH4 + 3H2 O

Hydrolysis

CO2 + H2 O →

H3 CO3

Reduction

4H2 + H2 CO3 →

CH4 + CO2

(2.72)
(2.73)
(2.74)

CH4 + 3H2 O

(2.75)

Step 4- Methanogenesis
In the methanogenic step of ADP as given in Equation 2.76, methane (CH4) is formed normally
from acetate and carbon dioxide and hydrogen gas. The products of the acid fermentation
(acetic acid) reaction are converted into CO2 and CH4 by acetoclastic methanogens and the
resultant methane is mainly desorbed in the liquid phase (Ostrem 2004). The Acids, alcohols,
and organic-nitrogen substances that are not degraded by methanogenic bacteria accumulate
in the anaerobic digester supernatant. The accumulation of these substances is responsible for
the relatively high organic strength (carbonaceous biochemical oxygen demand- cBOD) of the
supernatant.
Methane Forming Bacteria

CH3 COOH →

CH4 + CO2

(2.76)

Methanogens are very sensitive to changes and prefer slightly alkaline environment between
pH 6.8 and 7.2 (Gas Technology 2003; Gerardi 2003). In contrast, If the pH falls below 6
methanogenic bacteria activities is hindered in the digester. Therefore, Methanogenesis
becomes the rate controlling factor of the anaerobic digestion process (Davis and Cornwell
1998). Provided that the working velocity of acid-forming bacteria and methanogenic bacteria
are approximately the same, the degradation activity of the methanogenic step is secured. If the
methanogenic step is secured, the acids are degraded and a slightly alkaline medium is
achieved due to the formation of ammonia (NH2) from amino groups (–NH2) that are released
through the degradation of proteins and amino acids (Gerardi 2003). Ammonia released in the
sludge often reacts with carbon dioxide and water, resulting in the production of ammonium
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carbonate that provides alkalinity to the system (Equation 2.77). The ammonium carbonate is
available to react with the volatile acids that are present in the sludge. This reaction results in
the production of volatile acid salts (Equation 2.78).
NH3 + CO2 + H2 O → NH3 HCO3

(2.77)

NH3 HCO3 + RCOOH ∗ → RCOONH4 + H + + HCO3 −

(2.78)

Where,
R = non-carboxyl (-COOH) part of the volatile acid
The degradation of complex organic compounds to methane will be rapid if the compounds can
be converted to substrates usable by methane-forming bacteria. Within the anaerobic
conversions and degradations of organic compounds, the production of acetate is the ratelimiting step or “bottle neck” in the final degradation of complex organic compounds. For organic
compounds that are poorly biodegradable, the hydrolysis stage may become the rate-limiting
step.

2.2.4 The Impact of chemical dosing on Activated Sludge digestibility
Surplus activated sludge (SAS) generated from municipal wastewater treatment plant (WWTP)
is a challenge with growing significance because of its enormous production, associated
environmental pollution, high cost for sludge treatment and disposal ( Feng et al. 2014).
Anaerobic digestion (AD) process as stated in section 1.1 is the most energy saving option for
sludge (SAS) reduction and stabilisation, and biogas waste product as a potential biofuel may
decease sludge treatment cost (Wang et al. 2013b). The anaerobic digestion stages has been
earlier covered in section 2.2.3. As earlier stated in section 1.1 CPR has been reported to cause
an increased volume of sludge between 37% and 97% (Yeoman et al. 1988). This is due to
most WWTPs in Europe using CPR to achieve their effluent P consents using mainly aluminium
(Al3+), ferric (Fe3+) and calcium (Ca2+) salts for precipitation of phosphorus ( Ojo and Ifelebuegu
2016; Ge et al. 2018; Ojo and Ifelebuegu 2019a; Wilfert et al. 2015). Therefore, the CPR
processes are likely to impact downstream processes due to the increased weight of metal salts
(Al3+, Fe3+ and Ca2+) used in the processes. Supportive evidence on the direct impact of
coagulants (Al3+, Fe3+ and Ca2+) on anaerobic digestibility will be investigated in this section
2.2.4.
Phosphorus is one of the nutrients in WWTP responsible for eutrophication and its discharge to
receiving waters is strictly regulated globally (less than 1mgP/l) by urban wastewater treatment
directive 1991 (Ojo and Ifelebuegu 2016; Kroiss 2011; European Commission 2000; Smith and
Carliell-Marquet 2008, 2009). The generation of sulphide in conveyance systems like sewers
has been known to cause concern in wastewater treatment process due to odour, corrosion and
health hazard challenges (Thistlethwayte 1972; USEPA 1974; Boon 1995; Hvitved-Jacobsen
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2002; Zhang et al. 2008). Iron salts (ferric or ferrous ion) are frequently added to sewers as
chloride salt (Jameel 1989; Nielsen et al. 2005), sulphate salts (USEPA 1974) or nitrate salt
(Padival et al. 1995) for reducing hydrogen sulphide (H2S) discharge to sewer air (Nielsen et al.
2005). Iron (II) (Fe2+) salt removes sulphide by precipitating it as ferrous sulphide (FeS), while
Fe3+ salt oxidizes sulphide to sulphur with Fe3+ being reduced to Fe2+, which then precipitates
sulphide to produce FeS (Nielsen et al. 2005). Iron salts are often added to wastewater
treatment plants (WWTP) to precipitate phosphate as insoluble ferric hydroxyl-phosphate
complexes and ferric chloride is most commonly used for P precipitation in activated sludge
plants (Rasmussen and Nielsen 1996; Nielsen et al. 2005) but ferrous salts may also be used
(Singer 1972; Jameel 1989). Ferric Iron as ferric hydroxide is assumed to be active compound
for phosphorus precipitation (Leudecke et al. 1989) and hence it is vital to keep Fe in the
oxidised form in wastewater treatment plants (WWTP) to avoid Iron reduction. Simultaneous
dosing of ferrous and ferric salts has been shown as a more effective method for P removal
than the dosing of a single iron form (Tomar and Abdullah 1994; De Haas et al. 2000a). The
anaerobic degradation process in WWTP involving Iron and Sulphate reduction can cause
disintegration of the activated sludge flocs resulting in deteriorated dewaterability characteristics
during the storage of activated sludge before the dewatering process (Rasmussen et al. 1994).
Rasmussen and Nielsens (1996) study observed that iron reduction in activated sludge after
extraction with HCL, oxalate or ferrozine showed a significant release of phosphate into bulk
water in an anaerobic biological-P tank and anaerobic storage of sludge before dewatering due
to EPS more affinity for Fe (III) than Fe (II) which makes them bound in the sludge floc matrix.
Clark et al. (2000) reported that the little reduction in efficiency of BOD5. COD removal and
suspended solids (SS) observed when doses of 2:1 (molar ratio Fe: P) for Fe (II) and 1.75:1
(molar ratio Fe: P) for Fe (III) was added to the pre-mixing zone consisting of settled sewage,
return activated sludge (RAS) and final effluent is due to the excess growth of filamentous
bacteria. Iron salts are used to enhance activated sludge settling characteristics (Bowen and
Dempsey 1992) and optimisation of activated sludge plant performance, by the removal of
organic compounds (humic substances) (Lefebvre and Legube 1990) and other nutrients
(Crozes et al. 1995).
Scott (1973) added that iron salts benefit over other precipitants as low cost and sludges that
are easy to dewater. Nielsen and Keiding (1998) further commented that Fe (III) has better
flocculating properties than Fe (II), owing to the lower solubility and the higher valence of Fe
(III), since overall the trivalent cations will flocculate better than divalent cations. Philips et al.
(2003) reported the impact of iron salts on activated sludge and its interaction with nitrite or
nitrate and findings showed that continuous dosing of ferrous or ferric iron salts to activated
sludge produces a progressive inhibition of total nitrifying activity. The observed toxicity could
be partly attributed to the drop in pH caused by the formation of iron hydroxides or the negative
effect of ferric iron on the floc structure. However, Nitrate was reported to neutralize the negative
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effects of the iron salts which influenced activated sludge performance. Lees et al. (2001)
investigations revealed that the presence of Fe (III) resulted in formation of denser flocs which
were smaller than the control. Conversely, Caccavo et al. (1996) reported that 1–2.5 millimoles
(Mm) Fe (III) flocculated autoclaved activated sludge better than Fe (II).
It has been reported that ferric iron has a high affinity for protein (Murthy et al. 2000; Muller
2001; Novak et al. 2003). Murthy et al. (2000) demonstrated that iron (III) salts selectively
coagulated protein in solution produced from auto thermal thermophilic aerobic digesters. Muller
(2001) compared the efficiencies of iron (III) and iron (II) salts for coagulation of solution protein
and found that the former worked more effectively than the latter. There is limited information
present for the specific role of aluminium in activated sludge floc. Some investigations about
aluminium were found in the field of water treatment and aluminium salts are often used as
coagulants for removing natural organic matters in water treatment plants. The addition of iron
(Fe) has shown to be a popular option for chemical P removal (CPR) in water and wastewater
treatment plants(WWTP) for evaluating the impact of iron on anaerobic digestibility but negative
impact on the downstream process of anaerobic digestion (AD) in wastewater treatment
(WWTP) through reduction of the volume and/or quality of biogas produced has been reported
(Dentel and Gossett 1982; Gossett et al. 1978; Johnson et al. 2003; Kindzierski and Hrudey
1986; Rudolfs and Setter 1931; Rudolfs et al. 1932; Smith 2006; Smith and Carliell-Marquet
2008; Van Fleet et al. 1974; Yeoman et al. 1990). A volume reduction by 12-20% (biogas) and
10-22% (CH4 ) during the anaerobic digestion process (ADP) has been attributed to lower
concentrations of bioavailable Fe and P in Fe dosed sludge which was found to hinder ability of
microbes to breakdown organics substrate especially proteins (Smith and Carliell-Marquet
2008, 2009).
Ofverstrom et al. (2010), reported a comparative investigation involving the relative digestibility
of Iron-dosed and Aluminium-Iron-dosed sludge with un-dosed sludge. The experiments were
conducted in triplicates and the findings showed that Iron and Aluminium negatively impacted
anaerobic digestion process by reducing the volume of biogas produced. Iron-dosed sludge
produced 20-50% less biogas and Aluminium-Iron-dosed sludge produced 30-40% less biogas
in comparison to the same un-dosed sludge. VS destruction decreased during dosing of Iron
and Aluminium salt. The addition of Aluminium salt into Iron-dosed sludge mixture increased
biogas production up to 10-20% compared to biogas production from Iron-dosed sludge.
The addition of zero valent iron (ZVI) was shown to improve production of volatile fatty acids
(VFAs) by 37.3% during the hydrolysis and acidification stage of anaerobic digestion (Feng et
al. 2014). Additional result of 43.5% methane production with 20g ZVI/L gave further description
to anaerobic degradation and concluded that this was due to the activities of major enzymes
related to hydrolysis and acidification were enhanced after adding ZVI. Iron salt added to high
rates activated sludge was described to stabilise the digestion of kitchen waste and this
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improvement was attributed to a high content of Fe in high rate activated sludge (Vrieze et al.
2013). The Fe-rich activated sludge (1350 mg Fe/L) was argued to be an effective co-substrate
which enhanced methane generation by 32.6% compared to a mono-digestion reactor fed with
kitchen waste under a mesophilic state (Choong et al. 2016; Vrieze et al. 2013). Iron salt (ferric)
has been added directly into wastewater digestion system and 65% removal of hydrogen
sulphide (H2S) known for difficult odour causing products was achieved (Choong et al. 2016;
Park and Novak 2013). This removal of H2S was attributed to the consumption of the bisulphide
(HS-) metabolic substance produced by the sulphate reducing bacteria through the precipitation
of ferric sulphide (FeS), which will cut down on the cost implication involved in the processing
H2S removed to obtain biogas. Zero valent scrap iron (ZVSI) is used to stimulate the anaerobic
digestion of sludge and highest methane yield of 174.9 ± 1.5mL/g VSSfed with ZVSI 1.0 g/g VSS,
increasing by 38.3% has been reported to improve the methanogenesis by acting as electron
donors and creating favourable environment (pH environment and low hydrogen concentration)
that further optimises the hydrolysis, acidogenesis rate and overall methane production (Zhen
et al. 2015).

Novak (2010) reported that Iron and aluminum were added to waste activated sludge (WAS) to
simulate the dosing of iron (Fe3+) and aluminium (Al3+) for chemical phosphorus removal in the
activated sludge system. Iron was also added directly to the combined primary and secondary
sludge prior to anaerobic digestion. Result revealed that the volatile solids destruction by
anaerobic digestion (AD) reduced by approximately 2% when aluminum was added to the WAS
for phosphorus control. However, the volatile solids destruction by anaerobic digestion was
unaffected or increased slightly when iron was added to the WAS for phosphorus control. Other
findings was that the total volatile organic sulphur concentration (TVOSC) generally reduced for
both iron and aluminum dosed sludge, but iron resulted in the highest reduction.
Ofverstrom et al. (2011a,b), reported the effects of adding iron salt on the digested primarywaste activated sludge mixture through experimental studies and result showed that the
anaerobic digestion of Fe-dosed sludge with minimum dose (Fe concentration of 0.84gFe/L )
resulted similar biogas production as from un-dosed sludge mixture. The average biogas
production was 1.20 L/g volatile solid (VS) fed. In contrast, Fe-dosed sludge with maximum dose
produced 30% less biogas in comparison with biogas production from un-dosed sludge. The
average phosphate content in digested sludge liquor from un-dosed sludge increased by 38%
due to the solubilization of phosphate during anaerobic digestion. It is essential not to overdose
Fe salt during sludge digestion because higher Fe salt doses could negatively impact biogas
production.

Liu et al. (2012) proposed an innovative approach for improving anaerobic wastewater treatment
by adding ferric powder (Fe0) in an acidogenic reactor. The hydrolysis stage was speeded and
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extent of volatile fatty acid (VFA) (1170-1340mg/L), COD removal (45-56%), and the
acetogenesis and methanogenesis process were improved. This improvement was attributed
to the dosed Fe powder in the wastewater content in the acidogenic reactor which increased
the abundance of acidogenic and methanogenic bacteria in the reactor.

Zhang et al. (2015b) showed that after heat and alkali pre-treatment, the dosed waste sludge
with zero-valent iron (ZVI) was used to enhance the methanogenic activity in an anaerobic
sludge digester under two methanogens-suppressing conditions, i.e. heat-pre-treatment and
alkali condition respectively. The result indicates that ZVI shortened the lag time of methane
production and increased the methane yield by 91.5% and volatile suspended solid (VSS)
removal increased from 44.4% to 60.06% after the digestion at pH 10 and degradation rate of
acetate and hydrogen were increased by ZVI, and both the acetogenesis and methanogenesis
stage of anaerobic digestion were optimised.

Abbott and Eskicioglu (2015) explained that highly odorous and toxic volatile sulphur
compounds (VSCs) in AD biogas can limit wider implementation and the impact of metal salt
(ferric chloride, alum and magnesium hydroxide) on anaerobic digestion stability and odour were
investigated. It was reported that Ferric chloride was very effective (87%) in reducing odorous
VSCs produced during AD, Alum was reported with a negative impact as alum increased VSC
levels by 920% (negative effect) but magnesium hydroxide dosing showed no appreciable
impact on biogas VSC concentration. Abdelsalam et al. (2016) reported the optimisation of
biogas production and reduction of lag phase of anaerobic digestion by adding nanoparticles.
Result showed that by adding 1-20mg/L cobalt (Co), nickel (Ni), iron (Fe), iron II, III oxide (Fe3O4)
nanoparticles the biogas produced could be improved by 1.5 to 1.8 times.

Kumar et al. 2016 reported the effect of calcium chloride on abating inhibition due to volatile
fatty acids during the start-up period in anaerobic digestion of municipal solid waste (MSW) and
result showed that the addition of calcium chloride (CaCl2) during anaerobic digestion (AD) of
MSW is crucial to improve its efficiency. Within an optimum concentration of 2.5g/L CaCl 2, the
AD process performance was enhanced but at higher concentration of CaCl2 (>5g/L), the
hydrolysis process seems to have been inhibited thus affecting the performance of AD process.
The effect of calcium on the anaerobic digestion treating swine wastewater has been reported
(Ahn et al. 2006). The result showed the digestibility of Ca-dosed sludge, with total biogas
production been maximum at calcium dosing concentration of 3g/L.
Lar et al. (2010), investigated the inﬂuence of calcium and iron supplementationson the yield of
methane in batch anaerobic digester treating dairy manure under mesophilic conditions. Result
showed that both calcium and iron have a positive impact on methane production. The increase
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in biodegradation during calcium dosing was attributed to the ability of calcium to enhance the
initial adhesion of the cells through exo-cellular polymers, which bind to divalent metals. This
will further result in calcium getting embedded into the dairy manure sludge extracellular
polysaccharides (EPS) and proteins, leading to an increased mass transfer. Calcium likewise
has the ability to bridge between the electronegative carboxyl and phosphate groups associated
with bacterial surfaces which is responsible for the increase in the biodegradation rate.
However, excess calcium may lead to cementation due to precipitation causing a mass transfer
limitation (Tiwari et al. 2006), which is due to formation of calcium carbonate precipitates
blocking the inter-granular ores (Yu et al. 2001) which result in a decrease in the biodegradation
process.

The concentration of calcium with organic loading rate (OLR) of 60g/L up to 200mg/L and with
OLR 80g/L up to 2,500mg/L was effective to increase the ultimate biogas production. On the
contrary, the concentration of iron with OLR 60 g/L up to 300 mg/L and with OLR 80g/L up to
400mg/L was effective to increase the ultimate biogas production. Iron dosing may promote the
excretion of extracellular polymers and also have a positive inﬂuence on granulation, which
results in an increase in mass transfer and ultimately increases methane contents (Tiwari et al.
2006). Junoh et al. (2016) investigated the effect of chemical pretreatment (Ca(OH)2)
pretreatment on the enhanced biogas production of organic food waste. Result revealed that
COD solubilisation was optimized at 166.98 milliequivalent per litres (mEq/L) which is equivalent
to 6.1 g Ca(OH)2/L for 1 hour. The Calcium hydroxide enhanced up to 20.0% of specific methane
production compared to untreated food waste. Ji et al. (2017) reported the efficiency of copretreatment of Ca(OH)2 and steam explosion (SE) on the cumulative methane production of
corn stover (CS). Result showed that Co-treated CS of 1.0% Ca(OH)2 and SE at 1.5 megapascal
(MPa) provided the highest experimental methane yield (EMY) of 275.58mL/g vs, which
improved 61.54% compared to that of untreated CS. The highest EMY indicates that the mild
pretreatment condition of 1.0% Ca(OH)2 and SE at 1.5 MPa might be optimum. Nevertheless,
further comparison on the impact of CPR on AD and the Factors that influence precision of
laboratory Iron dosed sludge have been provided in Table C1 and C2 (Appendix C).

2.3 Activated Sludge Dewaterability
Activated sludge processes (ASP) have been extensively used for wastewater treatment in the
wastewater industry globally; however, the economic impact associated with the resultant huge
amount of surplus activated sludge (SAS) requiring both further unit process treatment and
disposal makes optimising dewaterability of activated sludge of great necessity (Neyens et al.
2004; Stickland et al. 2008; Feng et al. 2009; Curvers et al. 2009; Zhang et al. 2010b; Wang et
al. 2013a). ASP do not just generate SAS but SAS with over 90% water accounting for severe
environmental pollution (Niu et al. 2013). This makes the current study on the impact of chemical
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dosing (Al, Fe and Ca) on activated sludge dewaterability of utmost importance in wastewater
treatment, since reduction in cost of further treatment, sludge disposal and transportation can
be achieved through dewatering in the dewatering unit. The dewatering process also have the
benefit of improved sludge structure and agricultural benefit as a soil conditioner. The impact of
more stringent legislation (The Disposal of Sewage Sludge to Agricultural Land Directive86/278/EEC) necessitating sludges from wastewater treatment plants to be re-used wherever
possible and disposal routes to cut down on the concentration of heavy metals in sludges which
has adverse impact on the environment (Christensen and Dick, 1985). A proper dewatering
mechanism will reduce the effect of environmental pollution globally.
Moreover, increased industrialisation and population growth amounts to increased volume of
sludge flow requiring treatment and the resultant wasted activated sludge (WAS) otherwise
called surplus activated sludge (SAS) equally requires disposal. The cost of both treatment and
disposal has been reported to be equivalent to 60% of the total running cost of a WWTP
(Canales et al. 1994). Although, conventional approaches for sludge disposal (composting,
incineration and landfill) has been reported in literature (Mowla et al. 2013) but due to their
economic and environmental limitations, a more robust approach that deals with the issue of
SAS treatment and disposal becomes an interest in this current research. Also, overdosing of
coagulants may result in environmental and cost related issues in the wastewater treatment
supernatant generated during the sludge dewatering process. The residual coagulant in the
dewatered sludge cakes may pose a lasting risk to the environment particularly when the sludge
cakes are disposed through landfill option and landfill transportation cost apply (Van der Roest
et al. 1999). Furthermore, approximately 80% of water content of activated sludge is bound
water which is difficult to remove by conventional dewatering equipment namely; centrifuge and
filter press mechanism because of strong intermolecular forces between liquid-solid surfaces.
Hence, any dewatering optimisation strategy that reduces the volume of SAS bulk water in
surplus of 98% becomes profitable from both environmental and economic perspective. Wang
et al. (2010) stated that dewatering the sludge to 60% water portion will account for the cost
efficiency reduction in the amount of SAS produced. The general activated sludge floc structure
depends on both physical and chemical interaction between inorganic matter, extracellular
polymeric substances (EPS), multivalent cations and bacteria colony (Govoreanu 2004). Thus,
filamentous bacteria form the back bone for firm attachment of floc forming bacteria (Wanner
1994) and floc forming bacteria converts organic matter to extracellular materials (EPS) that
houses various bacteria and microbes (Keiding et al. 2001; Biggs and Lant 2000; Jin et al. 2003;
Wilén et al. 2003). EPS can exist as either tightly bound or loosely bound (Laspidou and Rittman
2002; Nelson et al. 1998). It is vital to mention that there exists a negative impact of filamentous
bacteria and EPS, the former has a protruding nature from the floc resulting in poor settleability
while the later binds the floc constituents together and water molecules strongly to solid surfaces
and detains them inside the floc (Urbain et al. 1993; Snidaro et al. 2006). EPS also accounts for
111 | P a g e

the maintenance of activated floc structure and functionability (Higgins and Sobeck 2002; Sheng
et al. 2006).
Literature has reported three key limiting elements in dewaterability of activated sludge; low
settleability of colloidal substances, high attraction of EPS for trapping water molecules (bound
water) and high compressibility of sludge solids (Mowla et al. 2013). EPS has the potential to
impact dewatering of activated sludge negatively (Yu et al. 2008; Nelson et al. 1998) but diverse
methods have been reported for optimising activated sludge dewaterability quality in previous
studies, including chemical coagulants like aluminium sulphate, ferric chloride, calcium
hydroxide, polyelectrolyte, surfactants and enzymes (Neyens et al. 2004 ; Van der Roest et al.
1999, Abu-Orf et al. 2007 and Ruiz- Hernando et al. 2013), Acids and surfactants (Chen et al.
2001), Fenton’s reagent pre-treatment (Lu et al. 2003; Tony et al. 2008), Microwave conditioning
(Wojciechowska 2005), mechanical pretreatment ( Hwang et al. 1997); Ultrasonication (Bien
1991; Bien and Wolny 1997; Neis 2000; Na et al. 2007; Feng et al. 2009; Gallipoli et al. 2014;
Gianico et al. 2013), Fry-drying technology (Ohm et al. 2009),calcined aluminium salt ( Zhen et
al. 2011; Devlin et al. 2011),ultra-rapid freezing (Parker and Collins 1999), bio-acidification ( Shi
et al. 2013; Song and Zhou 2008; Wong et al. 2004,2014); Ferrous activated persulfate
oxidation (Zhen et al. 2014b) and potassium ferrate (Ye et al. 2012). The neutralisation of
negative charge on the sludge floc and reduction of repulsive forces between sludge particles
has capacity to cause both bio-flocculation and release of bound water to the surrounding to
occur (Song et al. 2010). Also, without an enhanced comprehension of major sludge dewatering
pathway (energy and structural binding between water molecules and binding materials) it
becomes difficult to suggest the best strategy for optimising sludge dewatering process
(Houghton et al. 2001). The water in the activated sludge floc is classed as bound water and
free water (Hsu and Lee 1995). The boundwater is physically and chemically held to the floc
while the freewater is easily separated. Vesilind and Martel (1990);Colin and Gazbar (1995);
has reported different forms of water available in activated sludge structure namely; free water
(water not attached to solid particle), vicinal water (water physically bound to solid particles but
cannot be separated mechanically), interstitial water (water trapped within the floc and can be
released by breaking up the floc) and hydration water (water which are chemically bound to
solid particles but can be released only at temperatures > 105℃). On the other hand, the sum
of interstitial, vicinal and hydration water (Bound water) is the key limiting issue in optimisation
of the efficiency of activated sludge dewaterability process due to the excessive energy required
to break the capillary force and chemical bond in bound water.

Although, earlier studies; Dentel (2001), Mowla (1996) and Zhao et al. (2002) reported on
different methods of optimising activated sludge dewaterability process; sludge thickening
(using rotary drum and gravity belt to increase solid content from 2% to >15%), sludge
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dewatering (increasing solid content of up to 50% through application of pressure) and sludge
drying (increasing solid content of up to >90% based on application of heat to destroy water
molecular bonding).

In the current study, although, as mentioned earlier that there are three limiting factors in
activated sludge dewatering (low settleability, high compressibility of sludge and bound water)
and activated sludge dewatering is achieved using mechanically driven device that utilises
pressure to compel water from the activated sludge flocs. In order to improve the dewatering
performance, sludge pre-treatment is crucial. The impact of coagulant (Aluminium-Al, Ferric–Fe
and Calcium-Ca) salt on activated sludge dewaterability as a pre-treatment option will enhance
the activated sludge flocs for water withdrawal. This will optimise the limiting factor in activated
sludge dewatering. However, there are two indexes for the evaluation of activated sludge
dewaterability and filterability namely capillary suction time (CST) test and the specific
resistance of cake to filtration (SRF) test (Scholz 2005; Gale 1967) but in this study capillary
suction time (CST) test is of interest.

2.3.1 The Impact of Sludge properties on activated sludge dewaterability
Although, literature has provided some properties that affect activated sludge dewaterability
such as surface chemistry (zeta potential) which defines the surface attributes of sludge and
colloidal particulate stability (Lee and Liu 2000; Velegol et al. 2000), yield stress that explains
the sludge rheological characteristics (Lotito et al. 1997), bound water content (Keiding et al.
2001) and EPS content (Mowla et al. 2013). The two most vital sludge properties that are key
limiting factors in activated sludge dewaterability are EPS content and bound water content.
Also, the two-key sludge dewaterability indicators used for evaluating the efficiency of sludge
dewaterability are CST (capillary suction time) and SRF (specific resistance to filtration).

2.3.1.1 The Capillary Suction Time (CST) Test
The CST estimation used for quick determination of sludge filterability and conditionability in
wastewater treatment plant (WWTP) was first discovered by Gale and Baskerville (1967). CST,
which is inversely proportional to activated sludge dewaterability, is used as a benchmark of
sludge dewaterability (To et al. 2016a,b; Gharibi et al. 2013; Xiao et al. 2019). This is an
indication of how fast an activated sludge releases its water during the dewaterability process.
The advantages of usability of the equipment are limited cost, simplicity, reliability, quick
operation, no requirement for external pressure, automation and less training required for
operators. The type 304B CST device utilized in wastewater treatment for measuring sludge
dewaterability functions is based on the operational principle of sludge filterability and this will
be adapted in this study. The CST device components includes; CST Meter, perspex block
assembly, stainless steel funnel (18mm and 10mm diameter reservoir) and filter papers
(Whatman 20). The CST is assessed by pouring the primary and secondary test samples into
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the 18mm and 10mm diameter reservoir placed on Whatman 20 filter paper. The filtrate is
drained from the reservoir through the capillary suction effect of the filter paper so that a filter
cake is formed on the filter paper. This reveals that CST test value is not influenced by the mass
of liquid in the reservoirs, provided that the liquid capacity can generate the required suction
pressure (Smeulders and Meeten 1995). The fluid soaks the paper and disseminate outwards
in a circular shape based on the viscosity of the filtrate and filterability of the sludge. The sludge
cake resistance (m/s) is measured based on the distance the filtrate travels along the paper as
function of time. The filter resistance is taken as negligible while the CST value is calculated as
the time taken for the filtrate to travel between two (2) concentric and adjustable circles on the
filter paper. Although, CST test suffers from limitations tied to incomparability of test data using
different types of sludge’s and the potentials of replicated test producing variable result, and
Scholz (2005 and 2006) reported the need for more concentration on the precision of CST result
and this study by building it into the CST test assessment. More details on the CST device
operation and protocol are reported in Baskerville and Gale (1968).

2.3.1.2 The Specific Resistance to Filtration (SRF) Test
The SRF test is alternative measurement for sludge dewaterability in WWTP. Although,
Baskerville and Gale (1968) reported that sludge samples with high CST data similarly
possessed high SRF results. In contrast, Smeulders and Meeten (1995) commented on
estimating SRF from mathematical modelling through estimating SRF as the slope of regression
analysis of CST test results against the successive distances to power four (d4 ) of the multiple
electrodes of the CST equipment. Although, SRF can be calculated using the standard Buchner
funnel apparatus with a filter paper (Whatman 15.0 cm). The well mixed primary and secondary
sludge sample was poured into the Buchner funnel and vacuum pressure was applied through
a filter paper and the filtrate volume (V) was measured at stable time intervals until the fluid
drainage ends. Hypothetically, the graph of t/V (s/m³m−2 ) versus V (m³m−2), where t = a given
time and V = cumulative volume filtered, is a linear relationship. The slope of this straight line
gives the mean SRF that defines sludge dewaterability (filterability). This slope can be used to
justify dewaterability improvement (steep slope = poor filterability and flat slope = good
filterability). The SRF can be calculated based on two deductions which includes; Carman
(1938) incorporating Darcy’s Law into the filtration theory and Gale (1967) assumptions that the
filter sludge cake is incompressible, and the filter media resistance is negligible. The following
Equations 2.79 to 2.80 were realized to define the volume of filtrate and subsequently determine
the SRF value (r, m/kg):
AdV
dt

PA

= μrcV

(2.79)

Where,
V = cumulative filtration volume per unit area (m³/m²) or (m)
P= applied vacuum pressure (Pa)
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A= Filter Area (m²)
c = concentration of slurry (kg/m³)
r = specific resistance of cake to filtration (SRF) (m/kg)
𝜇 = Filtrate viscosity (Ns/m²)
t = given time(s)
c=

weigth of dry solids
Volume of filtrate

= concentration of slurrry (kg/m³)

Considering a batch filtration test the equation 2.79 becomes:
μrc

t = (2PA2 )V 2

(2.80)

However, if μ, r, c, P and A are constant then equation 2.81 holds
μrc

b = (2PA2 )

(2.81)

If equation 2.81 is substituted into equation 2.80 then the following holds

t = bV 2

(2.82)

Plotting t/V against V and taking the slope of straight line as b the specific resistance to
filtration (r) can be calculated using equation 2.83 below.
2A2 𝑃
)𝑏
𝜇𝑐

𝑟 = 𝑆𝑅𝐹 = (

(2.83)

Therefore, SRF can be estimated from Equation 2.83 and typical value of SRF for raw sludge
is 7.3 x 1012 m/kg. If the value of t given in Equation 2.82 stays constant irrespective of the
slurry concentration then standardizing the applied vacuum pressure makes direct evaluation
of all sludge’s possible. Just as mentioned earlier the CST drawbacks, likewise Ayol and Dentel
(2005) and Yukseler et al. (2007) identified some limitation of SRF to include; time constraint,
more demanding compared to CST and no specific device to measure SRF and variation in
material and procedure (type of filter medium and specific vacuum pressure employed) reported
in literature by Smollen, (1986a; 1986b).

2.3.1.2.1 The Relationship between Specific Resistance to Filtration (SRF) and
Capillary Suction Time (CST) Test
As mentioned earlier, CST was developed as a substitute for SRF to measure dewatering rate.
However, Scholz (2005), reported that there is a relationship between the SRF and CST for a
wide range of different types of sludges. Notwithstanding, various studies have tried to
investigate and model the correlation between CST and SRF with the aim of finding the mean
SRF from the CST experimental data. Lee and Hsu (1994) proposed a method that allowed
SRF to be calculated without the liquid invasion volume measurement using capillary suction
apparatus. A related research study by Herwijn et al. (1995) reported a newly developed model
of CST apparatus able to estimate the specific cake resistances of both unflocculated and
flocculated sludges. Although, the relationship between CST and SRF was not earlier measured
and modelled using appropriate empirical data, but investigation made by Sawalha (2010) and
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Sawalha and Scholz (2010) on modelling the relationship between CST and SRF has filled this
research gap. The mathematical model predicted the result of SRF using the results of CST and
two other parameters namely; temperature (15, 20, 25 degree celcius) and sludge
concentrations (8.8, 12.1, 15.3 and 31.6g/L). The mathematical models required the use of
logarithmic transformations and polynomial terms to simulate non-linear characteristic and the
best fitting empirical model to predict the results of CST tests from temperature, paper type, and
funnel geometry, excluding anomalies was provided (Equation 2.84).
Log CST = 3.645 + 0.303TSS − 0.005TSS 2 − 0.197 T + 0.006 T 2 + 0.274P − 0.226 F

(2.84)

Where,
CST = capillary suction time (s)
TSS = total suspended solids (g/l)
Temperature = oC
P = Fisher 200 Chr paper = 0
P = Whatman 17 Chr paper = 1
F= Circular funnel = 0
F= Rectangular funnel = 1
In addition, it was suggested that SRF experimental results can be predicted from the results of
CST tests using the model (Equation 2.85).
Log SRF = 46.128 − 1.346T + 0.035T 2 + (13.760F⁄TSS)

(2.85)

Where,
SRF = Specific Resistance to Filtration (m/kg)
T= Temperature (ºC)
F = Filterability (log s/m2)
TSS= Total Suspended Solids Concentration (g/l).
This mathematical model (Equation 2.85) that predicts the SRF for suspended solid
concentrations (8.8, 12.1, 15.3 and 31.6g/L) within the solid content of experimentation. The
practical relevance of this model is that, if SRF values are required but only the data of CST
tests are known, the model can estimate the required SRF values. The key aim of conducting
CST and SRF test at wastewater treatment plants (WWTP) is to reduce running costs by
evaluating the optimal dose of the sludge conditioner, defined as the dose of coagulant that
yields the minimal capillary suction time or resistance to filtration (Wu et al. 2000). Therefore,
WWTP can make economic and energy cost savings along with decrease in the environmental
damage if the dosing system for the sludge conditioners are kept at or near optimum efficiency
by plant operators. This can be achieved by using the model for interpreting the SRF and CST

116 | P a g e

test results (Equation 2.84 and 2.85), to re-estimate the proper use of sludge conditioners and
save operational cost.
Furthermore, Peng et al. (2011) obtained a relatively good correlation between normalized CST
and SRF (R2 = 0.9450). They concluded that it is not necessary to use both these parameters
simultaneously to evaluate the dewatering rate. Most recently, Arimieari and Ademiluyi (2018),
reported the relationship between Sludge Filtration Resistance (SFR) and Capillary Suction
Time (CST) using the result realised from different concentrations of calcium chloride (CaCl 2)
for SFR and CST empirically using the Equation 2.86 proposed by Christensen et al. 1993).
CST = C1 × SRF × 𝜇𝑓 × w + C2 × 𝜇𝑓

(2.86)

Where,
C1 and C2 = Coefficients related to CST

𝜇𝑓 = Viscosity of the filtrate (Pascal seconds)
w = Solid content in unit volume of filtrate (g/L)
The results revealed that the values of CST decreased with increasing CaCl2 concentration, and
that a good dewaterability could be obtained at the CaCl2 dosage of 18 g with the resultant CST
of 5.52 s for 20 mm internal cylinder and 30.84 s for 14.5 mm internal cylinder. The results of
SFR tests revealed decreased with an increase in CaCl2 dosage. The optimal CaCl2 dosage
was 18 g and the resultant SFR was 2.65 x 108 N∙s/m5. The results for CST recommend larger
diameter cylinder to be used to test heavy sludge since the larger cylinder considerably reduces
the changeability and the time taken to conduct the CST tests.
Other studies reported that compared CST and SRF includes; Wong et al. (2015), that
investigated the impact of different concentration of Fe2+ on sludge dewaterability after 24 h in
terms of CST and SRF. The result showed that the control sludge without any supplement of
Fe2+, had high CST (356 s) and SRF (4.56 × 10 12 m/kg) values. The sludge CST and SRF were
significantly reduced after addition of Fe2+ at the end of 24 hour treatment. It was observed that
for an efficient sludge dewaterability, the addition of 2g/L of Fe2+ concentration was found to be
optimum. At this optimum concentration, sludge CST and SRF were 15.5 s and 5.4 × 10 11m/kg
with 96% and 88% reduction, respectively. Dewatering characteristics of sludge treated with
potassium ferrate under different pH conditions was investigated by Zhang et al. (2012). The
result showed that the SRF value and the moisture of sludge cake for the control sludge were,
7.08 × 10 9 m/kg and 86.13%, and decreased to 4.92 × 10 9 m/kg and 75.35% treated with
potassium ferrate (1200mg/L sludge) at pH3, this indictated that potassium ferrate had a positive
impact on the dewaterability of sludge at pH3. Yuan et al. (2011), investigated the impact of
electrolysis conditioning on sludge dewaterability, and the results showed that when electrolysis
time was at 15 min, the CST and SRF values decreased from 60.8 s and 8.67 × 10 11m/kg for
the control sludge to 45.5 s and 4.56 × 1011 m/kg for the treated sludge with an electrolysis
voltage of 20 V. When the electrolysis voltage was increased to 50 V, both the CST and SRF
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values quickly extended to 79.4 s and 1.33 × 10 12m/kg, increases of 30.59% and 53.4% were
reported, as compared to that of the control sludge. However, with electrolysis time reaching
over 20 min, both the CST and SRF values swiftly increased and even surpassed that of the
control sludge. When the electrolysis time increased to 60 min, both of the CST and SRF values
speedily reached 143.8 s and 2.54 × 10 12 m/kg, increases of 54.71% and 23.3%, were
observed, and compared to the control sludge. Therefore, a relationship exists between
electrolysis voltage/time and CST/SRF since enhanced dewaterability of sludge was realised at
electrolysis time of between 15min and 20min with electrolysis voltage set as 20V and 50V
respectively. Zhou et al. (2014) investigated on the improvement of dewaterability of waste
activated sludge (WAS) by combined conditioning with zero-valent iron (ZVI) and hydrogen
peroxide(HP). The results showed that significant improvement of WAS dewaterability was
attained in the presence of ZVI and HP at pH 2.0. The CST reduction rate increased from 31.4
to 50.7% (p < 0.05) while the ZVI concentration increased from 0 to 500mg/L. At the same time,
the dissolved iron from ZVI, which played an important role in the ZVI activated Fenton
reactions, increased from 0 to 192 mg/L when the ZVI con-centration increased from 0 to
500mg/L. Table 2.11 showed additional comparison between SRF and CST.
Table 2.11. Comparison between Specific Resistance to Filtration (SRF) and Capillary Suction
Time (CST)
SRF

References

CST

References

SRF is essentially used to

Mowla et al.

The theory of CST was first as a

Baskerville

evaluate the filtration quality of

2013

substitute for SRF test and it has

and Gale

sludge when exposed to a

easiness of operation and

1968;

constant pressure difference

removal of moisture from sludge

Sawalha and

since no pressure is applied

Scholz 2007

The basic measure of SRF

Christensen

CST is essentially the time

Vesilind

uses Buchner funnel apparatus

and Dick 1985;

required for a certain volume of

1988

and It measures the resistance

Graham 1999

filtrate drawn out of the sludge

of sludge to the removal of

and sucked into the blotter paper

water through a porous media

by capillary force

either by vacuum or pressure
The higher the SRF, the more

To et al. 2014

CST has been extensively used

challenging to dewater sludge

for evaluating the impacts of

but the lower the SRF to more

conditioning on sludge filterability

easier to dewater sludge

in addition to investigating the

Novak 2006

118 | P a g e

optimal dose of conditioners for
dewatering processes
High SRF is a function of

Olivier et al.

CST has been extensively used

Graham

decreasing sludge permeability

2007;

for evaluating the impacts of

1999

with increasing solid pressure

Sorensen and

conditioning on sludge filterability

Sorensen

in addition to investigating the

1997

optimal dose of conditioners for
dewatering processes
Sludge with short CST, which is

To et al.

as low as 1010 – 1011 m/kg is

less than 20s, shows a readily

2014;

categorised as easy to

dewaterable sludge, while a long

Agarwal et

dewater, while whereas, sludge

CST is illustrative of a poorly

al. 2005

with SRF value as high as 1014

dewatering sludge. CST of

– 1015 m/kg is classified as

autothermal thermophilic aerobic

challenging to withdraw water

digested sludge was found to

Sludge with typical SRF value

To et al. 2014

exceed 50,000s
Describes the filtration rate of

Olivier et al.

CST is also a function of various

Vesilind

sludge by utilising the plot of

2007

parameters such as filter paper

1988

the inverse flux (Filtration time

properties, instrumental

divided by filtrate volume i.e

properties and sludge–related

t/V) versus filtrate volume (V)

properties

to calculate the filtration rate of
sludge. The linear slope
depicts the SRF
Marinetti et al.

It was reported that using CST

Scholz 2005;

2009

and SRF tests to determine

Sanin et al.

area and pore size and liquid

optimum polymer dose (OPD)

2011

viscosity, making it more

could lead to overdosing,

complex to compare and

specifically regarding polymer

estimate it

conditioning. This was attributed

Specific resistance varies
with applied pressure, filter

to the too fast escape of water
from the floc
The bottle necks with SRF is
that the time required for
estimations was reached
when a cake was formed and
eventually cracked with a
resultant drop in pressure.

Vesilind1988;

CST is limited by the

Vesilind

Notebaert et

concentration of solids, and thus

1988; Yu et

al. 1975

it is not significant to compare

al. 2008

CST of different sludge types
from different plants. In
addressing this shortcoming, a
normalised value of CST was
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Measurement time depends

proposed and used for the

on sample volumes, applied

purpose of comparison. The

pressure, filter area, pore size

normalised value was

and initial solid content of

determined by dividing CST

sludge, causing challenges in

value by the initial total

directly comparing results

suspended solids (TSS)

obtained from different

concentration of sludge and

research studies

expressed in unit of seconds per
litre per gram TSS

The SRF units frequently used

Gale 1967;

An additional shortcoming in the

Sawalha and

by previous researches

Christensen

CST measurement concerns the

Scholz 2007

includes; the square seconds

1983

use of standard filter paper,

per gram (s2/g), centimetres

especially the Whatman No. 17

per gram (cm/g) and meters

chromatographic paper. Though

per kilogram (m/kg) or

this paper has been used

tetrameters per kilogram

globally, some limitations were

(Tm/kg). The

s2/g

was reported

reported which includes,

incorrect and cm/g was agreed

anisotropic properties, relatively

as suitable. However, m/kg was

oversized pores and economic

reported as a more reliable

concerns. However, less

choice for specific resistance in

expensive filters such as the

the SI system. The Tm/kg was

Fisher 200 chromatographic

consequently suggested to

papers can be used without

remove the use of bulky

considerably altering the range of

scientific representation

estimated CST values

2.3.1.3 Extracellular Polymeric Substance (EPS) Content
In wastewater biological treatment process the microbes exist as activated sludge flocs and
the sludge flocs consist of 50-60% polymeric substances as organic complex substances that
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serve as Gluing and cementing agent for holding firm together the sludge floc called
extracellular polymeric substances (Wingender et al. 1999; Frolund et al. 1996). In addition,
20% of the total sludge particulate consists of humic substances like nucleic acids, uronic
acids (Sheng et al. 2010; Dignac et al. 1998; Frolund et al. 1996; Mowla et al. 2013; D’Abzac
et al. 2010). EPS does not just impact zeta potential where the EPS content demonstrate a
positive impact on the net negative surface charge of sludge (Wang et al. 2005a; Wilén et al.
2003; Liao et al. 2002), activated sludge settleability and bio-flocculation (Yang and Li 2009;
Jin et al. 2003; Liu et al. 2007; Morgan et al. 1990) but also impact activated sludge
dewaterability which is of particular interest in this current study ( Neyens et al. 2004; Houghton
et al. 2001; Comte et al. 2007; Raszka et al. 2006). The relevance of EPS content in
dewaterability of sludge can be understood from the characteristics of EPS capacity to adsorb
to both internally and externally to microbial cells forming sturdy gel like and net like structure
with huge water molecules that restrain the microbial cells pores from being easily dewatered
(Mowla et al. 2013; Wingender et al. 1999).

EPS content has a negative impact on both settleability of activated sludge and bio-flocculation
because EPS are negative charges and their adsorption to microbial cells will accelerate the
surface negative charge of the microorganism causing an increased repulsive force between
the microbial cells (Liu et al. 2007; Morgan et al. 1990). These increased repulsive forces will
reduce the flocculent and settleability capacity of microbial aggregates and will further increase
water retention in activated sludge flocs because of increased EPS content. This increased EPS
content explains poor activated sludge dewaterability (Jin et al. 2003; Liao et al. 2002).
Houghton et al. (2001) added that removal of the EPS gel-like structure from activated sludge
will accelerate the optimisation of activated sludge dewaterability by releasing the trapped
bound water. Although, the impact of EPS on sludge dewatering lies on the content of the EPS
in activated sludge (Houghton et al. 2001), literature has provided further insights into EPS
content called EPS threshold limit. The activated sludge dewaterability was enhanced with
increasing EPS content and decreased beyond certain EPS content boundary. This may be
attributed to the ability of low EPS content to be impacted by multivalent cations which makes
them bind more tightly to microbial cells and optimised bio-flocculation and activated sludge
settleability but on the contrary at accelerated EPS content the bound water by EPS structure
will increase reasonably and decrease activated sludge dewaterability (Houghton and
Stephenson 2002; Mowla et al. 2013).

2.3.1.4 Bound water Content
The bound water content is one of the key limiting rate factors that impacts activated sludge
dewaterability performance. Wang et al. (2010); Lee and Hsu (1995) research findings on the
correlation between dewatering energy requirement and activated sludge water content shows
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that the dewatering energy requirement decreased with increasing activated sludge water
content. The result from Chu and Lee (1999) experiment on variation of bound water energy
with residual water content of control and flocculated activated sludge agreed with the same
assertion. As mentioned earlier based on Vesilind and Martel (1990); Colin and Gazbar (1995)
research findings on categories of water in activated sludge, explains that bound water carries
the capillary force and chemical bond that requires excessive energy to break it for trapped
water to be released compared to the free water removable by gravity because it does not attach
to solid particulate of biosludge (Wang et al. 2010; Chu and Lee 1999; Lee and Hsu 1995;
Coumans and Kerkhof 1992).

Bound water measurement has been investigated and literature has provided previous
numerous approaches namely; differential thermal analysis (Katsiris and Kouzeli-Katsiri 1987),
water vapour sorption isotherms (Coumans and Kerkhof 1992), differential scanning calorimetry
(Lee and Lee 1995; Lee et al. 1975), nuclear magnetic resonance (Mowla et al. 2013;
Haschemeyer et al. 1977), suction pressure (Lewicki et al. 1978). But because of the absence
of standard reference sludge for measurement, three main approaches have been provided for
bound water content measurement namely; drying test (Vesilind and Hsu 1997; Lee and Hsu
1995; Robinson and Knocke 1992), constant pressure expression test (Chu and Lee 1999; Lee
and Hsu 1995), dilatometry (Smith and Vesilind 1995; Robinson and Knocke 1992) and
centrifugal settling test (Lee and Hsu 1995; Lee 1994a). In the constant pressure expression
test, the bound water was estimated as the residual water content when it is in equilibrium with
a constant applied pressure in the order of 20.7 mega pascal (Chu and Lee 1999; Lee and Hsu
1995). On the other hand, bound water was determined as the water content of sludge sediment
using centrifugal settling test by subjecting test sludge to centrifugation under very high
rotational speeds of 3500 to 4000 revolution per minute (rpm) (Lee and Hsu 1995; Lee 1994a).
The bound water was estimated in the dry test on the claim that the resistance of bound water
to evaporation should be larger than the free water (Vesilind and Hsu 1997; Lee and Hsu 1995;
Robinson and Knocke 1992). The rate of drying of test sludge is plotted versus its moisture
content at constant temperature so that water content equivalent to the shift points between
drying periods can be recorded. As well, the Dilatometry method utilises equipment called a
dilatometer. The experiment involve firstly including a measured concentration of sludge to
some volume of measuring fluid xylene and hydraulic oil, which followed placing the dilatometer
in a freezer at 200C for at least one night and standard cooling and freezing curves of distilled
water and measuring fluid was used to estimate the concentration of contraction and expansion
of each fluid and the corresponding freezable water was recorded and dry analysis was utilised
to estimate the total water content (Smith and Vesilind 1995; Robinson and Knocke 1992). The
bound water was obtained from the difference between the total water content and freezable
water (Lee and Hsu 1995).
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2.3.2 The Impact of Chemical Dosing on Activated Sludge Dewaterability
Over the years the capillary suction time (CST) and specific resistance to filtration (SRF) has
been accepted as both an experimental and practical approach estimating activated sludge
dewaterability globally (Xiao et al. 2019; Wang et al. 2019; Olivier et al. 2018). However,
SRF relevance is based on its potentials in formulating a key dependent factor within the
theoretical model for sludge filtration analysis Sawalha and Scholz (2010). The correlation
between Carman 1938 supporting the claim of Darcy’s law and Gale (1967) assuming the
assertion of the incompressibility of the sludge cake nature and the negligibility of the filter media
resistance has made the estimation of the volume of sludge that deposits its solid component
on the filter cake practicable in calculating the SRF. It has served the purpose of sludge
dewaterability indicator whilst account is taken for both the sludge concentration and mean SRF
values within the experimental work station (Chen et al. 1996). Although, Kempa and FukasPlonka (1982) reported variability in the experimental protocol between various experimental
setup as a key impact on SRF test results. However, filtration is a key aspect of the sludge
dewatering process but the resistance to filtration is dependent on the hydraulic resistance of
fluid in the sludge floc pores of the filter solid cake. Whilst, Neyens and Baeyens (2003) has
identified causes for higher SRF of sludge dewaterability to be associated with rise in resistance
from the filter cake solids and improved binding but Extensive CST and greater SRF value are
indicators of poor sludge dewaterability (Feng et al. 2009; Wakeman 2007). On the contrary
Scholz (2005) comments that CST values does not accommodate the solids content and
experimental deduction of the solid content of the sludge becomes vital. In addition, claim was
made that dewatering becomes effective when activated sludge with a reduced CST test value
and high solids content is realised. The ultimate application of the CST and SRF test is to
indicate the efficiency of sludge dewaterability during activated sludge dewatering process
(ASDP) within wastewater treatment industries which is vital in this present study. In actualising
the research demand of efficient activated sludge dewaterability, decreasing the sludge volume
becomes a key option, since sludge water content of between 60 to 85% volume represents the
activated sludge matrix (Lu et al. 2003). Vesilind and Martel (1990) reported that the free water
component in the activated sludge structure can be released through gravity separation, but the
bound water separation requires greater energy (Yu et al. 2008). The disruption of the gelatinous
structure of activated sludge to activate the removal of the trapped bound water known as a
limiting factor for sludge dewaterability has been reported achievable through chemical
conditioning (Vaxelaire and Cezac 2004; Wu et al. 1998) and bio-flocculation has also been
identified as a global industrial approach for solid-liquid separation during wastewater treatment
processes (Letterman et al. 1999). Past research studies have identified destabilisation of
colloidal particles through charge neutralisation and polymer bridging as key in sludge
conditioning and the amount of coagulant utilised in achieving charge neutralisation defines the
peak coagulant supplement in the sludge matrix (Higgins et al. 2006). Therefore, In order to
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realise the aim and objectives of this study, optimisation of the activated sludge dewaterability,
appropriate sludge conditioning (increasing solid content of sludge through floc separation from
liquid) option becomes vital. Sludge conditioning is the pre-treatment offered to sludge content
before bio-sludge dewatering takes place. The sludge conditioning approach ranges from
physical; non-chemical supplements which involves reduction in the sludge compressibility and
increasing the solid content like fly ash (Chen et al. 2010; Wang and Viraraghavan 1997), rice
shell (Lee et al. 2001), Coal (Hirota et al. 1975), lignite (Thapa et al. 2009), gypsum (Zhao 2006
and Zhao 2002) and acoustic and hydrodynamic cavitation (Huan et al. 2009; Khanal et al.
2006;Gogate and Kabadi 2009) which involves reduction of the pressure in the aqueous portion
of sludge below equilibrium vapour pressure with microbubbles formation and collapses over
an unstable diameter generating high temperature(500-15000K) and pressure (10-500MPa) in
microseconds, thermal pre-treatment (Wang et al. 2010; Tuncal 2011 and Rai et al. 2001)
involving the application of heat (60-80℃)to liquid sludge for cell wall destruction and protein
release for bio-degradation process, and Freeze/Thaw pre-treatment (Franceschini 2010;
Ormeci 2004; Vesilind et al. 1991;Martel 1993) involving changing the floc structure and
lowering the bound water in the sludge structure based on water freezing point (-15℃) and
thawing at room temperature to optimise the sludge dewatering characteristics, and chemical
sludge conditioning; organic polymers like cationic, anionic, and non-ionic polymers (DieudeFauvel and Dental 2011; Bache et al. 2003; Dentel 2001 ) and inorganic polymers like
conventional chemical additives including aluminium sulphate, ferric chloride and lime (RuizHernando et al. 2013; Higgins and Novak 1997b; Novak and Park 2004; Park et al. 2006;
Nguyen et al. 2008a,b; Neyens et al. 2004); electrolysis process conditioning (Yuan et al. 2011);
thermochemical conditioning (Ruiz-Hernando et al. 2013) and biological conditioning (Dursun
et al. 2006; Ayol and Dental 2005; Thomas et al. 1993; Wawrzynczk et al. 2007; Sarkar 2004;
Parmer et al. 2001) involving enzyme pre-treatment application to deteriorate the gelatinous
sludge floc structure through the hydrolysis of EPS present in the sludge to optimise
dewaterability of the sludge. Also, surfactants have been reported as a dewatering agent due
to its ability to lower the surface tension between liquid and solid interfaces (Rosen 2004; Chen
et al. 2001) and has the potentials to disrupt bacterial cell structure by separating cell materials
from the bacterial cell structure and reducing the water content of the sludge flocs (Chen et al.
2004; Ruiz-Hernando et al. 2013; Neyens et al. 2004). Besides, some further investigation on
the impact of sludge conditioning on CST and SRF was conducted and a minimum CST was
reported at optimal dosage of acrylamide-based Zetag cationic polymer (Dieude-Fauvel and
Dental 2011). This shows the importance of controlling polymer dosing regime because of
potential impact of overdosing on increasing operational cost of WWTP. The negative impact of
decreased sludge dewaterability was identified with too high polymer dosage and its presence
in both treated and wastewater will have negative effect on human and biodiversity (Bohm and
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Kulicke 1997). Wang et al. (2019), added that conventional coagulants such as ferric salts and
polyaluminium chloride (PAC) can promote the release of bound water inside sludge
particulates caused by hydrolysis and surface surface charge neutralisation.
Previous studies have reported that the efficiency of sludge pretreatment can be evaluated by
the variations in CST (Ning et al. 2015). The optimum coagulant and flocculant dose required
to condition the activated sludge corresponds to the lowest CST and SRF value (Olivier et al.
2018; Wu 2013). Many researches have been conducted to investigate the impact of different
sludge conditioners on CST and SRF test result. The most typical multivalent cations used are
trivalent ions. These have the capacity to change the sludge surface charge, particle size and
floc strength, when added to sludge sample (Liu et al. 2017). Turchiuli and Fargues (2004)
noticed that ferric chloride conditioning improves synthetic sludge dewatering rate as shown by
the decrease of the capillary suction time (CST). Simultaneously, ferric sludge ﬂocs adhere to
water and increased the bound water content. Zhou et al. (2014) research findings on the impact
of zero-valent iron (ZVI) and hydrogen peroxide (HP) on sludge dewaterability properties
revealed substantial improvement with CST reduction rate increment from 31.4 to 50.7% at
500mgZVI/L and 33.2 to 48.7% at 250mgHP/L of sludge. The result of CST reduction rate
increment using HP followed similar CST reduction rate (47 to 48.6%) using classical Fenton
oxidation process (Tony et al. 2009; Buyukkamaci 2004). However, it was observed that
increase in ZVI concentration from 500 to 750mg/L with continuous increase in Fe2+ from 192.5
to 256mgFe/L and HP with increase from 250 to 750mg/L showed no additional increase in the
CST reduction rate. Martins et al. (2012), linked the reason for this contrary result for ZVI to be
due to excess Fe2+ utilising the hydroxyl radical required for the oxidation reaction with the
sludge flocs, while that of HP was reported to be associated with formation of hydroperoxyl a
result of reaction between hydroxyl radical and HP which does not support its reaction with the
sludge flocs. Wong et al. (2015), investigated the impact of pre-treated activated sludge with
sulphuric acid and bioleaching using Acidithiobacillus ferrooxidans along with addition of Fe2+
on sludge dewaterability and reported improved sludge dewaterability from a control sludge void
of Fe2+ (high CST of 356 s and SRF of 4.56 × 10 12m/kg) to a 2gFe/L treated sludge (CST of
15.5s and SRF of 5.4 × 10 11m/kg) after 24h of sludge treatment. As well, at optimum pH of 2.5
at 2gFe/L a 96% and 88% reduction in CST and SRF was achieved. Moreover, Zhang et al.
(2012) contributed on the impact of potassium ferrate (K2FeO4) sludge dewatering and noticed
a reduction in the SRF value and moisture content of initial filter sludge cake from
7.08 × 10 9 m/kg and 86.13%, to 4.92 × 109 m/kg and 75.35% when treated with 1200mg
K2FeO4 /l at pH of 3. This claim revealed that SRF value of the raw sample was approximately
1.5 times the SRF of the treated sludge at pH3, indicating that treating with potassium ferrate at
pH3 was suitable for bound water release from the sludge floc pores. Literature findings showed
investigation on the impact of potassium ferrate (K2FeO4) oxidation on sludge dewaterability
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(Chen et al. 2012). Results of the study revealed SRF reduction from 18.6 x1012 to 2.7 x1012
m/kg with a maximum reduction of 85% when concentration of K2FeO4 dosage increased from
0 to 500mgK2FeO4/l sludge. On the contrary, the additional rise in potassium ferrate caused an
increased SRF value but lower than that of the control sludge. This elucidate that K2FeO4
oxidation accounts for improved sludge dewaterability through a fragmented sludge floc and
significant released bound water (Zhang et al. 2012). CST reduced from 58.7 to 61.8% and then
to 88.8%, within 1 min when the concentration of persulfate (S2O28) increased from 0.1 to 0.3
and to 1.2 mmol/gVSS in the presence of 1.5 mmol/gVSS Fe2+ (Zhen et al. 2012). It was further
noticed that the % CST reduction dropped when the concentration of the persulfate was added
over 1.2 mmol/gVSS. This showed that Fe2+ has potential to stimulate persulfate (S2O28) so that
production of sulphate radicals can be consistent and optimised sludge dewaterability through
sludge CST reduction rate can be sustainable. Sludge conditioning was reported using
electrochemical pre-treatment (Yuan et al. 2011) and result showed that when the electrolysis
time was set as 15 min, the CST and SRF values reduced from 60.8 s and 8.67 × 1011 m/kg for
untreated sludge to 45.5 s and 4.56 × 10 11 m/kg for treated sludge with an electrolysis voltage
of 20 V. In contrast, When the electrolysis voltage was improved to 50 V, both the CST and SRF
values speedily reached 79.4 s and 1.33 × 10 12 m/kg, increases of 30.59% and 53.4%, linked
to the unconditioned sludge. This outcome revealed that small electrolysis voltage <20 V will
optimise sludge dewaterability, while in excess of 30 V, sludge dewaterability declines.
Buyukkamaci and Kucukselek (2007) reported 95% SFR and CST improved dewatering
efficiency using optimum dosage of 0.9% mass fraction of initial bulk sludge for a cationic
polyelectrolyte treatment while 8% alum dosage and 8-12 % lime dosage obtained 80.5 and
60% CST and SRF improvement. Nevertheless, Hou and Li (2003) initiated an optimum dosing
of 15 mg kg −1 for another cationic polymer of polyacrylamide at which dewatering efficiency
increased with reduction in both CST (20.95 s to 15 s) and SRF (1.33 to 0.13 Tm kg −1 )
respectively. In addition, the divalent cations was reported as an efficient chemical conditioner
in activated sludge treatment (Guan et al. 2012). The report showed that calcium chloride can
enhance the dewaterability of activate sludge by relating with the protein, phenols and hydroxyl
functional group in the sludge ﬂocs and neutralising the surface charge of ﬂocs. It was further
observed that the calcium ions destroyed the colloids double electrode layers, causing
agglomeration of the sludge particles (Pevere et al. 2007). Research authors, reported 60 to
80% improvement in sludge dewatering using thermal conditioning in numerous full-scale
installations with limitation of odour and corrosion and high strength which has been resolved
using combined thermo-chemical pre-treatment with low temperature hydrolysis by acid or
alkaline hydrolysis (Neyens and Baeyens 2003; Saha et al. 2011). Ayol (2005) and Ayol and
Dental (2005) reported polymer conditioned sludge with low doses of (10-15 g/m³) Enviro-Zyme
216 resulting in an increased sludge dewaterability in terms of CST and final solid content of
cakes for two anaerobically digested sludge’s. The role of iron in determining the dewatering
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properties and floc structure was investigated by Novak et al. (2001), and the outcome was that
the iron used for conditioning WAS protein was removed from solution and the CST decreased.
This shows that the protein component of the biopolymer accounts for the dewatering difficulties
and the release of protein into the solution was due to the reduction and solubility of Iron and
weak attachment of protein to the bio-sludge floc. Wang et al. (2014), research reported that
dose of anionic surfactant sodium dodecyl sulphate (SDS) does not just cause a significant
release of EPS (protein) from sludge but result confirms an increased SDS dosage from 0.104
to 2.084 g/l leading to CST and SRF value of the control sludge to increase dramatically from
21.1s to 107.8s and 1.83 x 1013 m/kg to 1.15 x 1014 m/kg respectively. There was also a rise in
the water content of sludge cake from 73.1 to 85.3% with increased SDS dose from 0.104 to
2.084 g/l. This shows a declination in the sludge dewaterability efficiency. However, a high
positive correlations between the protein level and dewaterability parameters (CST (0.974), SRF
(0.981) and moisture content of filter cake (0.903)) was further reported. These results showed
that sludge dewaterability was considerably reduced when more proteins were released during
the sludge pretreatment process. In this study focus will be on CST and not SRF.

2.3.3 Effects of funnel geometry and stirring on Activated sludge dewaterability
The capillary suction time (CST) device has two vital components namely; 10mm and 18mm
diameter reservoir used for a quick and slow filtering of light and heavy sludges. The CST
measurements are higher with the 10mm diameter compared to the 18mm diameter.
However, a larger 18 mm diameter funnel is suitable for heavy sludges (primary sludges),
because it significantly reduces the time taken to conduct the test (Scholz 2005). The CST
test times using circular funnels are generally higher than when using rectangular funnels
(Lee 1994a) and this was attributed to rectangular device capacity to solve the problem of
anisotropic filter paper by making use of the unidirectional flow in only one direction.
The key issue with conventional CST test using a funnel (Figure 2.49) lies on the impact of
sedimentation which is noticed with heavy sludges (Scholz 2005). The effect of
sedimentation on heavy sludges like primary sludge can be explained through the
accumulation of the sludge flocs and suspended matter on top of the test filter paper by
gravity sedimentation. In the research study conducted by Lee and Hsu (1992) a rectangular
funnel was identified to be a better option to cylindrical funnel for estimating the CST when
a heavy sludge (high solid concentration and a high specific resistance to filtration) was
used during the dewaterability analysis, but on the contrary cylindrical funnel was reported
to be the preferred option when the sludge concentration, sedimentation, and cake
resistance was low. The hypothetical explanation by Chen et al. (1995) who built upon the
dynamic model of Lee (1994b) by including particle sedimentation and affirmed that
sedimentation was the key limiting factor on the dynamics of capillary suction device when
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the wet front was large. Therefore, particle sedimentation may be ignored when the CST
device wet front was small during the dewatering process. Subsequently, a small circular
funnel is satisfactory for CST tests using secondary sludges with a low cake resistance and
low sedimentation, whereas a larger circular or rectangular reservoir is superior for CST
tests using primary sludges with an elevated cake resistance due to the impact of
sedimentation.
Literature has made it obvious that one of the main issues with testing primary sludges
using the CST device was the accumulation of suspended solids and heavy sludge flocs on
the top of the filter paper during CST test process (Scholz 2006). The over estimation of the
sludge cake resistance becomes an issue since the fundamental theory of the CST test
procedure does not accommodate the impact of sedimentation (Bockstal et al. 1985;
Christiansen and Dick 1985). It was also added that a flow of bubbles could be brought into
the CST device to reduce sedimentation (Leu 1981). Scholz (2005) further suggested the
introduction of a constant current using a stirrer within the sludge reactor (Figure 2.49) may
reduce sedimentation and enhance the CST test result. Scholz (2006), commented that
stirring had only a low impact on CST test but in unstirred heavy sludges sedimentation
occurred. Scholz (2005; 2006) carried out subsequent studies involving the link between
filter papers and stirring and discovered that stirring had higher impact on CST result in
Whatman 17 filter paper compared to Fisher 200 chromatography (Chr) paper. On the
contrary, it was noticed that the results of CST tests using Fisher 200 Chr papers were not
so negatively impacted by sedimentation as the results using Whatman 17 Chr filter papers.
This provided a direction and rationale for the current study as the choice of funnel and filter
paper and sirring regime was taken into consideration during the dewatering test.

Figure 2.49. Schematic on how funnel geometry and stirring impact activated sludge dewaterability
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Chapter Three
Materials and Methods
3.0 Introduction
This chapter presents materials and methods used in the study on optimisation of the design
and operation of chemically dosed activated sludge plants and it is categorised into five sections.
The first section (3.1) gives a brief description of the research area and unit process under study.
The second section (3.2) gives description of the materials used in the research ranging from
analytical reagent and glass ware. It also covers accounts of the equipment utilised, preparation
of stand stock solution utilised in dosing chemicals during experimentation. The third section
(3.3) covers data collection which included mixed liquor suspended solid test (MLSS-test),
settleability test, capillary suction test (CST) and anaerobic digestion biogas production test.
The fourth section (3.4) discusses statistical data analysis procedure and modelling of
experimental and predicted data using solver optimisation tool and Minitab 17 software. In the
final section (3.5) health and safety and waste disposal measures are described.

3.1 Activated Sludge Settleability, Digestibility and Dewaterability Sampling
Activated sludge samples (five batch sample with sample number N=40 was collected for
aluminium dosed sludge; three batch sample with sample number (N) =24 was collected for
ferric dosed sludge and two batch sample with sample number (N) =16 was collected for calcium
sludge experimental analysis, (Appendix B)) were collected regularly over a three-year period
(2014-2016) from the Minworth Wastewater Treatment Plant (WWTP) (Figure 3.1) in the West
Midlands in the United Kingdom. The WWTP unit process is an activated sludge plant with an
average design flow of 450 mega litres per day (ML/D) at full flow to treatment (FFT) of 1070
ML/D. It serves the treatment needs of 1.3 million population in 24 Aeration Lane with a capacity
of 250,000 cubic metres and 54 circular FST in operation. Figure 3.2 shows half cross-section
of a circular tank in Minworth treatment with a stilling well and its dimension while Table 3.1
further provides Minworth site flow data. The mixed liquor samples was collected in 32.5L plastic
containers, from the distribution chambers prior to the final sedimentation tank (FST) before the
chemical dosing point (Figure 3.1) and transferred to the laboratory-scale plant for analysis. All
analysis was completed within 24 hours of sampling. The mixed liquor suspended solids (MLSS)
concentration of the samples ranged from 2800 to 3500mg/L, with the pH ranging from 6.5 to
7.5 and a phosphate concentration of 7–12mg/L. All chemicals including aluminium sulphate,
ferric chloride and calcium hydroxide used were of analytical grade and purchased from Sigma
Aldrich (Gillingham, UK). All experiments were commenced within 24 hours of sampling and
aluminium, ferric and calcium (Al3+ , Fe3+ and Ca2+) salt were used for the CPR processes.

129 | P a g e

Minworth was chosen for this research because it represented the typical conventional activated
sludge, and chemical dosing was carried out upstream of the aeration basin allowing the
collection of mixed liquor samples without any chemical dosed.
Some materials have been removed from this thesis due to Third Party
Copyright. Pages where material has been removed are clearly marked in
the electronic version. The unabridged version of the thesis can be viewed
at the Lanchester Library, Coventry University.

Figure 3.1. Flow Scheme of Minworth Wastewater Treatment Plant (Everard 2009)

Figure 3.2. ASP-7 Minworth Severn Trent Water (STW) Hypothetical Tank with stilling well
Table 3.1. Site Flow Data of FST at the Minworth sewage works
Parameters and Formulae Site Flow data
FFT (for 8 tanks)

77120 (m3/day)

DWF

77120(m3/day)

Normal = 1.2 x DWF

92544(m3/day)

RAS = 0.5 x DWF

38560(m3/day)
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Maximum RAS = 1.5 x DWF

115680(m3/day)

Influent MLSS

3.0g/l

Maximum SSVI

120ml/g

3.2 Materials
The following analytical reagents were used for this current research namely; Ferric chloride
hexahydrate (Fe Cl3 6H2 O); Aluminium sulphate Hexadecahydrate (Al2 (SO4)16H2 O), calcium
hydroxide (Ca(OH)2 ), Distilled water and Trigene disinfectant. The glassware and other wares
required included; 20 millilitres (mL) and 50mL pipette, 2L(litres) beakers, 2L Flat round bottom
flask, 1L Graduated measuring cylinders, 1000mL Volumetric flasks, Glass funnels, desiccators,
spatula, mortar and pestle, wash bottles, filter paper: Whatman Glass Microfibre paper (GF/A),
Ceramic crucible, Bio-Hazard Bags, Towels, Disposal Bags, Stop watch, Dropping pipette,
Tweezers and Securing clips. The equipment’s required included; Settlometer (Triton
Electronics Limited 2018b: Type 305 SSVI Triton UK), Overhead stirrer, Desiccator, Oven
(Gallenhamp Model OV-440 Registered Trademark), Manual Hand PH Meter, Autoclave
Machine, Diaphragm Suction Pump, Buchner funnel, Side-arm conical flask, magnetic stirrer,
Dwyer flex-tube series 1222 U-tube manometer containing red gauge fluid, Standard Capillary
Suction Time (CST) apparatus (Triton Electronics Limited 2018a: Model 305B Triton UK).

3.2.1 Preparation of Standard Solutions of 1000ppm (part per million) for
Aluminium, Ferric and Calcium Salt
The stock solution (1000ppm or mg/L) of Aluminium salt was prepared by completely dissolving
12.16g of hydrated aluminium sulphate with a purity level of 96.06% w/w in distilled water, while
same procedure was followed for Fe (5.015g ferric chloride) and Ca (91.95g calcium hydroxide)
salt. The procedure used to estimate how many grams of aluminium, ferric and calcium salt
required from hydrated aluminium sulphate (Al2 (SO4)16H2 O), Iron (III) chloride (Fe Cl3 6H2 O)
powder and calcium hydroxide (Ca(OH)2 ), with a purity level of 96.06%, 96.5% and 95.0% w/w,
to prepare aluminium (Al), ferric (Fe) and calcium (Ca) standard stock solution in 1 litre with a
target concentration of 1000mg/L Al, 1000mg/L Fe and 1000mg/L Ca respectively was
explained in 3.2.1.1 to 3.2.1.3

3.2.1.1 The preparation of stock solution of 1000ppm Fe
The procedure that was used to estimate how many grams Iron (III) chloride (Fe Cl3 6H2 O)
powder with a purity level of 96.5% w/w, will be required to prepare Iron (Fe) standard stock
solution in 1 litre with a target concentration of 1000mg/L is explained below:
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Fe was based on the proportionality method of mass-mole relationship (Equation 3.1). The mass
of a chemical substance is directly proportional to its amount (n) in mole and it can be
mathematically represented as follows:
Mass (m) ∝ Amount (n)
Mass (m)in grams
Amount (n)in moles

= Constant

(3.1)
(3.2)

Where,
Constant of proportionality = Molar mass (g/mol)
The molecular weight of Fe Cl3 6H2 O = 270.30g/mol
The atomic weight of Fe = 55.85g/mol
But,
1mole of Fe Cl3 6H2 O = 270.30g
1 mole of Fe = 55.85g/mol
The concentration (C) of Fe = 1000 ppm = 1000mg/L= 1g/L).
This implies that 1g of Fe in the 1L solution will be required. Also, 96.5 % w/w means 96.5g of
Fe Cl3 6H2 O is present in 100g of the solution.
Therefore,
m(FeCl3 6H2 O) =

270.30g 100.00g
×
× 1.00g = 5.0153g of FeCl3 6H2 O
55.85g
96.50g

However, after the mass of the Fe Cl3 6H2 O was calculated, the lumps of the hexahydrated iron
(III) chloride was ground using a mortar and pestle before it was weighed into a weighing boat.
The weighing boat was first placed on the weighing balance to zero the equipment and
afterwards, 5.0153g of the solid was weighed into the weighing boat which was then transferred
into a beaker. It was vital to make sure all the solid are transferred and, to ensure this, the
weighing boat was rinsed with distilled water from the wash bottle. More so, to ensure all the
solids are dissolved additional distilled water was added and the beaker swirled. Also, for better
consistency, a glass stirring rod was used. After satisfaction with the dissolution of all the solids
the solution was transferred into the volumetric flask using a glass funnel. Furthermore, the
beaker alongside with the glass funnel was rinsed with distilled water two to three times to
ensure none of the original solution was left behind. Consequently, immediately the rinsing
process was completed, the stopper was placed into the volumetric flask. The flask was then
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shaken to ensure all the solids are in solution. Following this further, the flask was filled to the
line mark using distilled water from the wash bottle and care was taken to ensure when getting
close to the line that the addition of water is done drop wise using a dropping pipette. The eye
level was also fixed on the point at which the bottom meniscus of the solution touches the line
mark of the flask to avoid the error of over shooting the line. Finally, once this was achieved, the
flask was stoppered firmly in place and homogeneity of the solution was attained by gently
inverting and shaking the flask.

3.2.1.2 The preparation of stock solution of 1000ppm Al
The procedure that was used to estimate how many grams of aluminium salt will be needed
from hydrated aluminium sulphate(Al2 (SO4) 16H2 O) with a purity level of 96.06% w/w, to
prepare alum (Al) standard stock solution in 1 litre with a target concentration of 1000mg/L Al
was equally based on the proportionality method of mass-mole relationship (Equation 3.1 and
3.2) used for ferric salt.
The molecular weight of Al2 (SO4 )16H2 O = 630.14g/mol
The atomic weight of Al = 53.964g/mol
But,
1mole of Al2 (SO4 )16H2 O = 630.14g
1 mole of Al = 53.964g/mol
The concentration (C) of Al = 1000 ppm = 1000mg/lL= 1g/l).
This implies that 1g of Al in the 1L solution will be required. Also, 96.06% w/w means 96.06g of
Al2 (SO4 )16H2 O is present in 100g of the solution.
Therefore,
m(Al2 (SO4 )16H2 O) =

630.14g 100.00g
×
× 1.00g = 12.156g of Al2 (SO4 )16H2 O
53.964g 96.06g

However, after the mass of the Al2 (SO4) 16H2 O was calculated, it was weighed into a weighing
boat. The weighing boat was initially placed on the weighing balance to zero the equipment and
afterwards, 12.156g of the solid will be weighed into the weighing boat which is then transferred
into a beaker. It was vital to make sure all the solids are transferred and to ensure this, the
weighing boat was rinsed with distilled water from the wash bottle. More so, to ensure all the
solids are dissolved additional distilled water was added and the beaker swirled. Also, for better
consistency, a glass stirring rod was used. After satisfaction with the dissolution of all the solids
the solution was transferred into the volumetric flask using a glass funnel. Furthermore, the
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beaker alongside with the glass funnel was rinsed with distilled water two to three times to
ensure none of the original solution is left behind. Consequently, immediately the rinsing
process was completed, the stopper was placed into the volumetric flask. The flask was then
shaken to ensure all the solids are in solution. Following this further, the flask was filled to the
line mark using distilled water from the wash bottle and care was taken to ensure when getting
close to the line that the addition of water is done in drop wise using a dropping pipette. The eye
level was also fixed on the point at which the bottom meniscus of the solution touches the line
mark of the flask to avoid error of over shooting the line. Finally, once this was achieved, the
flask was stoppered firmly in place and homogeneity of the solution was attained by gently
inverting and shaking the flask.

3.2.1.3 The preparation of stock solution of 1000ppm Ca
The procedure used to estimate how many grams will be needed from calcium hydroxide
(Ca(OH)2 )with a purity level of 95.0% w/w, to prepare calcium (Ca) standard stock solution in
1litre with a target concentration of 1000mg/L Ca will be based on the proportionality method of
mass-mole relationship (Equation 3.1 and 3.2)
Hence, from Equation 3.1 the following holds:
The molecular weight of Ca(OH)2 = 40.08g/mol
The atomic weight of Ca = 74.09 g/mol
But,
1mole of Ca(OH)2 = 40.08g
(Ca(OH)2 ) = 40.08g
1 mole of Ca = 74.09 g/mol
The concentration (C) of Ca = 1000 ppm = 1000mg/lL= 1g/L).
This implies that 1g of Ca in the 1L solution will be required. Also, 95.0% w/w means 95.0g of
Ca(OH)2 is present in 100g of the solution.
m(Ca(OH)2 ) =

74.09g
100.00g
×
×
40.08g
95.00g

1.00g = 1.95g of Ca(OH)2

134 | P a g e

However, after the mass of m (Ca(OH)2 ) was calculated, it was weighed into a weighing boat
and the weighing boat was first being put on the weighing balance to zero the equipment and
afterwards, 1.95g of the solid was weighed into the weighing boat which was then transferred
into a beaker. It was important to make sure all the solid are transferred and to ensure this, the
weighing boat was rinsed with distilled water from the wash bottle. More so, to ensure all the
solids are dissolved additional distilled water was added and the beaker swirled. Also, for better
consistency, a glass stirring rod was used. After satisfaction with the dissolution of all the solids
the solution was transferred into the volumetric flask using a glass funnel. Furthermore, the
beaker alongside with the glass funnel was rinsed with distilled water two to three times to
ensure none of the original solution is left behind. And again, immediately the rinsing process
was completed, the stopper was placed into the volumetric flask. The flask was then shaken to
ensure all the solids are in solution. Following this further, the flask was filled to the line mark
using distilled water from the wash bottle and care was taken to ensure when getting close to
the line that the addition of water is done in drop wise using a dropping pipette. The eye level
was also fixed on the point at which the bottom meniscus of the solution touches the line mark
of the flask to avoid error of over shooting the line. Finally, once this was achieved, the flask
was stoppered firmly in place and homogeneity of the solution was attained by gently inverting
and shaking the flask.

3.3 Data Collection
The data collection for activated sludge settleability, digestibility and dewaterability test was
conducted through sampling from Minworth WWTP over three years period as earlier
mentioned. However, surplus activated sludge (SAS) samples were collected from the aeration
zone prior to any chemical dosing. For samples collected for the digestibility test,
bioaugmentation was carried out by seeding with digested sludge collected from the anaerobic
digestion zone to ensure sufficient volatile fatty acid (VFA) is available for the anaerobic
digestion procedure. Also, during the sludge seeding process it was ensured that all the batch
tested sludges were inoculated with the same digested sludge to avoid differences in the
degradation process of the substrate utilised (Moreno-Andrade and Buitron 2004; Smith 2006).
More so, in order to reduce the impact of both related site-specific variables (sludge age,
wastewater composition and chemical dosage) and experimental variables (sludge storage,
anaerobic digester organic loading and seed sludge) the surplus activated sludge (SAS) was
successfully chemically (Ferric and Aluminium) simulated in a laboratory batch scale tests by
constantly keeping the experimental condition in place. All analysis (settlometer test, mixed
liquor suspended solids (MLSS), digestibility and dewaterability test) was completed within 24
hours of sampling because research findings showed that longer storage times reduces biogas
generation due to the degradability of the readily biodegradable carbon (Smith and Carliell135 | P a g e

Marquet 2009). Aluminium (Al3+), Ferric (Fe3+) and Calcium (Ca2+) were used as a sludge
coagulant for phosphorus removal. Appendix B shows the sampling schedule (sampling phase
and testing) for the impact of Al, Fe and Ca on activated sludge settleability, digestibility and
dewaterability. The sample number considered for aluminium dosed sludge was N= 40 over
dosing concentration boundary of 0, 10, 20, 30, 40, 50, 100, 150mg/L for five batch sampling,
while Ferric (five batch sampling) and calcium (two batch sampling) dosed sludge were N= 24
and N= 16 respectively. Appendix D shows the table of cummulative Biogas Volume Production
for Aluminium (Al3+) and Ferric (Fe3+) Dosed and Undosed surplus activated sludge (SAS) for
(12days). The settlometer test, morphological analysis with scanning electron microscope
(SEM), mixed liquor suspended solids (MLSS), digestibility and dewaterability test will be further
explained in sections 3.3.1 to 3.3.5 respectively.

3.3.1 Settlometer test
The mixed liquor samples were mixed gently by swirling the container in an air tight condition,
so that the flocs are not broken and no air was entrapped into the sample container. 3250mL of
the mixed sample was transferred into a 5L beaker and treated with a varing concentration of
aluminium, ferric and calcium salt (0, 10, 20, 30, 40, 50, 100, 150mg/L). The samples were
stirred for 10 minutes at 2 revolutions per minute (rev/min) using an overhead stirrer (Figure 3.3)
before being used for the settlometer test.

Figure 3.3. The overhead stirrer used to achieve a 10 min mixing effect
The standard Water Research Council (WRc) settling test (Ekama et al.1997) was performed in
a 3.25L type 305 settlometer equipment (Triton Electronics Limited 2018b: Type 305 SSVI Triton
UK) (Figure 3.4) with 100mm diameter and 500mm height , a slow speed stirrer(1rev/min) used
to prevent any event of sludge bridging to the wall. The process has been previously described
by MCR (2008).
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Figure 3.4. Type 305 Settlometer Test (Triton Electronic Limited 2018b)
The settled solid volume (SSV) (mL/L), mixed liquor suspended solids (MLSS) (g/L), SSVI
(mL/g) and ZSV (m/h) result was obtained from the following Equation 3.1 to 3.7;
(H2 − H1 )×0.6
(T2 − T1)

ZSV (m/h) =
SSV (mL/L) =

(3.1)

Volume of Settled Sludge after 30 mins,ml ×1000 mL/L
Sample Volume,mL

SSVI (mL/g) =

Volume of Settled Sludge after 30 mins ,

mL 1000mg
(
)
L
g

MLSS Concentration,mg/L

(3.2)

(3.3)

When the initial height is equal to 50cm SSVI was calculated from Equation 3.4 while when
the initial height is not equal to 50cm Equation 3.5 was utilised.
SSVI (mL/g) =

Final Height of the blanket (cm)×20000
MLSS Concentration (mg/L)

SSVI (mL/g) =

% 𝑆𝑜𝑙𝑖𝑑 =

% 𝑣𝑜𝑙𝑢𝑚𝑒
% 𝑠𝑜𝑙𝑖𝑑

=

(3.4)

Initial Height of the blanket (cm) × 100
MLSS Concentration (

mg
)×10,000
L

MLSS (g/L)
10,000

% 𝑉𝑜𝑙𝑢𝑚𝑒 =

Final Height (cm)
×
Initial Height (cm)

(3.5)

(3.6)
100 =

(3.7)

where,H2 is the initial height of the settlometer cylinder (cm), H1 is the height of the final point
selected on the gradient (cm), T2 is the time of the final point selected on the gradient (min), T1
is the 0 (min) and MLSS is the mixed liquor suspended solids (g/L).
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3.3.2 Morphological Analysis with Scanning Electron Microscope(SEM)
The variability in the morphology of the sludge floc quality in tested activated sludge sample in
the laboratory-scale plant was examined using the scanning electron microscope (SEM -Joel6060LV) (Figure 3.5). The sludge morphological investigation was conducted for both the
control and aluminium, ferric and calcium treated sludge samples.

Figure 3.5. SEM - Joel JSM-6060LV

3.3.3 Mixed Liquor Suspended Solids test (MLSS-test)
The MLSS test was conducted using a vacuum filter mechanism (Figure 3.6). This consisted of a
Buchner funnel connected to a side-arm flask by means of a neoprene adapter with a tube leading
to a vacuum pump. The advantage of the vacuum filtration mechanism is that it allows the liquid to
drain quickly through the filter medium compared to conducting filtration by force of gravity. The
protocol involved first and foremost the use of a tweezers to take a GF/A filter paper and weighed
using a weighing balance and the reading was recorded. The vacuum filter mechanism was then set
up and the filter paper was weighed and placed into a filter base placed in a 2L filtering flask with a
short-side arm connected to a vacuum equipment to achieve filtration under suction. Distilled water
was used to wet the edges of the filter paper placed in the filter base to ensure the filer paper covers
the voids in the filter base and afterwards the equipment was turned on and 1000mL of the MLSS
sample was poured over the filter as close to the centre as possible using a measuring cylinder. The
measuring cylinder was rinsed with distilled water onto the filter and then all the liquid was left to drain
into the flask before removing the filter paper.
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Figure 3.6. Filter Vacuum Mechanism
The wet filter paper with the activated sludge was then be placed on a glass plate using tweezers
and this was then oven dried (Gallenhamp Model OV-440 Registered Trademark) at a temperature
of 140℃ for 37 min and the oven dried sludge cake with filter paper was removed from the oven
using the tweezers and then weighed to obtain the dry weight of filter paper and sludge cake. The
MLSS result was obtained from Equation 3.8:
(MLSS (g/L) = (W2 − W1 ) × 1000

(3.8)

Where, W2 is the Weight of Filter Paper and Dried Sludge Cake and W1 is the Weight of Empty
Filter Paper.

3.3.4 Digestibility test
Two quantities of 2L flat round-bottom flasks were used as the laboratory digester for both the
Fe3+ and Al3+ dosed samples alongside their respective controls. The two bioreactors (digesters)
containing the SAS were made up of one as the test (chemical-dosed sludge) and the other as
the control (Figure 3.7). As a control, 1500 mL of SAS was measured without chemical and
transferred into the first flat round-bottom flask. To give it some organic carbon, 20.5g of sucrose
was added, which facilitated readily degradable carbon, and a magnetic stirrer was used to give
it slow stirring to promote uniformity of the sample in the digesters. From the anaerobic sludge
tank, 40g of sludge was used for bioaugmentation to enhance and speed up the microbial
activities. They were also flushed with nitrogen gas to ensure anaerobic conditions. The second
flat round-bottom flask containing the same sample was then pretreated with 200 mL of 100mg/L
as Fe3+ solution. The experiments were also repeated with 100mg/L as Al3+ solution. Initial jar
tests showed that phosphorus levels were reduced to <0.5mg/L between 50 and 100mg/L doses
of the metal salts. The maximum dose of 100mg/L was then chosen for the digestion
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experiments. The test and control sludge samples were digested at mesophilic temperatures
(35°C) for 12 days until the biogas production subsided. The temperature of digestion was
maintained at 35°C throughout the experiment as most mesophiles grow best within the
temperature range of 30–35°C (Yong et al. 2015; Zhu et al. 2017; Farooq et al. 2017; Gerardi
2003). The experiments were repeated in triplicate, and average data are reported. The
digestibility of the test and control sludge was evaluated by measuring the biogas volume using
a manometer (Dwyer flex-tube series 1222 U-tube manometer containing red gauge fluid
Michigan, USA.). All digestibility experiments were commenced within 24 hours of sampling, as
findings have shown that longer storage times reduce biogas generation due to the degradability
of the readily biodegradable carbon (Smith and Carliell-Marquet 2008). The result for control
and Ferric (Fe) for Batch 1, 2 and 3 are illustrated in Figure 7.2 (Chapter 7). The experiment
was repeated using aluminium coagulant (Al) (100mg/L) and the result for un-dosed and
aluminium dosed sludge for batches 1, 2 and 3 are also illustrated in Figure 7.1 (Chapter 7).

Figure 3.7. Biogas Anaerobic Digestion for Test and Control Set-up

3.3.5 Dewaterability test
A series of laboratory batch scale experiments were conducted in 1000mL beakers with a sludge
sample of 500mL. The experimental reaction was initiated immediately by adding volumes of
Aluminium (Al3+), Ferric (Fe3+) and Calcium (Ca2+) (0, 10, 20, 25 and 50mls) to each beaker
containing 500mls of sludge. The homogeneity of the sludge mixture was ensured throughout
the reaction by stirring at 2 revolutions per minute (2rpm) using an overhead stirrer. Then, 25mL
of the control and Aluminium, Ferric and Calcium (10, 20, 40, 50mg/L) was collected and
analysed using a standard Triton UK-Type 304B capillary suction time (CST) device (Essex,
UK) (Triton Electronics Limited 2018a), equipped with a 18mm reservoir resting on a standard
Whatman No.17 grade chromatography paper. The dewaterability of the sludge was monitored
using the CST dewaterability parameter. Three replicates of each dewaterability condition were
performed with the samples analysed in triplicate to ensure the reproducibility of the
experimental test results, and the mean values of CST were then recorded and reported. The
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details of the experimental procedures have been previously described in detail by Scholz
(2005) and Sawalha and Scholz (2007; 2010). All the test results reported are the means and
standard deviation of three independent samples.
The improvement of sludge dewaterability using sludge conditioners Aluminium, Ferric and
Calcium) was evaluated using the Equation 3.9 for reduction percentage of CST (R % ):
R% =

(CST0 − CSTd )
⁄CST × 100
0

(3.9)

Where,
CST0 = Initial Sludge CST(s)
CSTd = Sludge CST after chemical dosing (s)
The CST device components include; CST Meter, Perspex block assembly, stainless steel
funnel (18mm and 10mm diameter reservoir) and filter papers (Whatman 17.0 Grade). The CST
test was carried out by pouring the primary and secondary test samples into the 18mm and
10mm diameter reservoir placed on Whatman 17.0 filter paper. The filtrate is drained from the
reservoir through the capillary suction effect of the filter paper so that a filter cake is formed on
the filter paper. This reveals that CST test value is not influenced by the mass of liquid in the
reservoirs, provided that the liquid capacity can generate the required suction pressure
(Smeulders and Meeten 1995). The fluid soaks the paper and disseminate outwards in a circular
shape based on the viscosity of the filtrate and filterability of the sludge. The sludge cake
resistance (m/s) is measured based on the distance the filtrate travels along the paper as
function of time. The filter resistance is taken as negligible while the CST value is calculated as
the time taken for the filtrate to travel between two (2) concentric and adjustable circles on the
filter paper (Figure 3.8).

Figure 3.8. Pictorial View of Capillary Suction Time Test Device
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Although, CST test suffers from limitations tied to incomparability of test data using different
types of sludge and the potential of replicated test producing variable result, but Scholz
(2005,2006) has requested more concentration on the precision of CST result and this current
research will fill this gap by building it into the CST test assessment. More details on the CST
device operation and protocol are reported in Baskerville and Gale (1968). Although there is
another dewaterability indicator test called the specific resistance of cake to filtration (SRF)
reported in Carman (1938); Gale (1967); Lo et al. (2001); Smeulders and Meeten (1995).
However, for this current study, CST was utilised.

3.4 Data Analysis and Model Validation
The measured ZSV and SSVI from the three years batch settling tests were used in modelling
new Aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+) dosed activated sludge settleability.
Typical result of the data set of batch tests was analysed using the Minitab 17 software and
solver optimisation tool. The solver optimisation tool allows the solver parameter to be set for
the target objective of a reduced sum of square deviation (SSD) value so that the model fits the
experimental data while the minitab 17 allows the design of an experimental model for
investigation of the impact of input variables on the response variable at the same time. Results
were also analysed using the non-linear regression in the minitab 17 software (Minitab Inc.
2016) and the F-test (F>0.05), lack of fit test (P>0.05), R² (coefficient of determination), residual
plot, probability plot and interval plot was used to validate how the ZSV model fits the ZSV
experimental data.
The non-linear regression was used because the proposed operational curve demonstrated a
non-linear correlation. This non-linear regression analysis produces an equation that explains
the non-linear relationship between a continuous response variable and one or more predictor
variables and predicts new observations. This was utilised since the parameters are not linear
and cannot be modelled using the ordinary least squares regression model the correlations with
linear parameters. The description of the function that satisfy both the prior knowledge about
the shape of the expected response curve (exponential growth or decay curve) and non-linear
assumptions for modelling the revised chemically dosed (Aluminium, Ferric and Calcium)
activated sludge settleability equation was provided in the solver optimisation tool procedure
(section 3.4.1). Figure 3.9, shows a pictorial view of the solver optimisation tool. This
mathematical modelling will not just provide representation of real life situation using
mathematical equation but will further predict their future behaviour which is key in decisionmaking. Further analysis was conducted using statistical Minitab time series procedure that
uses a simple forecasting and smoothing method. This analyses data collected over time called
a time series and decomposes the data into its component parts (impact of Aluminium, Ferric
and Calcium on ZSV actual and model) and extends the evaluation of the components into the
future to provide forecasts as a decision making tool. The revised activated sludge settleability
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model realized in Chapter Four, Five and Six was designed to analyse the effects of Aluminium
(Al3+), Ferric (Fe3+) and Calcium (Ca2+) dosing concentrations on activated sludge settleability
indicators; zone settling velocity (ZSV) and stirred specific volume index (SSVI) using linear
transformation of polynomials and exponential functions to achieve replication of a non-linear
correlation between the Al3+, Fe3+ and Ca2+ dosing concentrations and settleability indicators
(ZSV and SSVI).

Figure 3.9.Solver optimisation tool

3.4.1 Solver optimisation tool procedure
Step1 Experimental Test data
It requires an actual data which in this current research is the ZSV and SSVI experimental data
collected during a laboratory batch settling test. A column with time values for settleability after
30 minutes was entered into the cells of an excel spreadsheet and the actual ZSV experimental
data collected was inserted into another column.
Step 2 Mathematical Model that fits the ZSV operational curve
Based on the law of exponential decay, the actual data should follow a proposed mathematical
model provided in the Equation 4.1, 5.3 and 6.3 (Chapters Four, Five and Six) that fits the zone
settling velocity (ZSV) operational curves which was then entered into the excel spreadsheet.
ZSVAl = ((C0 )Al (DC )Al + (ZSV0 )Al )e−((Kd)Al −(CK)Al (DC)Al )XAl

(4.11)

ZSVFe = ((C0 )Fe (DC )Fe + (ZSV0 )Fe )e−((Kd)Fe−(CK)Fe(DC )Fe)XFe

(5.3)

ZSVCa = ((C0 )Ca (DC )Ca + (ZSV0 )Ca )e−((Kd)Ca−(CK )Ca(DC )Ca)XCa

(6.3)
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From this model the known values are the values of actual zone settling velocity (ZSV), activated
sludge concentration (X) and dosing concentration protocol (Dc). The unknown parameters
ZSVo, CO , K d and CK were identified from the model and inserted in various cells within the
excel spreadsheet. A non-linear parameter fitting was used to determine the values of the
unknown parameters for aluminium, ferric and calcium dosed sludge with sample numbers
(N=40; N=24 and N=16).
Step 3 Plot of ZSV Operational Curve and ZSV model Curve
The initial stage of the non-linear parameterisation involved plotting all the data of the ZSV as a
function of chemical dosing (Al3+, Fe3+ and Ca2+) concentration to check if the data is a linear or
non-linear correlation. Also, it was observed that using the built in excel function there are no
function that will give us the observed behaviour of a non-linear representation of ZSV and SSVI
as a function of aluminium, ferric and calcium dosing concentration as reported in Figure 4.2
and 4.3 (Chapter Four); Figure 5.2 and 5.3 (Chapter Five) and Figure 6.2 and 6.3 (Chapter Six)
and hence the non-linear parameterisation was utilised. The actual mean values of ZSV data
were plotted against the chemical dosing ( aluminium, ferric and calcium) concentration and a
non -linear curve was obtained. Dummy value of a number 1 was entered for each of the four
unknown((ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al , (ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe and
(ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca ) settleability coeffiicents for aluminium, ferric and calcium
dosed sludge. The ZSV model curve was plotted by adding another series of curve to the actual
ZSV curve. The dummy values were used to test run the effect of changing the various unknown
values. The essence of adding the ZSV model to the existing actual ZSV was to predict the
output data of the actual ZSV and use the changing unknown values to obtain a ZSV model
value that matches the existing ZSV experimental data.
Step 4 Adjustment of the unknown parameters
The dummy value assigned to the unknown parameters was adjusted because the output data
of the ZSV model does not fit the actual ZSV model. Different values were used to predict the
ZSV model data that fits the actual ZSV data and the effect of the variation was observed to
know the set of values that can be tested.
Step 5 Calculating Deviations
In a linear fitting, deviations are used to check how well model data fits the actual data
measured. The same approach applies in a non-linear model and as such measurement of
deviation is vital in obtaining a set of ZSV model data that predicts the actual ZSV data. In
achieving this, the column was created on an excel spreadsheet to calculate the squared
deviation (SD) using Equation 3.10. This gives the squared residual error between the model
and the actual (experimental) ZSV measured.

SD = (ZSV Experimental – ZSV Model)²

(3.10)
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Step 6 Sum of Square Deviation (SSD)
This allowed the standard deviation (SD) values to be reduced as small as possible so that a
better model data that fits the actual data was obtained. This was computed by summing up the
data obtained for the various SDs. The value of SSD was reduced by adjusting the values of
the four unknown parameters until a reasonable value was obtained.
The evaluation of the solver optimisation tool using typical data of impact of aluminium, ferric
and calcium dosing (mg/L) on ZSV (m/h) will be covered in more detail in Chapters Four, Five
and Six.

3.4.2 Stirred Sludge Volume Index (SSVI) Expression for Chemically Dosed
Sludge (Aluminium, Ferric and Calcium)
The conventional Vesilind (1968) equation (Equation 1.1) was utilised in modifying the
conventional Pitman (1980,1984) and White (1975) model.
ZSV = vO e−KX

(1.1)

Equation 4.11, 5.3 and 6.3 (Chapter Four, Five and Six) shows the new proposed settleability
model equations for aluminium, ferric and calcium dosed sludge
ZSVAl = ((C0 )Al (DC )Al + (ZSV0 )Al )e−((Kd)Al −(CK)Al (DC)Al )XAl

(4.11)

Where,
ZSVAl = Actual settling velocity (m/h) Al3+ dosed sludge
(ZSV0 )Al = Maximum settling velocity (m/h) for Al3+ dosed sludge
(K d )Al = Empirical Al3+ dosed sludge settling parameter relating to sludge compaction
(C0 )Al= Empirical Al3+ dosing constant related to stokes settling velocity
(CK )Al = Empirical Al3+ dosing constant related sludge compaction
(DC )Al = Al3+ dosing concentration (mg/L)
X Al = Al3+ dosed MLSS concentration (mg/L)
ZSVFe = ((C0 )Fe (DC )Fe + (ZSV0 )Fe )e−((Kd)Fe−(CK)Fe(DC )Fe)XFe

(5.3)

Where,
ZSVFe = Actual settling velocity (m/h) Fe3+ dosed sludge
(ZSV0 )Fe = Maximum settling velocity (m/h) for Fe3+ dosed sludge
(K d )Fe = Empirical Fe3+ dosed sludge settling parameter relating to sludge compaction
(C0 )Fe = Empirical Fe3+ dosing constant related to stokes settling velocity
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(CK )Fe = Empirical Fe3+ dosing constant related sludge compaction
(DC )Fe = Fe3+ dosing concentration (mg/L)
X Fe= Fe3+dosed MLSS concentration (mg/L)
ZSVCa = ((C0 )Ca (DC )Ca + (ZSV0 )Ca )e−((Kd)Ca−(CK )Ca(DC )Ca)XCa

(6.3)

Where,
ZSVCa = Actual settling velocity (m/h) Ca2+ dosed sludge
(ZSV0 )Ca = Maximum settling velocity (m/h) for Ca2+ dosed sludge
(K d )Ca = Empirical Ca2+ dosed sludge settling parameter relating to sludge compaction
(C0 )Ca = Empirical Ca2+ dosing constant related to stokes settling velocity
(CK )Ca = Empirical Ca2+ dosing constant related sludge compaction
(DC )Ca = Ca2+ dosing concentration (mg/L)
X Ca = Ca2+dosed MLSS concentration (mg/L)
Pitman and white expression (Equation 1.2) provides correlation between settleability constant
and SSVI
vO
K

= 68e−0.016SSVI

(1.2)

Rearranging Equation 1.2 becomes Equation 3.11
vO = 68ke−0.016SSVI

(3.11)

Equation 3.11 can be re-written in terms of ZSVO and Equation (3.11) becomes Equation (3.12)
ZSVO = 68ke−0.016SSVI

(3.12)

Substitute Equation 3.12 into the proposed model Equation (4.11, 5.3 and 6.3) and it becomes
Equation (3.13, 3.14 and 3.15)
ZSV = ((C0 )Al (DC )Al + 68(K d )Al e−0.016SSVIAl ) × (e−(Kd)Al XAl +(CK)Al (DC)Al XAl

(3.13)

ZSV = ((C0 )Fe (DC )Fe + 68(K d )Fe e−0.016SSVIFe ) × (e−(Kd )FeXFe+(CK )Fe DC XFe )

(3.14)

ZSV = ((C0 )Ca (DC )Ca + 68(K d )Ca e−0.016SSVICa ) × (e−(Kd )CaXCa+(CK )CaDC XCa )

(3.15)

Divide both side of Equation (3.13, 3.14 and 3.15)

by (e−(Kd )AlXAl +(CK )Al (DC )Al XAl ),

(e−(Kd )FeXFe+(CK )Fe(DC )FeXFe ) and (e−(Kd )CaXCa+(CK )Ca(DC )CaXCa ) and Equation (3.13, 3.14 and 3.15)
becomes Equation (3.16, 3.17 and 3.18) respectively
146 | P a g e

ZSVAl

= ((C0 )Al (DC )Al + 68(K d )Al e−0.016SSVIAl

(e−(Kd )AlXAl+(CK )Al(DC )Al XAl ) )
ZSVFe

(e−(Kd )Fe XFe+(CK )Fe (DC )Fe XFe ) )
ZSVCa
(e−(Kd )CaXCa +(CK )Ca (DC )CaXCa ) )

(3.16)

= ((C0 )Fe (DC )Fe + 68(K d )Fe e−0.016SSVIFe

(3.17)

= ((C0 )Ca (DC )Ca + 68(K d )Ca e−0.016SSVICa

(3.18)

Subtract (C0 )Al (DC )Al , (C0 )Fe (DC )Fe and (C0 )Ca (DC )Ca from both side of Equation (3.16, 3.17
and 3.18) and Equation (3.16,3.17 and 3.18) becomes Equation (3.19, 3.20 and 3.21).
ZSVAl
(e−(Kd )AlXAl+(CK )Al(DC )Al XAl )

− (C0 )Al (DC )Al = 68(K d )Al e−0.016SSVIAl

ZSVFe
(e−(Kd )Fe XFe +(CK )Fe (DC )Fe XFe )
ZSVCa
(e−(Kd )CaXCa +(CK )Ca (DC )CaXCa )

(3.19)

− (C0 )Fe (DC )Fe = 68(K d )Fe e−0.016SSVIFe

(3.20)

− (C0 )Ca (DC )Ca = 68(K d )Ca e−0.016SSVICa

(3.21)

Divide both side of Equation (3.19, 3.20 and 3.21) by 68(K d )Al , 68(K d )Fe and 68(K d )Ca and
Equation (3.19, 3.20 and 3.21) becomes Equation (3.22, 3.23 and 3.24)
ZSVAl
68(Kd )Al (e−(Kd )Al XAl+(CK )Al (DC )Al XAl )
ZSVFe
−(K
)
X
Fe
Fe +(CK )Fe (DC )Fe XFe )
d
68k(e
ZSVCa
68k(e−(Kd )Ca Xd +(CK )Ca (DC )Ca XCa )

−

(C0 )Al (DC )Al
68(Kd )Al

= e−0.016SSVIAl

(3.22)

−

(C0 )Fe (DC )Fe
68(Kd )Fe

= e−0.016SSVIFe

(3.23)

−

(C0 )Ca (DC )Ca
68(Kd )Ca

= e−0.016SSVICa

(3.24)

Take ln of both side of Equation (3.22, 3.23 and 3.24) and Equation (3.22, 3.23 and 3.24)
becomes Equation (3.25, 3.26 and 3.27)
ln(

68(Kd )Al (e

ln(

ZSVAl
−(Kd )Al XAl +(CK )Al (DC )Al XAl
ZSVFe

68k(e−(Kd )Fe XFe +(CK )Fe (DC )Fe XFe )

ln(

ZSVCa

68k(e−(Kd )Ca Xd +(CK )Ca (DC )CaXCa )

)

−

(C0 )Al (DC )Al
)
68(Kd )Al

= lne−0.016SSVIAl

(3.25)

−

(C0 )Fe (DC )Fe
)
68(Kd )Fe

= lne−0.016SSVIFe

(3.26)

−

(C0 )Ca (DC )Ca
)
68(Kd )Ca

= lne−0.016SSVICa

(3.27)

But, lne =1 and hence Equation (3.25, 3.26 and 3.27) becomes the following expressions below
for the new activated sludge settleability model use to analyse the effects of aluminium, ferric
and calcium dosing on activated sludge settleability indicators(SSVI):
(C ) (D )
ZSVAl
) − ( 0 Al C Al )
68(K d )Al ⁄
68((K d )Al XAl ) + ((CK )Al (DC )Al XAl )
SSVIAl (mL/g) = −ln [
0.016]
(
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(
SSVIFe (mL/g) = −ln [

68((K d )Fe

(C ) (D )
ZSVFe
) − ( 0 Fe C Fe )
68(K d )Fe ⁄
)
XFe ) + ((CK Fe (DC )Fe XFe )
0.016]

(C ) (D )
ZSVCa
) − ( 0 Ca C Ca )
68(K d )Ca ⁄
)Ca (DC )Ca XCa )
68((K
)
X
)
+
((C
d
Ca
Ca
K
SSVICa (mL/g) = −ln [
0.016]
(

This is reported in the result and discussion section (Chapter Four, Five and Six) as Equation
(4.22-SSVIAl (mL/g), 5.14-SSVIFe (mL/g) and 6.14-SSVICa (mL/g)) respectively.

3.5 Health & Safety and Waste Disposal Measures
The issues relating to health and safety before and during the PhD research analysis were
medium to high risk and the current research passed the Coventry University ethical
approval process after completing the ethics form online. However, the following forms and
document were uploaded and approved:
 Health and Safety Assessment Form
 PhD Research Project Laboratory Learning Contract.
 COSHH (Control of Substance Hazardous to Health) Form for Treated Wastewater
Effluent
 COSHH (Control of Substance Hazardous to Health) Form for the use of Ferric chloride
hexahydrate and Hydrated Aluminium sulphate chemicals for Activated Sludge
Settleability, Digestibility and Dewaterability Test.
The health and safety precautions as identified in the ethical form completed in meeting the
health and safety requirement in the laboratory during the current research includes;
 Stringent conformity with the safety policy in the laboratory during disposal of the dried
activated sludge cake and activated sludge effluent
 Familiarisation with the Material Safety Data Sheet (MSDS) of all reagent and activated
sludge was ensured before commencement of experiment.
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Chapter Four
The Impact of Aluminium Dosing on Activated Sludge Settleability
4.0 The Research Objectives and Activated Sludge Settleability
The Literature review in chapter two has provided information that chemical coagulant
Aluminium (Al3+) could optimise activated sludge settleability. However, there is limited
information from previous studies on investigating activated sludge settleability process and the
impact of aluminium on activated sludge settleability. Therefore, one of the broad objectives of
this study is to evaluate the impact of chemical dosing aluminium on activated sludge
settleability will be considered in this Chapter. Four of the research objectives namely to
evaluate the impact of chemical dosing (Aluminium-Al3+, Ferric -Fe3+ and Calcium-Ca2+) on
activated sludge settleability parameter (ZSV and SSVI) data, develop models to predict zone
settling velocity (ZSV) and stirred sludge volume index (SSVI) as a function of chemical dosing
(Al3+, Fe3+ and Ca2+) concentration using estimated laboratory ZSV and SSVI data, investigate
the impact of chemical dosing (Al3+ and Fe3+) on experimental biogas production generation in
a laboratory scale anaerobic digester and investigate the impact of chemical dosing (Al3+, Fe3+
and Ca2+) concentrations on dewaterability of activated sludge will be explored in Chapters Four,
Five, Six, Seven and Eight respectively; the ZSV and SSVI is measured as an indicator of
activated sludge settleability in Chapters Four, Five and Six.

4.1 The Impact of Aluminium Dosing on Activated Sludge Settleability
4.1.1 Introduction
The use of metal salts such as aluminium, ferric and calcium (Al3+, Fe3+ and Ca2+) in precipitation
of phosphorus in activated sludge plants has increased considerably in recent years to achieve
tighter discharge consents for phosphorus removal in treated wastewater effluent. The
modelling of the settleability of the resultant aluminium, ferric and calcium dosed sludge in
current engineering practice for design and optimisation are still based on conventional sludge
settleability models. There are limited studies that have reported on the effects of chemical
dosing (Al3+, Fe3+ and Ca2+) concentrations on activated sludge settleability and no studies have
optimised the exponential form of the Vesilind equation and validated the numerical expression
to include chemical dosing parameters.

Previous studies have reported that phosphorus removal is achieved by either enhanced
biological phosphorus removal (EBPR) or chemical phosphorus removal (CPR). The use of
EBPR is limited by the requirement for strong wastewater with high, readily biodegradable
biological oxygen demand (BOD) hence CPR is the most widely used for phosphorus removal
in wastewater (Section 1.1 and 2.1.7.2 and 2.1.7.3). The factors affecting activated sludge
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settleability such as extracellular polymeric substances (EPS), particle size and structure,
cations, and flocculating capability has been addressed in section1.1 (Chapter One) and section
2.1.6.1, 2.1.6.2 and 2.1.6.3 (Chapter Two). The final settling tank (FST) contributes greatly to
the design and operation of the activated sludge process (ASP). The evaluation of zone settling
velocity (ZSV) is vital in both the design and modelling of FSTs.

The settling classifications are typically reliant on the nature and concentration of the sludge
particulates and the interaction between the activated sludge particulates. The activated sludge
process, principle of operation, function, types of FST and classification of settling characteristic
of activated sludge have been addressed in section 2.1.1 to 2.1.3 (Chapter Two). The modelling
of activated sludge settleability to date is based on Pitman (1980, 1984) and White (1975)
settleability model. The Pitman (1980, 1984) and White (1975) model which is based on Vesilind
(1968) expression for explaining the activated sludge settling characteristics for municipal and
industrial wastewater treatment. The model was developed based on the settling characteristics
of conventional sludge. With high aluminium (Al3+) salt dosage in the precipitation of phosphates
today, the overall characteristics of sludge are different from the conventional sludges on which
the Pitman (1980,1984) and White(1975) model was based. Therefore, there is a need to
develop a new model that describes the settling properties of aluminium sludge. The proposed
new model equation describing the extra weight of aluminium dosing in ASP will address the
limitation of the Pitman (1980,1984) and White(1980) model for conventional activated sludge.
The purpose of this chapter is to evaluate the impact of chemical dosing (Al3+, Fe3+ and Ca2+)
concentration on activated sludge settleability parameter (ZSV and SSVI) and develop models
to predict ZSV and SSVI as a function of chemical dosing (Al3+, Fe3+ and Ca2+) concentration
using estimated laboratory ZSV and SSVI data using a new type 305 setlometer equipment
(Triton Electronic Limited 2018b, UK) (Chapter Three - Figure 3.4). The ZSV and SSVI is
measured as an indicator of activated sludge settleability. More information on the settling
velocity models are available in section 2.1.4 (Chapter Two). The methodology on settleability
test has been addressed in section 3.3.1 (Chapter Three).

4.2 Result and Discussion
The results obtained from the research investigation on the impact of aluminium on activated
sludge settleability was presented based on the four categories namely Effects of Aluminium
dosing on Activated Sludge Morphology (4.2.1), Effects of Aluminium Dosing on ZSV and SSVI
(4.2.2), Data Analysis and Model Validation (4.2.3), Model Development and Model Validity for
Aluminium Dosed sludge

(4.2.4), New Model Calibration to Include Aluminium Dosing

Parameter (4.2.5), Validation of New Model for Impact of Aluminium Dosing on ZSV and SSVI
(4.2.6), Summary and perspectives (4.2.7) and Conclusions (4.2.8).
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4.2.1 Effects of Aluminium Dosing on Activated Sludge Morphology
Microscopic analysis of sludge flocs for control sample (0mg/L) and aluminium dosed (20,
50,100 and 150mg/L) in the SEM - Joel JSM-6060LV showed initial evidence of interfloc
bridging, open floc formation and spindly bulking potential in the control sample (Figure 4.1a)
while in the aluminium treated sample (20mg/L) some reduced interfloc bridging was observed
with improved sludge compaction (Figure 4.1b). However, a better improvement was noticed at
a dosing concentration of 50mg/L with reduction in the interfloc bridging but open floc formation
and spindly bulking reduction with better sludge compaction (Figure 4.1c) and treatment with
increased aluminium dosing concentration of 100-150mg/L (Figure 4.1d and e) also showed
better sludge compaction.
The control sludge floc exhibiting an interfloc bridging indicates interference with bioaggregation of floc particles leading to slow settling rate and reduced sludge compactibility and
overall reduced activated sludge settleability. On the other hand, the aluminium-treated sludge
floc showed the impact of aluminium in the reduction of the length of the filament organism into
smaller filaments. We can therefore infer that aluminium treated sludge reduced the issues of
extending filamentous organisms over floc forming bacteria in the entire sludge particle surface
(interfloc bridging), scattering of floc forming bacteria into smaller set along extended
filamentous organism (open floc formation) and floc-forming bacteria formed along filament
length of filamentous organism (spindly bulking). This result reported in Ojo and Ifelebuegu
(2018) agrees with findings of Luo et al. (2013); Agridiotis et al. (2007); Gerardi (2002);
Eikelboom (2000); Richard (2003) and Chambers and Tomlinson (1982) on sludge bioflocculation and improvements in sludge settleability. This also explains the observation of Ojo
and Ifelebuegu (2016) in the improvement of sludge settleability with increasing dose of
aluminium in a full-scale activated sludge treatment plant.

Figure 4.1a. SEM of floc (Control 0mg/L)
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Figure 4.1b. SEM of floc (Al-Dosed 20mg/L)

Figure 4.1c. SEM of floc (Al-Dosed 50mg/L)

Figure 4.1d. SEM of floc (Al-Dosed 100mg/L)

Figure 4.1e. SEM of floc (Al-Dosed 150mg/L)
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4.2.2 Effects of Aluminium Dosing on ZSV and SSVI
The ZSV was estimated over a range of un-dosed and aluminium dosed activated sludge
concentrations (0, 20, 50,100 and 150mg/L) for 5 batch test regimes (LOT-B and LOF-A) and
the results from a typical ZSV test for aluminium (Phase 3) are shown in Figure 4.2 a-e (ZS =
zone settling, TS = transition settling, CS = compression settling) and the ZSV’s were obtained
from the slope of the linear graph. The results from the typical ZSV test for aluminium dosed
sludge (Figure 4.2 a-e) indicates that approximately 50% of the original sludge volume within
the sludge depth of the settling column settled after 5 to 10 minutes for both the control and
aluminium treated sludge. It was observed from the zone settling curve (ZSC) that the initial
faster settling is probably due to the absence of spaces between the sludge flocs causing a free
settling without interference. However, after the initial first 10 mins of settling, it was noticed that
the change in the sludge height with time (ZSV) began to decline. This agrees with the previous
work (Vesilind 1968) and can be explained by the floc to floc interaction based on their proximity
and slowing down of their settling velocities. Consequently, within this zone settling regime, the
agglomeration of floc bacteria tends to settle as a zone of blanket (sludge blanket) accounting
for the decrease in the settling velocity (Tchobanoglous and Burton 1991).

In addition, as the settling velocity began to approach the zero axes, there was a possible
dehydration of water from the sludge floc pore spaces due to the compressive forces acting on
the floc bacteria as the sludge floc enters a compression settling regime. Also, the linear portion
of the ZSCs (Figure 4.2 a-e) represents the settling velocity of the sludge flocs as reported in
previous work (Vanderhasselt and Vanrolleghem 2000) and as such an increased sludge
concentration will result in a decrease in the settling velocity due to increased resistance to
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Figure 4.2a. ZSC for Un-dosed sludge (error bars represent the standard deviation of the mean)
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Figure 4.2b. ZSC for 20mg/L Aluminium dosed sludge (error bars represent the standard
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Figure 4.2c. ZSC for 50mg/L Aluminium dosed sludge (error bars represent the standard
deviation of the mean)

Figure 4.2d. ZSC for 100mg/L Aluminium dosed sludge (error bars represent the standard
deviation of the mean)
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Figure 4.2e. ZSC for 150mg/L Aluminium dosed sludge (error bars represent the standard
deviation of the mean)

The results of the impact of aluminium dosing on activated sludge settleability index (ZSV and
SSVI) are summarised in Table 4.1. It was observed that the ZSV values increased at the
beginning with increasing concentration of aluminium dose (10, 20, 30, 40 and 50mg/L) and
started to decrease after 100mg/L dose concentration (100 and 150mg/L). A reversed trend was
observed for the SSVI, which decreased with increasing dose of aluminium up to 50mg/L dose
rate. At 100mg/L dose rate the SSVI had started to increase. A smaller SSVI value represented
a faster settling rate of activated sludge and vice versa. This agrees with the work of Ojo and
Ifelebuegu (2016), who reported that increasing concentration of aluminium dose in a full-scale
activated sludge plant resulted to improved settleability until an aluminium dose of about
145mg/Lwhen settleability disintegrated and the sludge started to bulk.
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Table 4.1 Mean and Standard deviation (SD) of ZSV and SSVI for Aluminium un-dosed and dosed sludge for five batch settling tests (Sample number
(N) =40; 2014-2017)
Dosing concentration (mg/L)
Parameters

Mean &SD
ZSV(m/h)

Control

Aluminium dosed

0

10

20

30

40

50

100

150

1.57± 0.06

1.64±0.06

1.73±0.06

1.81±0.08

1.89±0.09

1.96±0.07

1.79±0.06

1.67±0.07

Mean &SD
SSVI(mL/g) 64.94±11.23 61.37±10.54 54.82±6.98 52.62±7.78 48.37±5.98 45.53±6.42 52.50±4.27 61.19±13.71

Mean &SD
(X) (g/L)

2.67±0.17

2.75±0.15

2.82±0.16

2.88±0.16

2.96±0.19

3.02±0.19

3.17±0.23

3.37±0.23
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The improvement noticed in activated sludge settleability (low SSVI and high ZSV) at initial
aluminium dosage rates (10 and 50mg/L) observed can be attributed to the surface charge theory
of the activated sludge (Gray 1990; Eikelboom et al. 1998; Agridiotis et al. 2007; Liu et al. 2010;
Martins et al. 2011). Although, Forster (1996) explained that the theory of bulking could be based
on filamentous bacteria concept but Urbain et al. (1993) reported that filament content in activated
sludge is not the only issue contributing to activated sludge settleability, but other serious
challenges such as surface chemistry of the sludge contributes to poor settling sludge within the
FST. The impact of aluminium dosed sludge can be further explained through charge
neutralisation of negatively charged colloids by cationic hydrolysis products (Daun and Gregory
2003). Previous studies by Urbain et al. (1993) supported that the overall activated sludge floc
structure is negatively charged due to the physical and chemical interactions between floc
bacteria, extracellular polymeric substances (EPS) and multivalent cations. It was posited that
aluminium dosed salts have the potential to be strongly immersed by the surface of sludge flocs
because of the produced positively charged metal hydroxides which account for the charge
neutralisation process and charge reversal during periods of aluminium overdosing. In the present
study, the observed behaviour of the SSVI that initially decreased at a dose rate of 10 and 50
mg/L and started increasing at 100mg/L dose concentration (100 to 150mg/L) may be due to
charge reversal because of overdosed aluminium coagulant. Two competing reactions are
involved in the precipitation of phosphorus by aluminium namely formation of metal hydroxide
(aluminium hydroxide) and metal phosphate (aluminium phosphate) (De Haas et al. 2000a)
(Equations 4.1-4.2). The reaction in Equation 4.1 is more thermodynamically and kinetically
favoured over the reaction in Equation 4.2. At the lower dosing concentration, the formation of
AlPO4 is predominant. However, at the higher dosing concentrations when the phosphates in the
wastewater have been precipitated, the excess aluminium results in the formation of hydroxides
as in Equation 4.1. This is responsible for the disintegration of the overall floc structure at higher
aluminium concentration resulting to drop in ZSV and increase in the SSVI.
Al3+ + 3H2 O → Al(OH)3 + 3H +

(4.1)

Al3+ + PO4 3− → AlPO4

(4.2)

Researchers have reported that EPS could also impact the activated sludge settling processes
and physicochemical properties of activated sludge flocs (surface charge) due to the ability of its
internal layer to tightly bound and adhere closely with strong stability to the cellular surface (Sheng
et al. 2010). In support of this claim, Wang et al. (2013b) reported similar linear relationship
between loosely and tightly bound EPS and SSVI since the activated sludge flocs are reported to
be embedded in the EPS structure and the amount of EPS extractable from the activated sludge
is positively related to SSVI (Biggs and Lant 2000; Jin et al. 2003; Wilén et al. 2003). In the current
study, the observed trend in the SSVI with increasing chemical dosing could be explained through
EPS binding capacity to microbial cells through its bridging nature with aluminium and the overall
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impact on the EPS content in the activated sludge flocs (Higgins and Sobeck 2002; Sheng et al.
2006; Sheng et al. 2010). It has also been previously reported that negatively charged mineral
and sludge particles can form flocs by cation bridging when multivalent cations (aluminium) are
dosed into an ASP (Piirtola 2000).
The improvement in settleability of the activated sludge at lower Al3+ concentations can also be
attributed to ability of aluminium to neutralise the sludge surface charge (Higgins and Novak
1997b and Subramanian et al. 2010), decreased surface charge is related to decrease SSVI
values (Mikkelsen et al. 1996; Wilén et al. 2003; Thompson and Forster 2003) and ability to form
larger flocs due to higher valence and low solubility (Li et al. 2012). The decrease in ZSV and
increase in SSVI and hence decreased settleability at the higher dose concentrations are
attributed to surface charge reversal linked to high aluminium dosing rate and high surface charge
which is a function of weaker bonding between the various sludge floc fractions resulting to the
breakage of the general activated sludge floc structure (Thompson and Forster 2003; Agridiotis
et al. 2007; Kara et al. 2008, Ojo and Ifelbuegu 2016).The reduction in the ZSV values with
increasing SSVI also indicates a sludge with a slow settling rate that may hinder the activated
sludge compressibility and underflow concentration within the FST (Gerardi 2002).

4.2.3 Data Analysis
The measured ZSV and stirred specific volume index (SSVI) from the three years batch settling
tests were used in modelling new aluminium dosed activated sludge settleability. The typical result
of the data set of batch tests were analysed using the Minitab 17 software and solver optimisation
tool. The solver optimisation tool allows the solver parameter to be set for the target objective of
a reduced sum of square deviation (SSD) value so that the model fits the experimental data while
the minitab 17 allows the design of an experimental model for investigation of the impact of input
variables on the response variable at the same time. Results were also analysed using the nonlinear regression in the minitab 17 software and the F-test ( F>0.05), lack of fit test ( P>0.05), R²
(coefficient of determination), residual plot, probability plot and interval plot related to the
aluminium dosed sludge was used to validate how the ZSV model fits the ZSV experimental data.

4.2.4 Model Development and Model Validity for Aluminium Dosed Sludge
The most familiar approach to evaluating sludge settleability in wastewater treatment processes
is using the sludge volume index (SVI) method since it gives a result very quickly in the laboratory.
Based on the definition of SVI as the volume occupied per unit mass of sludge particulate (mL/g)
after 30 minute of settling; it implies that SVI is a function of settling velocity all through the settling
column where the activated sludge varies with respect to time (t) and settling height (H). However,
employing SVI as a variable in the evaluation of the real settling in FSTs is contentious since the
test relies on the initial sludge concentration before it is being deduced, which contradicts the
expectation of a true process parameter for sludge settleability. As FST is known to perform a
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unique function in the design and operation of the activated sludge process, the evaluation of
ZSV in the modelling and design of the FST becomes paramount (Tchobanoglous and Burton
1991 and Ekama et al. 1997). Given the limitations of SVI, a more robust approach was introduced
called the zone settling velocity test (ZSV). The ZSV approach allows settling velocities to be
evaluated over a range of activated sludge concentrations (X) to estimate the rate of zone settling
in the settling column where flocs are in proximity to each other. The resultant ZSV values are
then used to regulate various models relating the settling velocity and solids concentration.
Although, since the mass flux theory was developed by Kynch (1952), various studies have been
conducted to examine the relationship between zone settling velocity and activated sludge
concentration (Vesilind 1968; Dick and Young 1972; Vearenbergh 1980; Cho et al. 1993) but the
most acceptable models are those suggested by Vesilind (1968) (Equation 1.1- ZSV = v0 e−kX )
and Dick and Young (1972) (Equation 4.3). Following previous work by White (1975) and Haandel
and Lubbe (2012), it was revealed that these models define the correlation between zone settling
velocity and sludge concentration.
ZSV = Vo (X)K

(4.3)

The Capital V0 and K are sludge settleability constants expression for Dick and Young (1972)
expression in Equation (4.3). The V0 explains the effect of sludge settleability on the actual settling
velocity while K explains the effect of sludge settleability on sludge compaction (sludge volume
index-SVI).
Meanwhile, other researchers have utilised the empirical relationship with the sludge settleability
parameters such as SVI, diluted sludge volume index (DSVI) and stirred sludge volume index
(SSVI) to obtain the Vesilind Small v0 and k parameter (Pitman 1984; Ekama and Marias 1986;
Wahlberg and Keinath 1988; Giokas et al. 2003; and Diagger 1995). The research conducted by
Pitman (1980, 1984) involving analysis of six years of full-scale studies resulted in the
development of an empirical relationship between the constants of the Vesilind equation and
SSVI. The correlation obtained was expressed in Equation 1.2 (

v0
k

= 68e(−0.016×SSVI) ). The reason

for the introduction of SSVI subscript 3.5g/L (SSVI3.5 ) was to resolve the issue of poor settling
sludges in the settling column. As earlier mentioned, SVI is the most common sludge settleability
indicator used to measure the settling characteristics of suspended growth of activated sludge
solids in activated sludge process (ASP). This is because of the simplicity with which the SVI
(unstirred) test is performed. However, SVI suffers some major drawbacks since there is no
consistent relationship between SVI and suspended solids concentration in mg/L (MLSS) (Dick
and Vesilind 1969), but this challenge was addressed in review conducted by Dick and Vesilind
(1969) suggesting an inclusion of a slow stirring regime (1 -2 revolution per minute) and this led
to proposed stirred specific volume index (SSVI) test using a 4L-settling column instead of the
1L-settling column in unstirred SVI test (White 1976). In the attempt of resolving the issue of poor
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settling sludge’s, White (1975) advised the use of a standard sludge concentration (X) of 3.5g/L
thus re-defining it as SSVI3.5 against the previous expression of SSVI to achieve a slow stirring
regime in the settling column.
Further research by Ekama and Marias (1986) was analysed along with that of other researchers
(Rachwall et al. 1982; White 1975; Koopman and Cadee 1983) and came up with the findings
that Pitman’s empirical expression in Equation 1.2 resulted in a good description for all and that
a relationship exists between

V0
K

and k. This was expressed as in Equation 4.4:

K = 0.88 − 0.393 × log (v0 × k)

(4.4)

Where,
K, k and v0 = Sludge settleability constants.
However, since the value of k is known then the value of v0 can be computed as follows using
Equations (4.3 and 4.4).
v
K

V0 = ( 0 ) × k

(4.5)

However, it is challenging to investigate settling behaviour of activated sludge at low
concentrations specifically below 1kg/m³ due to the limit of measurement and because there is
no interaction with the sludge particles and settling velocity will be a function of individual floc
properties and also, since no clear relationship with the concentration of the activated sludge
particle exists at low sludge concentration. This challenge was resolved by other researchers by
utilising Vesilind functions in different ways to determine the settling process at low concentration
namely; modelling directly the functions (Takacs et al. 1991; Dupont and Dahl 1995) and defining
particles with different velocities (Dupont and Henze, 1992; Lyn et al. 1992; Otterpohl and Freund
1992 and Mazzolani et al. 1998). Previous studies also reported the investigation of their own
data from unit processes in South Africa (Smollen and Ekama 1984 ) and numerous activated
sludge processes (Pitman 1980, 1984; Tuntoolavest and Grady 1980; Rachwall et al. 1982) and
concluded that Vesilind’s equation gave a better description of the actual settling performance of
activated sludge. Following a further result from research conducted by Catunda et al. (1989);
Catunda and Van-Haandel (1992), rearranging Equations 4.3 to 4.5 will make it possible to
express K and Vo as a function of SSVI which can be expressed as follows:
k = 0.16 + 2.7 × 10−3 × SSVI

(4.6)

v0 = (10.9 + 0.18 × SSVI) × e(−0.016×SSVI)

(4.7)

Where,
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SSVI= Stirred sludge volume index mL/g
The empirical coefficient v0 and k are obtained by performing ZSV test over a range of mixed
liquor suspended solids (MLSS) concentration for sludge samples. Upon substituting Equations
4.6 and 4.7 into Equation 4.3, Equation 4.8 is obtained;
v0 = (11.2 − 0.06 × SSVI)

(4.8)

It can be concluded that Catunda et al. (1989); Catunda and Van –Haandel (1992) findings agree
with the earlier mentioned researchers’ view and that Equations 4.6-4.7 and Equation 4.8 can be
utilised to compute the constants k and v0 directly from the SSVI values without conducting a ZSV
test. Therefore, Vesilind equation has been adopted as the foundation for describing activated
sludge settling in an FST. In an earlier study by Ojo and Ifelebuegu (2018), the batch settling test
measurements of [zone settling curve (ZSC)] of ZSV reveals ZSV as a linear representation
(Figure 4.2d) of sludge height as a function of time (m/h) for 100mg/L Al3+ dosed sludge. Also,
the results as previously reported Ojo and Ifelebuegu (2018), showed that the ZSV increased,
while SSVI decreased with increasing concentrations of Al3+ salt up to <100mg/L. Beyond this
concentration the sludge settleability disintegrated due mainly to surface charge reversal. Within
the full range of concentrations of Al3+ used (0 to 150mg/L), a non-linear representation of ZSV
and SSVI as a function of Al3+ dosing concentrations were observed as presented in Figures 4.3
(Phase 3 result-LOF D3) and 4.4 (Phase 3 result-LOF G3). This provided a basis for the
modification of the conventional empirical model of ZSV (Equation (1.1)) to include a new Al3+
dosing parameter. It further demonstrated that Al3+ dosing concentrations had a non-linear
correlation with ZSV and SSVI.
y = 3E-13x6 - 2E-10x5 + 7E-08x4 - 9E-06x3
+ 0.0004x2 - 0.0007x + 1.6
R² = 1

2.1
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Figure 4.3. The Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (error bars represent standard
deviation of the mean)
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Figure 4.4. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent
standard deviation of the mean)
The conventional empirical model for sedimentation in FSTs expressed as a function of solid
concentration, termed Vesilind equation is illustrated in Equation 1.1. The empirical coefficient v0
and k are obtained by performing ZSV test over a range of mixed liquor suspended solids (MLSS)
concentration for both un-dosed and Al3+ dosed sludge as mentioned earlier and applying linear
regression to the linearised form of the Vesilind equation to obtain a new expression in Equation
4.9.
ln ZSV = −kX + ln v0

(4.9)

The plot of natural log of ZSV (m/h) against un-dosed and Al3+ dosing concentration for the
average data from the various batch test (Table 4.1) is shown in Figure 4.5. The negative of the
gradient of each linear regression for the batch test is the Vesilind k value while the intercept is
the Vesilind v0 parameter. However, because we are modelling an Al3+ dosed sludge, then
Vesilind v0 and k expression becomes re-defined as ZSV0 and K d for Al3+ dosed sludge in Equation
4.9. There is a relationship between Al3+ dosing concentration and ZSV which was not accounted
for in the conventional Vesilind model in Equation 1.1. To express this, it was achieved by the
transformation of data in the Vesilind exponential relationship and back tracking to calculate the
values of the Vesilind exponential constant parameter. Therefore, the ZSV was plotted against
the Al3+ dosing concentration up to 150mg/L on a natural log to a linear scale (Figure 4.5).
Nevertheless, it was noticed from Figure 4.5, that the relationship between Al3+ dose
concentrations and the activated sludge settleability can be accurately described for up to 50mg/L
dose concentration (Figure 4.6) and the gradient and intercept accounted for the Vesilind
coefficients for Al3+(K d = −0.0045 and ZSV0 = 1.576 m/h). It can be inferred that the
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calculated ZSV0 and K d parameter for Al3+ dosed sludge from the graph of ln ZSV against Al3+
concentrations is a function of the dosing concentrations up to 50mg/L.

Figure 4.5. Natural log of ZSV against Aluminium Dosing (mg/L) ( up to 150mg/L) (the
error bars represent the standard deviation of the mean).

Figure 4.6. Natural log of ZSV against Aluminium Dosing (mg/L) (up to 50mg/L) (the
error bars represent the standard deviation of the mean).
The natural logarithm of SSVI was plotted against the Al3+ dosing concentration up to
150mg/L (Figure 4.7). However, a linear correlation exist up to 50mg/L (Figure 4.8) and
the gradient and intercept of the curves accounted for the coefficient for Al3+ (gradient =
0.0072 and intercept = 64.78 mL/g).
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Figure 4.7. ln (SSVI) against Aluminium Dosing (mg/L) (up to 150mg/L) (the error bars represent
the standard deviation of the mean).

Figure 4.8. ln (SSVI) against Aluminium Dosing (mg/L) (up to 50mg/L) (the error bars represent
the standard deviation of the mean)

4.2.5 New Model Calibration to Include Aluminium Dosing Parameter
The simulation and control of settling in final settling tanks (FST) in wastewater treatment depends
on calibrated models (Bürger et al. 2018). Model validation helps to evaluate whether or not the
proposed new mathematical model describes properly the settling characteristics of Al3+ sludge.
The approach is to check whether the new model fits the experimental batch test results. The
exponential form of the Vesilind equation (Equation 1.1) can be optimised to include chemical
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dosing parameter by investigating a new model equation for settling velocity. The investigated
ZSV0 and K d parameter for Al3+ dosed sludge from the graph of In (ZSV) and In (SSVI) against
Al3+ dosing concentration (mg/L) shows linearised correlation between ZSV and SSVI with Al3+
dosing concentrations (Figures 4.6 and 4.8). The new empirical model for settling velocity for an
Al3+ dosed activated sludge can take the form of a decay equation (A = A0 e−λt) (Equation 4.10)
that obeys the exponential law of decay
A = A0 e−λt

(4.10)

Where,
A = Activity (the number of unstable nuclei remaining), Bq
A0 = Original number of unstable nuclei, Bq
e = Constant = 2.718
λ = Decay constant, s −1
t =time, s
The new equation in Equation 4.11 shows the inclusion of a new aluminium dosing concentration
(mg/L) (DC )Al protocol that follows the decay equation.
ZSVAl = ((C0 )Al (DC )Al + (ZSV0 )Al )e−((Kd)Al −(CK)Al (DC)Al )XAl

(4.11)

Where,
ZSVAl = Actual settling velocity (m/h) Al3+ dosed sludge
(ZSV0 )Al = Maximum settling velocity (m/h) for Al3+ dosed sludge
(K d )Al = Empirical Al3+ dosed sludge settling parameter relating to sludge compaction
(C0 )Al = Empirical Al3+ dosing constant related to stokes settling velocity
(CK )Al = Empirical Al3+ dosing constant related sludge compaction
(DC )Al = Al3+ dosing concentration (mg/L)
X Al = Al3+ dosed MLSS concentration (mg/L)
Equation 4.11 obeys the exponential law of decay and both the additive and the multiplicative rule
of exponentials. The empirical coefficients in Equation 4.11 ((ZSV0 ) Al and (K d ) Al are typically
determined by performing zone settling velocity (ZSV) batch tests over a range of aluminium
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dosing concentrations (0, 10, 20, 30, 40, 50, 100, 150mg/L) and applying regression analysis and
linear approximation to Equation 4.11 by taking the natural log.
For a better understanding of the new empirical heuristic expression for settling velocity for a
dosed activated sludge, the comparison of terms in the new Al3+ dosed sludge expression
(Equation 4.11) and conventional decay equation becomes vital. The version of terms in Equation
4.10 compared with Equation (4.11) is as follows; Ao = ((C0 )Al (DC )Al + (ZSV0 )Al ) , λ = ((K d )Al −
(CK )Al (DC )Al ) and t=X Al . This shows below that applying the additive rule with e as a common
factor in Equation 4.11, then Equation 4.12 can be expressed as:
((C0 )Al (DC )Al 𝑒 + (𝑍𝑆𝑉0 ) 𝐴𝑙 𝑒) = ((C0 )Al (DC )Al + (𝑍𝑆𝑉0 ) 𝐴𝑙 )𝑒

(4.12)

On the other hand, applying the multiplicative rule with X Al as a common factor in Equation (4.11),
the expression in Equation 4.13 is obtained
−((K d )Al − (CK )Al (DC )Al )XAl = e−(Kd)Al XAl × e−(CK )Al (DC )Al XAl

(4.13)

The constants (ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al , helps in shifting the ZSV model to predict the
observed values in aluminium dosed sludge. However, the experimentally estimated ZSV data
have been universally used for regulating settling models in the wastewater industry (Vesilind
1968; ZSV = v0 𝑒 −𝑘𝑋 ). Since it is equally common practice to deduce the Vesilind empirical
constants (v0 and k) through conducting batch laboratory ZSV test over a range of concentrations
and applying linear regression evaluation to a linearized form of Vesilind’s equation (ln V =
−kX + ln v0 ), it becomes paramount to apply the same principle to the new Al3+ dosed activated
sludge model.
We can consider defining 𝐹1 and 𝐹2 from Equation 4.11 as follows: F1 = ((ZSV0 ) Al × (DC )Al )
and F2 = ((K d )Al ) − ((CK )Al (DC )Al ) as two functions of ZSV and this gives Equation 4.14.
ZSVAl = F1 e−F2

XAl

(4.14)

As earlier mentioned that there exists an exponential relationship between the ZSV and
aluminium dosing (Figures 4.6) but because the relationship is a non-linear relationship,
calculating the value of the new empirical coefficient(ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al of
aluminium dosed activated sludge model can be evaluated by linearising Equation (4.11) to
become (4.15). Therefore, the linear approximation (Equation 4.15) was obtained by taking the
natural log of Equation 4.11 which can be expressed as:
ln (ZSVAl ) = ln ((C0 )Al (DC )Al + (ZSV0 ) Al ) − ((K d )Al − (CK )Al (DC )Al )XAl

(4.15)
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The Equation (4.15) also follows the equation of a straight line (Y = MX + C), M = Slope while C
= Intercept and hence Equation 4.15 can be modified as Equation 4.16 by re-defining ln (ZSVAl ) =
Z; (ln((C0 )Al (DC )Al + (ZSV0 ) Al ) = P and ((K d )Al − (CK )Al (DC )Al ) = 𝑄 respectively.
Z=P−QX

(4.16)

The transformation of Equations 4.11 to 4.15 allowed establishing a linear relationship between
Z and X (Equation 4.16) and not between ZSV and X since it is already an exponential model.
This transformation allows back tracking the constant of the new model for Al 3+ dosed sludge
(ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al to predict the ZSV experimental data. Therefore, once a
linear relationship is established between Z and X (Z = P − QX), the value of the Al3+ dosed
settleability

constants (ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al can

be

evaluated

and

the

experimental value of ZSV and dosing concentrations (DC )Al without performing a ZSV batch
experiment. A new expression (4.17 and 4.18) was obtained from Equation 4.16 for calculating
the

value

of

(DC )Al

as

it

relates

to

aluminium

when

the

four

constants

(ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al for aluminium dosed sludge are known.
(DC )Al =

eP −(ZSV0 )Al
(C0 )Al

(4.17)

(DC )Al =

Q + (Kd )Al
(CK )Al

(4.18)

The results of the regression analysis using Equation 4.15 showed that the coefficient of
determination (R2) was close to 1 (Figure 4.3). This suggests that the exponential function in
Equation (4.11) was suitable to model the Al3+ dosed activated sludge settleability process (ZSVAl ).
However, the SSVI expression for Al3+ dosed activated sludge can be derived from the new
empirical Al3+ dosed activated sludge model for settling velocity in Equation (4.11). The k and v0
parameter calculated from the expression in Catunda et al. (1989) in Equations (4.6) and (4.7)
becomes re-written as (ZSV0 )Al and (K d )Al parameter for Al3+ dosed sludge computed in
Equations 4.19 and 4.20.
(K d )Al = 0.16 + 2.7 × 10−3 × SSVIAl

(4.19)

(ZSV0 )Al = (10.9 + 0.18 × SSVIAl ) × e(−0.016×SSVIAl )

(4.20)

Where,
(K d )Al = Empirical aluminium dosed activated sludge settling parameter related to sludge
compaction (L/g)
(ZSV0 )Al = Maximum settling velocity for Al3+ dosed activated sludge related to stokes settling
velocity (m/h)
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SSVIAl = Stirred sludge volume index (mL/g) Al3+ dosed sludge
In deriving a new expression for Al3+ dosed SSVI, Equations 4.19 and 4.20, was compared with
the existing Pitman (1980) and White (1975) expression in Equation 1.2 and the Equation 1.2
v

( k0 = 68e(−0.016×SSVI) ) can be re-written in the form of (ZSV0 )Al and (K d )Al parameter as:
(ZSV0 )Al = 68(K d )Al e(−0.016SSVIAl )

(4.21)

The new SSVI expression (Equation 4.22) was obtained by substituting Equations 4.19–4.21into
Equation 4.11. Therefore, the new SSVI expression for aluminium dosed activated sludge
(Equation 4.22) was derived from substituting the compared (K d )Al and (ZSV0 )Al parameter
calculated from the redefined expression in Catunda et al. (1989) with the Pitman (1980) and
v0
k

White (1975) expression in Equation 1.2 {

= 68e(−0.016×SSVI) } and substituting into the new

aluminium dosed activated sludge model for settling velocity in Equation 4.11.

SSVIAl (mL/g) = −ln [

( 68((K

ZSVAl

d )Al XAl )+((CK )Al (DC )Al XAl )

(C0 )Al (DC )Al
)
68(Kd )Al ⁄

)−(

0.016]

(4.22)

The results of regression analysis for the impact of Al3+ dosing on SSVI using the experimental
data in the batch test conducted showed that the coefficient of determination (R2) was close to 1
(0.986) (Figure 4.6). This suggests that the linearized expression in Equation 4.22 was suitable
to model the impact of Al3+ dosing on activated sludge settleability (SSVI) process.

4.2.6 Validation of Novel Model for Impact of Aluminium Dosing on ZSV and SSVI
4.2.6.1 Novel ZSV Model
The heuristic expression used for the derivation of the new model for Al3+ dosed sludge expressed
in Equation 4.11 (ZSVAl = ((C0 )Al (DC )Al + (ZSV0 )Al )e−((Kd)Al −(CK)Al (DC)Al )XAl ) and its linear
approximation, (ln (ZSVAl ) = ln ((C0 )Al (DC )Al + (ZSV0 ) Al ) − ((K d )Al − (CK )Al (DC )Al )XAl ). The
experimental data of five batch settling velocity test can be classified into two groups. The first
group (Figure 4.2d, Figures 4.3-4.8) were used to develop the model while the second group
(Tables 4.2 and 4.3 and Figures 4.9 and 4.10) are used to validate the model. The model was
validated using two approach namely; Solver optimization tool and Minitab 17. Although, the batch
settling test measurements revealed ZSV as a linear representation (sludge height as a function
of time) (Figure 4.2d), but on the contrary a non-linear representation was observed in Figures
4.3 and 4.4 showing ZSV and SSVI as a function of Al3+ dosing concentration. The transformation
of the data of the parameter in the conventional Vesilind equation further allows the inclusion of
a new Al3+ dosing parameter (DC ) in the existing Pitman (1980) and White (1975) model in
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Equation (1.2) and Catunda et al. (1989) in Equations (4.6) and (4.7) which are both in agreement
with the Vesilind (1968) expression.
The Solver optimisation tool and Minitab 17 were utilised to fit non-linear model data to actual
experimental data through non-linear fitting method (Tables 4.2 and 4.3). Table 4.2 and Figures
4.9 and 4.10 shows a comparison of the experimental and predicted zone settling velocities using
Equation 4.11. It was observed that the validation results were good enough and valid for
aluminium concentration ranging from (0, 10, 20, 30, 40, 50, and 100mg/L). A regression model
will exhibit a lack of fit when it fails to adequately describe the functional relationship between the
experimental factors and the response variable. The lack of fit test in Minitab indicates that there
is no evidence that the model does not fit the data well because the P value was greater than the
significance level (P Value > α) 0.675 > 0.05 (Table 4.2 and Figures 4.9 and 4.10). This means
an α of 0.05 shows that the chance of concluding that the model does not fit the experimental
data when it does is only 5 per cent. The 95% confidence interval (CI) values for the estimated
values of parameter ((ZSV0 )Al ; (K d )Al ; (C0 )Al and (CK )Al ) was significantly different from zero
and F-value was greater than 0.05 (F30,6 = 0.82, P = 0.675) which depicts a good fit. The nonlinear fitting, interval plot, residual plot, and probability plot (Figure 4.8) further establishes the
validity of the model using Minitab 17.

Table 4.2: Model Validation Minitab 17and Solver Optimisation Tool Result (Aluminium)
Parameters
Estimated values
ZSV0
1.377
C0
0.026
Kd
-0.02
CK
-0.0023
𝛼
0.05
2
𝑅
0.993
CI
95%
SSD
0.334
DF
36
SS
1.14664
MS
0.01559
F
0.82
P-value
0.675
Lack of fit test
30
DF-degree of freedom, SS-sum of squares, MS-mean square, R²-R Squared, α-significance
level, CI-Confidence Interval, F- Fstatistics
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Figure 4.9. Non-linear fitting, interval plot, residual plot, and probability plot
The probability plot creates estimated cumulative distribution function from sample data by
plotting the value of each observation against its estimated cumulative probability and a scale
transformation allows the fitted distribution to form a straight line. A good distribution fit is one
where the observations are near the fitted line. The data in Figure 4.9 are near the fitted line
hence it indicates a good distribution fit between model and experimental data. The residual
shows how far is the model data from the experimental data and the residual plot in Figure 4.9
shows a good fit. The coefficient of determination (R2) was 0.993 in Table 4.2, shows that the
difference between the observed experimental value and the model predicted values are small
and unbiased. The interval plot (Figure 4.9) shows that at 95% CI, the mean value of ZSV model
and experimental is significant as the 95% confidence interval bar does not overlap.
The solver optimisation tool allows the solver parameter to be set for the target objective of a
reduced sum of square deviation (SSD) value so that the model fits the experimental data. In
Table 4.3 and Figure 4.10, a significant SSD value of 0.334 was reported and it indicated the ZSV
model fits the actual ZSV value.
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Table 4.3- ZSV experimental and ZSV model comparison using Solver optimisation and Minitab
17 for undosed and Aluminium dosed sludge (Sample number (N) =40; 2014-2017)
MLSS

ZSV

ZSV Model

Al-Dosing

Standard

Squared

Squared

Residual

ZSV

Residual
(g/l)

(m/h)

(m/h)

(mg/L)

deviation

2.50

0.47

0.37

0.00

9.77 × 10−3

1.74 × 10−1

3.02 × 10−2

0.22

2.76

0.53

0.48

10.00

2.15 × 10−3

7.95 × 10−2

6.32 × 10−3

0.28

2.85

0.59

0.56

20.00

6.88 × 10−4

3.13 × 10−2

9.82 × 10−4

0.35

2.94

0.62

0.62

30.00

2.00 × 10−6

1.98 × 10−2

3.91 × 10−4

0.38

3.04

0.67

0.66

40.00

1.04 × 10−4

4.41 × 10−2

1.95 × 10−3

0.45

3.15

0.71

0.68

50.00

8.20 × 10−4

4.36 × 10−2

1.90 × 10−3

0.50

3.30

0.62

0.68

100.00

4.08 × 10−3

−1.09 × 10−1

1.20 × 10−2

0.38

3.50

0.56

0.52

150.00

1.25 × 10−3

1.28 × 10−1

1.63 × 10−3

0.31

2.84

0.41

0.38

0.00

1.02 × 10−3

5.77 × 10−2

3.33 × 10−3

0.17

2.90

0.46

0.48

10.00

5.43 × 10−4

−4.23 × 10−2

1.79 × 10−3

0.21

2.96

0.52

0.56

20.00

1.68 × 10−3

−6.53 × 10−2

4.26 × 10−3

0.27

3.00

0.56

0.62

30.00

3.42 × 10−3

−1.25 × 10−1

1.57 × 10−2

0.31

3.10

0.62

0.66

40.00

1.26 × 10−3

−8.79 × 10−2

7.73 × 10−3

0.38

3.11

0.67

0.69

50.00

2.28 × 10−4

−7.38 × 10−2

5.45 × 10−3

0.45

3.30

0.55

0.68

100.00

1.79 × 10−2

−2.29 × 10−1

5.26 × 10−2

0.30

3.50

0.51

0.52

150.00

2.15 × 10−4

4.75 × 10−2

2.26 × 10−3

0.26

2.50

0.47

0.37

0.00

9.78 × 10−3

1.74 × 10−1

3.02 × 10−2

0.22

2.60

0.50

0.48

10.00

2.55 × 10−4

3.16 × 10−2

9.97 × 10−4

0.25

2.65

0.53

0.57

20.00

1.51 × 10−3

−7.48 × 10−2

5.60 × 10−3

0.28

2.70

0.57

0.63

30.00

3.95 × 10−3

−1.30 × 10−1

1.68 × 10−2

0.32

2.73

0.60

0.68

40.00

6.68 × 10−3

−1.77 × 10−1

3.15 × 10−2

0.36

2.80

0.64

0.71

50.00

5.50 × 10−3

−1.62 × 10−1

2.64 × 10−2

0.41

2.90

0.59

0.77

100.00

3.13 × 10−2

−3.39 × 10−1

1.15 × 10−1

0.35

3.10

0.47

0.65

150.00

3.36 × 10−2

−2.51 × 10−1

6.32 × 10−2

0.22

2.20

0.36

0.37

0.00

2.50 × 10−5

1.79 × 10−2

3.22 × 10−4

0.13

2.50

0.48

0.48

10.00

1.80 × 10−5

−7.15 × 10−3

5.10 × 10−5

0.23
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2.65

0.60

0.57

20.00

9.72 × 10−4

−1.48 × 10−2

2.19 × 10−4

0.36

2.73

0.71

0.63

30.00

6.17 × 10−3

1.33 × 10−1

1.77 × 10−2

0.50

2.74

0.83

0.68

40.00

2.22 × 10−2

3.04 × 10−1

9.24 × 10−2

0.69

2.80

0.96

0.71

50.00

6.05 × 10−2

5.38 × 10−1

2,89 × 10−1

0.92

3.00

0.88

0.75

100.00

1.79 × 10−2

3.07 × 10−1

9.45 × 10−2

0.77

3.25

0.74

0.61

150.00

1.82 × 10−2

3.42 × 10−1

1.17 × 10−1

0.55

2.40

0.26

0.37

0.00

1.19 × 10−2

−1.21 × 10−1

1.48 × 10−2

0.07

2.50

0.36

0.48

10.00

1.54 × 10−2

−2.17 × 10−1

4.72 × 10−2

0.13

2.55

0.47

0.57

20.00

1.03 × 10−2

−1.78 × 10−1

3.16 × 10−2

0.22

2.62

0.57

0.64

30.00

4.45 × 10−3

−1.46 × 10−1

2.13 × 10−2

0.32

2.68

0.68

0.69

40.00

2.80 × 10−5

−4.22 × 10−3

1.80 × 10−5

0.46

2.75

0.78

0.72

50.00

3.75 × 10−3

2.79 × 10−2

7.78 × 10−4

0.61

2.94

0.91

0.76

100.00

2.29 × 10−2

3.80 × 10−1

1.44 × 10−1

0.83

3.15

0.68

0.64

150.00

1.83 × 10−3

−3.20 × 10−1

1.02 × 10−1

0.46

2.40

3.00
2.80
2.60

2.00

2.40
2.20

1.80
2.00
1.60

1.80
1.60

1.40

ZSV Model (m/h)

ZSV Experimental (m/h)

2.20

Impact of ZSV
Experimental
on Dosing

Impact of ZSV
Model on
Dosing

1.40
1.20

0
30
100
10
40
150
20
50
0
30
100
10
40
150

1.20

Aluminium Dosing Concentration (mg/l)

Figure 4.10. Non-linear curve fitting of impact of aluminium on ZSV (the bars represent
standard deviation of the mean)
ZSVAl = ((0.026 (DC )Al + 1.377)e−0.020+0.0023(DC )Al XAl )

(4.23)
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The values of (C0 )Al ; (ZSV0 )Al ; (K d )Al and (CK )Al (Table 4.2) used to validate the numerical
model in Equation 4.23 are the same at different dosing concentration (0, 10, 20, 30, 40, 50, and
100mg/L) and approximate to 0.026, 1.377, −0.020, and −0.0023 respectively. Therefore, the new
ZSV model for aluminium dosed sludge are expressed as Equation 4.23.

4.2.7 Summary and Perspectives
The results of this work demonstrated that the proposed models developed (Ojo and Ifelebuegu
2019a) as an update of existing models based on conventional activated sludges, can be explicitly
used in activated sludge plants to predict the impact of Al3+dosing concentrations on the
settleability of activated sludge. The ZSV and SSVI model equations will find applications in the
design and optimisation of FSTs for the solids separation of Al3+ dosed activated sludge plants.
They are valid for Al3+concentrations in the range of 0 to 100mg/L. High surface charges
associated with higher concentrations of Al3+, causes a general disintegration of the activated
sludge floc structure as previously reported (Ojo and Ifelebuegu 2018). This will result to the Al3+
dosed sludge not fitting the proposed equation at concentrations higher than the stated range.

4.2.8 Conclusions
A novel activated sludge settleability model was designed to analyse the effects of Al3+ dosing
concentrations on activated sludge settleability indicators; zone settling velocity (ZSV) and stirred
specific volume index (SSVI) using linear transformation of polynomials and exponential functions
to achieve replication of a non-linear correlation between the Al3+ dosing concentrations and
settleability indicators (ZSV and SSVI). The new empirical model that describes the relationship
between Al3+ dosing concentrations and the ZSV and SSVI were further validated using non-linear
parameterization. The results showed that the settleability indicators of Al3+ dosed sludges can
be described by the proposed equations which showed a good fit to the experimental data within
a dose range of between 0 to <100 mg/L of Al3+. The new model equations will find application in
the water industry for the modelling and optimization of Al3+ dosed activated plants.
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Chapter Five
The Impact of Ferric Dosing on Activated Sludge Settleability
5.0 The Research Objectives and Activated Sludge Settleability
The Literature review in chapter two has provided information that chemical coagulant ferric (Fe3+)
could optimise activated sludge settleability. However, there is limited information from previous
studies on investigating the impact of ferric on activated sludge settleability. Therefore, one of the
broad objectives of this study is to evaluate the impact of chemical dosing (Fe3+) on activated
sludge settleability. Four of the research objectives has been stated earlier in section 4.0 (Chapter
Four) and section 1.3 (Chapter One). The ZSV and SSVI is measured as an indicator of activated
sludge settleability.

5.1 The Impact of Ferric (Fe) Dosing on Activated Sludge Settleability
5.1.1 Introduction
As earlier mentioned in section 4.1.1 , there exist increasingly tighter requirements for effluent
quality particulary nutrients (phosphates and nitrates) and the activated sludge process (ASP)
have has replaced old biofilters to help meet < 1mg/L phosphorus consents (Ojo and Ifelebuegu
2016). Ferric salts are among the most widely used chemical for the chemical precipitation of
phosphorus (Haandel and Lubbe 2012). To achieve effluent phosphorus removal in ASPs,
chemical phosphorus removal with ferric salts is predominantly used (Ojo and Ifelebuegu 2016).
Ferric salts have merit over other coagulants such as aluminium and calcium used in phosphorus
removal and are effective in the removal of phosphorus (P) from wastewater and also are a lowcost product (Luo et al. 2017; Kelly and He 2014). The most obvious impact of ferric salt on
wastewater treatment plant (WWTP) is the hydrolysis reactions of the ferric salts during P-removal
process (Wang et al. 2016a,b) and the potential surface charge neutralisation of negatively
charged colloids by cationic hydrolysis products (Duan and Gregory 2003; Liu et al. 2010). The
presence of a high concentration of iron resulting from the CPR process alters the overall sludge
characteristics and likely to impact the activated sludge settleability. As mentioned earlier in 4.1.1,
that the overall activated sludge floc structure is negatively charged due to the physical and
chemical interactions between floc bacteria, EPS and multivalent cations like aluminium and ferric
has a great effect on sludge settleability (Urbain et al. 1993). This explains why ferric salts (Fe)
have the potential to be strongly immersed by the surface of sludge flocs just as aluminium since
it produces positively charged metal hydroxides which account for the charge neutralisation
process and charge reversal during periods of ferric overdosing rate. Previous studies have also
revealed that since the activated sludge flocs are embedded in the EPS structure (Biggs and Lant
2000; Jin et al. 2003; Wilén et al. 2003) and the amount of EPS extractable from the activated
sludge is positively related to stirred sludge volume index (SSVI). The EPS also impacts activated
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sludge settling processes due to the ability of its internal layer to tightly bound and adhere closely
with strong stability to the cellular surface (Laspidou and Rittmann 2002; Sheng et al. 2010).

In section 4.1.1, it was stressed that FSTs are important component in the design and operation
of activated sludge plants. This makes investigation of zone settling velocity ZSV of great need in
designing and modelling activated sludge process. The mentioned settling categories have
already been explained in review by Ekama et al. 1997 (free, flocculent, zone and compression
settling) in section 4.1.1. The modelling of activated sludge settleability to date is based on Pitman
(1980) and White (1975) settleability model and this has been covered in section 4.1.1. The model
was developed based on the settling characteristics of conventional sludge. However, with high
ferric salt dosage required for the precipitation of phosphates today, the overall behaviour of
sludge is different from the conventional sludges on which the Pitman and White model was
based. Therefore, there is a need to develop a new model that describes the settling properties
of ferric dosed sludge. The proposed new model equation describing the extra weight of ferric
dosing in ASP will address the restriction of Pitman (1980) and White(1975) model for
conventional activated sludge. The purpose of current study is firstly to evaluate the impact of
ferric dosing on activated sludge settleability focusing on zone settling velocities (ZSV) and stirred
sludge volume index (SSVI), investigate the impact of ferric on activated sludge settling curve and
to develop a new model of settleability of ferric dosed activated sludge.

5.2 Result and Discussion
The results obtained from the research investigation on the impact of ferric on activated sludge
settleability was presented based on the four categories namely; effects of ferric dosing on
activated sludge morphology (5.2.1), effects of ferric dosing on ZSV and SSVI (5.2.2), data afor
ferric dosed sludge (5.2.3), model development and model validity for ferric dosed sludge (5.2.4),
new model calibration to include ferric dosing parameters (5.2.5), validation of new model for
impact of ferric dosing on ZSV and SSVI (5.2.6) and conclusion and practical relevance (5.2.7).

5.2.1 Effects of Ferric Dosing on Activated Sludge Morphology
The microscopic evalaution of sludge flocs for control sample (0mg/L) and ferric dosed (50,100
and 150mg/L) in SEM followed the same pattern and explanation as observed in control sample
and aluminium treated sample in chapter four (Figure 4.1a-e). As can be seen in Figure 5.1a,
interfloc bridging, open floc formation and spindly bulking also occurred while for ferric treated
sample (50mg/L) in Figure 5.1b, some decrease in sludge porosity, interfloc bridging and
improved sludge compaction was observed. Furthermore, with increasing dosing concentration
of 100mg/L and 150mg/L, the sludge compaction became bettter in Figure 5.1c (100mg/L) and
Figure 5.1d (150mg/L) compared to Figure 5.1b (50mg/L). This is an indication that the sludge
floc with better compactibility will enhance activated sludge settleability and produce the best
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effluent quality as reported in Ojo and Ifelebuegu (2019c). This equally agrees with findings of
Luo et al. (2013); Agridiotis et al. (2007); Gerardi (2002); Eikelboom (2000); Richard (2003) and
Chambers and Tomlinson (1982) on sludge bio-flocculation and improvements in sludge
settleability.

Figure 5.1a. SEM of floc (Control 0mg/L)

Figure 5.1b. SEM of floc (Fe-Dosed 50mg/L)

Figure 5.1c. SEM floc (Fe-Dosed 100mg/L)

Figure 5.1d. SEM floc, (Fe-Dosed 150mg/L)
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Besides, wet samples were dosed with 50mg/L ferric and investigation was conducted and
comparison was made between the un-dosed wet sludge sample and 50mg/L ferric dosed sludge
using a light microscope. It was observed in the control sample (0mg/L) that the filament extended
into the bulk solution before treatment with ferric (Figure 5.1e) but when treated with addition of
ferric (50mg/L), the length of the filament was reduced to smaller length (Figure 5.1f) and this
agreed with result of Agridiotis et al. (2006) (Figure 5.1g-h). This is an indication that ferric dosed
sludge has the capacity to impact the length of the filament in filamentous organism present in
activated sludge (Figure 5.1g) and reducing them to smaller filaments that may be washed away
in the settling column (Figure 5.1h).

Figure 5.1e. Control 0mg/L on a wet basis

Figure 5.1f. Ferric dosed (50mg/L wet basis)

Figure 5.1g. Control 0mg/L on a wet basis
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Figure 5.1h. Ferric dosed 30mg/L (wet basis)

5.2.2 Effects of Ferric dosing on ZSV and SSVI
The ZSV were investigated over range of un-dosed and ferric (Fe3+) dosed activated sludge
concentrations (0, 20, 50,100 and 150mg/L) for three batch test experiments (LOT- C and LOFB) and the results from a representative ZSV test for ferric dosed sludge (Phase1) are shown in
Figure 5.1 a-e (ZS = zone settling, TS = transition settling, CS = compression settling) and the
ZSVs were obtained from the slope of the linear graph.

Figure 5.2a. ZSC for Un-dosed sludge (error bars represent the standard deviation of the mean)

Figure 5.2b. ZSC for 20mg/L ferric dosed sludge (error bars represent the standard deviation of
the mean)
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Figure 5.2c. ZSC for 50mg/L ferric dosed sludge (error bars represent the standard deviation of
the mean)

Figure 5.2d. ZSC for 100mg/L ferric dosed sludge (error bars represent the standard deviation of
the mean)

Figure 5.2e. ZSC for 150mg/L ferric dosed sludge (error bars represent the standard deviation of
the mean)
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The results from the typical ZSV test for ferric dosed sludge (Figure 5.2 a-e) shows that
approximately 50% of the initial sludge volume within the sludge depth of the settlometer settled
after 5 to 10 minutes for both the control and ferric treated sludge. The same pattern was observed
with control and aluminium treated sludge in chapter Four. It was observed from zone settling
curve (ZSC) that at first the activated sludge settleability was quicker due to an uninterrupted free
settling within the settling column. On the other hand, after the first 10 mins of settling the change
in the sludge height with time (ZSV) began to drop. This is in agreement with the observation in
previous work (Vesilind 1968), the reason can be attributed to the individual sludge particles
slowing down their individual settling velocities and because of the sludge floc to floc collaboration
based on their close proximity. Consequently, within the zone settling regime, the observed
bioaggregation of sludge flocs tends to settle as a zone of sludge blanket. This explains the
decrease in the settling velocity (Tchobanoglous and Burton 1991). Furthermore, as the settling
velocity began to approach the zero axes, there was observed dehydration of water from the
sludge floc pore spaces and this was attributed to the compressive forces acting on the sludge
flocs since the sludge floc has entered a compression settling regime. The linear portion of the
ZSCs (Figure 5.2a-e) represents the settling velocity of the sludge flocs and it was further
explained in previous work (Vanderhasselt and Vanrolleghem 2000) that there is a relationship
between the sludge concentration and settling velocity. It was affirmed that a rise in the sludge
concentration will result in a lower settling velocity due to greater resistance to water flow as the
sludge passes through the settling sludge column. The results of the impact of ferric dosing on
activated sludge settleability index (ZSV and SSVI) are summarised in Table 5.1. It was observed
that the ZSV values increased at the beginning with increasing concentration of ferric dose (10,
20, 30, 40 and 50mg/L) and started to decrease after 100mg/L dose concentration (100 and
150mg/L). A reversed trend is observed for the SSVI, which decreased with increasing dose of
ferric up to 50mg/L dose rate. At 100mg/L dose rate the SSVI had started to increase. A smaller
SSVI value represented a faster settling rate of activated sludge and vice versa. This follows the
same pattern with the result obtained for aluminium dosed sludge in Chapter Four (section 4.2.2).
The enhancement observed in the activated sludge settleability with a decreasing SSVI and
increasing ZSV between ferric dosage rates (10 and 50mg/L) (Table 5.1) can be ascribed to
surface charge chemistry of the activated sludge (Liu et al. 2010; Martins et al. 2011). It was
reported that filament content in activated sludge causes sludge bulking (Urbain et al.1993) but,
it was added that charge neutralisation of negatively charged colloids by cationic hydrolysis
products also affects the sludge settleability (Wilfert et al. 2015). The further relationship has also
been observed between floc bacteria, extracellular polymeric substances (ECPS) and multivalent
cations.
Nevertheless, the hypothesis was made that ferric dosed salts have the capacity to be sturdily
absorbed by the surface of sludge flocs because of the released positively charged metal
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hydroxides which explain the charge neutralisation process and charge reversal during periods
of ferric overdosing (De Haas et al. 2000a). In the current study, the observed characteristics of
the SSVI that first reduced at a dose rate of (10 and 50mg/L) and then began to rise at 100mg/L
dose concentration (100 to 150mg/L) may be linked to charge reversal as a result of overdosed
ferric coagulant. Equations 5.1 and 5.2 show the two competing chemical reactions that take
place during precipitation of phosphorus by ferric, namely formation of ferric hydroxide and ferric
phosphate. The higher dosing concentrations of ferric when the phosphates in the wastewater
have been precipitated, the excess ferric results in the formation of hydroxides as in Equation 5.1.
This is accountable for the fragmentation of the overall floc structure at a higher ferric
concentration resulting to drop in ZSV and increase in the SSVI.
Fe3+ + 3H2 O → Fe(OH)3 + 3H +

(5.1)

Fe3+ + PO4 3− → FePO4

(5.2)
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Table 5.1 Mean and Standard deviation (SD) of ZSV and SSVI for Ferric un-dosed and dosed sludge for three batch settling tests (Sample number
(N) =24; 2014-2017)
Dosing concentration (mg/L)
Parameters

Mean&SD
ZSV (m/h)
Mean&SD
SSVI(mL/g)
Mean &SD
(X) (g/L)

Control

Ferric dosed

0

10

20

30

40

50

100

150

1.54± 0.05

1.63±0.03

1.71±0.03

1.80±0.06

1.90±0.08

1.94±0.11
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2.43±0.08
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2.66±0.10

2.74±0.11

2.79±0.10

2.82±0.07

2.96±0.22

3.08±0.18
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The activated sludge settleability processes and physicochemical properties of activated sludge
flocs are affected by another key process parameter called EPS due to the ability of its internal
layer that is tightly bound and adhere closely with strong stability to the cellular surface (Sheng et
al. 2010). In the current study, the pattern observed in the plot of SSVI with increasing ferric dosing
(Figure 5.2a-e) may possibly be described by the EPS binding capacity to microbial cells and its
bridging nature with ferric and its overall effect on the EPS content in the activated sludge
particulate (Sheng et al. 2006; Higgins and Sobeck 2002). The enhancement in activated sludge
settleability at increasing Fe3+ concentrations have been attributed to the ability of ferric to
neutralise the sludge surface charge. The reduced surface charge has equally been related to
decrease SSVI values and ability to form bigger flocs due to higher valence and low solubility
(Subramanian et al. 2010). The decrease in ZSV and increase in SSVI and hence decreased
activated sludge settleability at the greater ferric dose concentrations are ascribed to surface
charge reversal linked to high ferric dosing rate and high surface charge which is a function of
weaker bonding between the various sludge floc fractions resulting in the breakage of the general
activated sludge floc structure (Thompson and Forster 2003; Agridiotis et al. 2007).

5.2.3 Data Analysis
The measured ZSV and stirred specific volume index (SSVI) from the three years batch settling
tests were used in modelling new ferric dosed activated sludge settleability. The typical result of
the data set of batch tests was analysed using the Minitab 17 software and solver optimisation
tool. The solver optimisation tool and the minitab 17 were used and the results were also analysed
(as reported in aluminium dosed sludge (section 4.2.3)) using the non-linear regression in the
minitab 17 software and the F-test ( F>0.05), R² (coefficient of determination), residual plot,
probability plot and interval plot related to ferric dosed sludge was used to validate how the ZSV
model fits the ZSV experimental data.

5.2.4 Model development and Model validity for Ferric dosed sludge
The protocol for evaluation of activated sludge settleability and definition of relationship between
the zone settling velocity and concentration (Vesilind equation-Equation 1.1) and its justification
are reported in section 4.2.4. The Vesilind equation (ZSV = v0 e−KX ) forms the basis for modelling
FSTs in wastewater treatment plants (WWTP).
In a previous study by Ojo and Ifelebuegu (2019c) the batch settling test measurements [zone
settling curve (ZSC)] of ZSV reveals ZSV as a linear representation (Figure 5.2d) of sludge height
as a function of time (m/h) for 100mg/L Fe3+ dosed sludge. Also, the results as earlier reported by
Ojo and Ifelebuegu (2019c), showed that the ZSV increased, while SSVI decreased with
increasing concentrations of Fe3+ salt up to <100mg/L. Fe3+ facilitated the agglomeration of the
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activated sludge flocs, thereby improving settleability. Beyond this concentration there was a
slight breakdown in sludge settleability due primarily to surface charge reversal.
In a complete range of concentrations of Fe3+ used (0 to 150mg/L), a non-linear representation of
ZSV and SSVI as a function of ferric dosing concentration was observed in Figure 5.3 (Phase 1
result -LOF E1) and Figure 5.4 (Phase1 result-LOF H1). This provided an insight into the
modification of the conventional empirical model of ZSV (Equation 1.1) to include a new Fe3+
dosing parameter. It further reveals Fe3+ dosing concentration had a non-linear relationship with
ZSV and SSVI.

Figure 5.3. The Impact of Ferric Dosing (mg/L) on ZSV (m/h) (error bars represent standard
deviation of the mean)

Figure 5.4. The Impact of Ferric Dosing (mg/L) on SSVI (mL/g) (error bars represent standard
deviation of the mean)
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The conventional empirical model for sedimentation in FSTs expressed as a function of solid
concentration, termed Vesilind equation is illustrated in Equation 1.1. It was earlier stated in
section 4.2.4 that the empirical coefficient v0 and k are obtained by performing ZSV test over a
range of mixed liquor suspended solids (MLSS) concentration for both un-dosed and Fe3+ dosed
sludge and applying linear regression to the linearised form of the Vesilind equation to obtain a
new expression (ln ZSV = −kX + lnv0 ) ( Equation 4.9 in section 4.2.5).
The plot of natural log of ZSV (m/h) against un-dosed and Fe3+ dosing concentration for the
average data from the various batch test (Table 5.1) is shown in Figure 5.5. The negative of the
gradient of each linear regression for the batch test is the Vesilind k value while the intercept is
the Vesilind v0 parameter. However, because it is a ferric dosed sludge, then Vesilind v0 and k
expression becomes re-defined as ZSV0 and K d for Fe dosed sludge. There is a need to define
that there is a relationship between Fe3+ dosing concentration and ZSV which was not accounted
for in the conventional Vesilind model equation in Equation 1.1. This can be achieved by the
transformation of data in the Vesilind exponential relationship and back tracking to calculate the
values of the Vesilind exponential constant parameter. Thus, the linearised ZSV was plotted
against Fe3+dosing up to 150mg/L (Figure 5.5). However, it was observed from Figure 5.5, that
the relationship between Fe3+ dose concentrations and the settleability can be accurately
described for up to 50mg/L dose concentration (Figure 5.6) and the gradient and intercept
accounted for the Vesilind coefficients for Fe (K d = -0.0042 and ZSV0 = 1.534m/h). It can be
concluded that the calculated ZSV0 and K d parameter for Ferric dosed sludge from the graph of
ln ZSV against Fe dosing concentration is a function of Ferric dose concentrations up to 50mg/L.

Figure 5.5. Natural log of ZSV against Ferric Dosing (up to 150mg/L) (The error bars represent
standard deviation of the mean)
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Figure 5.6. Natural log of ZSV against Ferric Dosing (up to 50mg/L) (The error bars represent
standard deviation of the mean)

The natural logarithm of SSVI was plotted against the Ferric dosing concentration up to 150mg/L
(Figure 5.7). Nevertheless, a linear relation existed up to 50mg/L (Figure 5.8) and the gradient
and intercept of the plot accounted for the coefficients for Fe3+ (gradient = 0.0074 and intercept =
68.10mL/g).

Figure 5.7. Natural log of SSVI against Ferric Dosing (up to 150mg/L) (The error bars represent
standard deviation of the mean)
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Figure 5.8. Natural log of SSVI against Ferric Dosing (up to 50mg/L)

5.2.5 Novel Model Calibration to Include Ferric Dosing Parameter
The exponential form of the Vesilind equation (Equation 1.1) can be optimised to include ferric
dosing parameter by investigating a new model equation for settling velocity. The investigated
ZSVo and K d parameter for ferric dosed sludge from the graph of ln (ZSV) and ln (SSVI) against
ferric dosing concentration (mg/L) (Figures 5.5 - 5.8) shows linearised and exponential correlation
between ZSV and SSVI with Ferric dosing concentrations. The new empirical model for settling
velocity for a Ferric dosed activated sludge can take the form of a decay equation (𝐴 = 𝐴𝑜 𝑒 −𝜆𝑡 )

(Equation 4.10 - Chapter Four) that obeys the exponential law of decay (the number of unstable
nuclei that decay each second in radioactive sample depends on how many unstable nuclei are
left in the sample).
The new equation in Equation 5.3 shows the inclusion of a new ferric dosing protocol (Dc) that
follows the decay equation.
ZSVFe = ((C0 )Fe (DC )Fe + (ZSV0 )Fe )e−((Kd)Fe−(CK)Fe(DC )Fe)XFe

(5.3)

Where,
ZSVFe = Actual settling velocity (m/h) Fe3+ dosed sludge
(ZSV0 )Fe = Maximum settling velocity (m/h) for Fe3+ dosed sludge
(K d )Fe = Empirical Fe3+ dosed sludge settling parameter relating to sludge compaction
(C0 )Fe = Empirical Fe3+ dosing constant related to stokes settling velocity
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(CK )Fe = Empirical Fe3+ dosing constant related sludge compaction
(DC )Fe = Fe3+ dosing concentration (mg/L)
X Fe= Fe3+dosed MLSS concentration (mg/L)
The Equation 4.11 for the new aluminium dosed sludge stated earlier differs from ferric dosed
sludge in Equation 5.3, on the account of their different process parameters such as maximum
settling velocity, empirical dosing sludge settling parameter relating to sludge compaction,
empirical dosing constant related to maximum settling velocity and empirical dosing constant
related sludge compaction and dosed MLSS concentration.
Equation 5.3 obeys the exponential law of decay and both the additive and multiplicative rule of
exponentials. The empirical coefficients in Equation 5.3 ZSV0 and k d are typically determined by
performing zone settling velocity (ZSV) batch tests over a range of ferric dosing concentrations
(0, 10, 20, 30, 40, 50, 100 and 150mg/L) and applying regression analysis and linear
approximation to Equation 5.3 by taking the natural log.
For a clearer comprehension of the new empirical heuristic expression for settling velocity for a
dosed activated sludge, the comparison of terms in the new ferric dosed sludge expression and
conventional decay equation becomes vital. The version of terms in Equation 4.10 (Chapter Four)
compared with Equation 5.3 is as follows; Ao = ((C0 )Fe (DC )Fe + (ZSV0 )Fe ) , λ = ((K d )Fe −
(CK )Fe (DC )Fe ) and t=X Fe . This shows below that applying the additive rule with e as a common
factor in Equation 5.3 then Equation 5.4 is obtained:
((C0 )Fe (DC )Fe e + (ZSV0 ) Fe e) = ((C0 )Fe (DC )Fe + (ZSV0 ) Fe )e

5.4

Conversely, applying the multiplicative rule with X Fe as a common factor in Equation 5.3, the
expression in Equation 5.5 was realised.
−((K d )Fe − (CK )Fe (DC )Fe )XFe = e−(Kd)Fe XFe × e−(CK)Fe (DC )Fe XFe

5.5

The constants (ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe helps in shifting the ZSV model to predict the
observed values in ferric dosed sludge. However, the experimentally estimated ZSV data have
been universally used for regulating settling models in wastewater industry (Vesilind 1968: ZSV =
v0 e−kX ). Since it is common practice to deduce the Vesilind empirical constants (v0 and k) through
conducting batch laboratory ZSV test over a range of concentrations and applying linear
regression evaluation to a linearised form of Vesilind equation (ln V = −kX + lnv0 ), it becomes
paramount to apply the same principle to the new ferric dosed activated sludge model.
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We can consider defining 𝐹1 and 𝐹2 from Equation 5.3 as follows: F1 = ((ZSV0 ) Fe × (DC )Fe )
and F2 = ((K d )Fe ) − ((CK )Fe (DC )Fe ) as two functions of ZSV and this gives Equation 5.6
ZSVFe = F1 e−F2

XFe

(5.6)

As earlier mentioned that there exists an exponential relationship between the ZSV and Fe dosing
(Figure 5.3) but because the relationship is a non-linear relationship, calculating the value of the
new empirical coefficient (ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe of ferric dosed activated sludge
model can be realised by linearising Equation 5.3 to become Equation 5.7
Therefore, below is the linear approximation (Equation 5.7) obtained by taking the natural log of
Equation 5.3:
ln (ZSVFe ) = ln ((C0 )Fe (DC )Fe + (ZSV0 ) Fe ) − ((K d )Fe − (CK )Fe (DC )Fe )XFe

5.7

The Equation 5.7 also follows the equation of a straight line (Y = MX + C), M = Slope while C=
Intercept and hence Equation 5.7 can be modified as Equation 5.8 by re-defining ln (ZSVFe ) = Z;
(ln((C0 )Fe (DC )Fe + (ZSV0 ) Fe ) = P and ((K d )Fe − (CK )Fe (DC )Fe ) = 𝑄 respectively.
Z = P − QX

(5.8)

The transformation of Equation 5.3 to 5.7 allowed establishing a linear relationship between Z
and X (Equation 5.8) and not between ZSV and X since it is already an exponential model. This
transformation allows back tracking the constant of the new model for ferric dosed sludge
(ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe to predict the ZSV experimental data. Therefore, once a
linear relationship is established between Z and X (Z = P − QX), the value of the ferric dosed
settleability

constants (ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe

can

be

evaluated

and

the

experimental value of ZSV and dosing concentrations (DC )Fe without performing a ZSV batch
experiment. A new expression (5.9 and 5.10) was obtained from Equation 5.8 for calculating the
value of (DC )Fe as it relates to ferric when the four constants (ZSV0 )Fe ; (K d )Fe ; (C0 )Fe and (CK )Fe
for ferric dosed sludge are known.
(DC )Fe =

eP −(ZSV0 )Fe
(C0 )Fe

(DC )Fe =

Q + (Kd )Fe
(CK )Fe

(5.9)
(5.10)

The results of regression analysis using Equation 5.7 showed that all the coefficient of
determination (R²) were close to 1 (Figure 5.6). This suggests that the exponential function in
Equation 5.3 was suitable to model the ferric dosed activated sludge settleability process (ZSV).
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However, the SSVI expression for ferric dosed activated sludge can be derived from the new
empirical ferric dosed activated sludge model for settling velocity in Equation 5.3. The k and v0
parameter calculated from the expression in Catunda et al. (1989) in Equation 5.11 and 5.12
becomes re-written as (ZSV0 )Fe and (K d )Fe parameter for ferric dosed sludge computed in
Equations 5.11 and 5.12.
(K d )Fe = 0.16 + 2.7 × 10−3 × SSVIFe

(5.11)

(ZSV0 )Fe = (10.9 + 0.18 × SSVIFe ) × e(−0.016×SSVIFe)

(5.12)

Where,
(K d )Fe = Empirical ferric dosed activated sludge settling parameter related to sludge compaction
(L/g)
(ZSV0 )Fe = Maximum settling velocity for ferric dosed activated sludge related to stokes settling
velocity (m/h)
SSVIFe = Stirred sludge volume index (mL/g) ferric dosed activated sludge
In deriving a new expression for ferric dosed SSVI, Equation 5.11 and Equation 5.12, was
v

compared with the existing Pitman (1980) and White (1975) expression in Equation 1.2 ( k0 =
68e(−0.016×SSVI) ) and the Equation 1.2 can be re-written in the form of (ZSV0 )Fe and (K d )Fe=
parameter as follows:
(ZSV0 )Fe = 68(K d )Fe = e(−0.016 SSVIFe)

(5.13)

The new SSVI expression (Equation 5.14) was obtained by substituting Equations 5.11-5.13 into
Equation 5.3. Therefore, the new SSVI expression for ferric dosed activated sludge (Equation
5.14) was derived from substituting the compared (K d )Fe and (ZSV0 )Fe parameter calculated from
the redefined expression in Catunda et al. (1989) with the Pitman (1980) and White (1975)
v

expression in Equation 1.2 ( k0 = 68e(−0.016×SSVI) ) and substituting into the new ferric dosed
activated sludge model for settling velocity in Equation 5.3.

𝐒𝐒𝐕𝐈𝐅𝐞 (𝐦𝐋/𝐠) = −ln [

( 68((K

d )Fe

ZSVFe
XFe )+((CK )Fe (DC )Fe XFe )

(C0 )Fe (DC )Fe
)
68(Kd )Fe ⁄

)−(

0.016]

(5.14)

The results of regression analysis for the impact of ferric dosing on SSVI using the experimental
data in the batch test conducted showed that all the coefficient of determination (R²) were close
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to 1 (Figure 5.8). This suggests that the linearized expression in Equation 5.14 was suitable to
model the impact of ferric dosing on activated sludge settleability (SSVI) process.

5.2.6 Validation of Novel Model for Impact of Ferric Dosing on ZSV and SSVI
5.2.6.1 Novel ZSV Model
The heuristic expression used for derivation of the new model for ferric dosed sludge expressed
in Equation 5.3 (ZSVFe = ((C0 )Fe (DC )Fe + (ZSV0 )Fe )e−((Kd)Fe−(CK)Fe (DC )Fe)XFe ) and its linear
approximation (ln (ZSVFe ) = ln ((C0 )Fe (DC )Fe + (ZSV0 ) Fe ) − ((K d )Fe − (CK )Fe (DC )Fe )XFe ). The
experimental data of three batch (ferric) settling velocity test can be classified into two groups.
The first group (Figures 5.2 - 5.6) were used to develop the model while the second group (Tables
5.2 - 5.3, Figures 5.9 and Figure 5.10) are used to validate the model.
The model was validated using two approaches namely; solver optimisation tool and minitab 17.
Although, the batch settling test measurements revealed ZSV as a linear representation (sludge
height as a function of time) (Figure 5.2), but, on the contrary, a non-linear representation was
observed in Figures 5.5 - 5.6, showing ZSV and SSVI as a function of ferric dosing concentration.
This also allows the inclusion of a new ferric dosing parameter (DC )Fe in the existing Pitman (1980)
and White (1975) model reported in Equation 1.2 and Catunda et al. (1989) in Equations 4.6 and
4.7 which are both in agreement with the Vesilind (1968) expression.
The solver optimisation tool and Minitab 17 was utilised to fit non-linear model data to actual
experimental data for ferric dosed sludge (Table 5.2-5.3). Table 5.3 and Figure 5.9-5.10 shows a
comparison of the experimental and predicted zone settling velocities using Equation 5.3. It was
observed that the validation result is good enough and valid for ferric concentration ranging from
(0, 10, 20, 30, 40, 50, and 100mg/L). The non-linear fitting, interval plot, residual plot and
probability plot (Figure 5.9) further establishes the validity of the model using Minitab 17. The
probability plot creates estimated cumulative distribution function from ferric dosed sample data
by plotting the value of each observation against its estimated cumulative probability and a scale
transformation allows the fitted distribution to form a straight line.
A good distribution fit is one where the observations are near the fitted line. The data in Figure
5.9 are near the fitted line hence it indicates a good distribution fit between the model and
experimental data. The residual shows how far the model data from the experimental data is and
the residual plot in Figure 5.9 shows a good fit. The coefficient of determination (R²) was 0.998 in
Table 5.2, shows that the difference between the observed experimental value and the model
predicted values are small and unbiased. The interval plot (Figure 5.9) shows that at 95%
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confidence interval (CI), the mean value of ZSV model and experimental is significant as the 95%
confidence interval bar does not overlap.
Table 5.2: Model Validation Minitab 17 and Solver Optimisation Tool Result for Ferric
Parameters
Estimated values
ZSV0
0.740
C0
0.0089
Kd
-0.290
CK
-0.0025
𝛼
0.05
2
𝑅
0.998
SSD
0.1410
R²-R Squared, α-significance level, CI-Confidence Interval

Figure 5.9. Non-Linear Fitting, Interval Plot, Residual Plot and Probability plot (Ferric)
The probability plot creates estimated cumulative distribution function from ferric dosed sample
data by plotting the value of each observation against its estimated cumulative probability and a
scale transformation allows the fitted distribution to form a straight line.
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A good distribution fit is one where the observations are near the fitted line. The data in Figure
5.8 are near the fitted line hence it indicates a good distribution fit between model and
experimental data. The residual shows how far the model data from the experimental data is and
the residual plot in Figure 5.9 shows a good fit. The coefficient of determination (R²) was 0.998 in
Table 5.2, shows that the difference between the observed experimental value and the model
predicted values are small and unbiased. The interval plot (Figure 5.9) shows that at 95% CI, the
mean value of ZSV model and experimental is significant as the 95% confidence interval bar do
not overlap. The solver optimisation tool allows the solver parameter to be set for the target
objective of a reduced sum of square deviation (SSD) value so that the model fits the experimental
data. In Table 5.2 and Figure 5.10, a significant SSD value of 0.141 was reported and it indicated
the ZSV model fits the actual ZSV value.
Table 5.3. ZSV experimental and ZSV model Comparison using Solver optimisation and Minitab
17 for Ferric Dosed Sludge (Sample number (N) =24; 2014-2017)
MLSS

ZSV

ZSV Model

Fe-Dosing

Standard

Squared

Squared

Residual

ZSV

Residual
(g/l)

(m/h)

(m/h)

(mg/L)

deviation

2.50

1.53

1.53

0.00

1.00 × 10−5

3.44 × 10−3

1.00 × 10−5

2.34

2.60

1.60

1.65

10.00

2.79 × 10−3

−5.29 × 10−2

2.79 × 10−3

2.56

2.68

1.67

1.75

20.00

6.65 × 10−3

−8.16 × 10−2

6.65 × 10−3

2.79

2.74

1.73

1.82

30.00

8.73 × 10−3

−9.34 × 10−2

8.73 × 10−3

2.99

2.78

1.82

1.87

40.00

2.55 × 10−3

−5.05 × 10−2

2.55 × 10−3

3.31

2.80

1.89

1.89

50.00

4.00 × 10−5

−5.93 × 10−3

4.00 × 10−5

3.57

2.72

1.70

1.84

100.00

2.1 × 10−2

−1.45 × 10−1

2.1 × 10−2

2.89

2.90

1.60

1.66

150.00

3.47 × 10−3

−5.90 × 10−2

3.48 × 10−3

2.56

2.45

1.50

1.50

0.00

2.00 × 10−5

−4.64 × 10−3

2.00 × 10−5

2.25

2.62

1.65

1.66

10.00

1.40 × 10−4

−1.16 × 10−2

1.40 × 10−4

2.72

2.75

1.73

1.78

20.00

2.63 × 10−3

−5.13 × 10−2

2.63 × 10−3

2.99

2.84

1.82

1.86

30.00

1.87 × 10−3

−4.31 × 10−2

1.86 × 10−3

3.31

2.89

1.90

1.91

40.00

1.10 × 10−4

−1.02 × 10−2

1.10 × 10−4

3.61

2.90

2.00

1.93

50.00

5.21 × 10−3

7.23 × 10−2

5.22 × 10−3

4.00

3.15

1.80

1.88

100.00

6.39 × 10−3

−7.99 × 10−2

6.38 × 10−3

3.24

193 | P a g e

1.70

1.61

150.00

7.45 × 10−3

8.64 × 10−2

7.46 × 10−3

2.89

2.35

1.50

1.46

0.00

1.47 × 10−3

3.83 × 10−2

1.46 × 10−3

2.25

2.50

1.63

1.61

10.00

4.20 × 10−4

2.03 × 10−2

4.10 × 10−4

2.67

2.55

1.73

1.70

20.00

1.04 × 10−3

3.23 × 10−2

1.04 × 10−3

2.99

2.63

1.84

1.78

30.00

3.52 × 10−3

5.93 × 10−2

3.52 × 10−3

3.39

2.70

1.97

1.84

40.00

1.64 × 10−2

1.28 × 10−1

1.64 × 10−2

3.88

2.76

2.10

1.88

50.00

4.70 × 10−3

2.17 × 10−1

4.70 × 10−3

4.41

3.00

1.86

1.87

100.00

6.00 × 10−5

−7.64 × 10−3

6.00 × 10−5

3.46

3.10

1.68

1.63

150.00

2.22 × 10−3

4.71 × 10−2

2.22 × 10−3

2.82

2.1

2.2

2.0

2.1
2.0

1.9

1.9

1.8

1.8
1.7

1.7

1.6

ZSV Model(m/h)

ZSV Experimental(m/h)

3.25

1.6

1.5

Impact of Ferric
Dosing on ZSV
Experimental

Impact of Ferric
Dosing on ZSV
Model

1.5

1.4

1.4
0

30 100 10 40 150 20 50

Ferric Dosing Concentration (mg/l)

Figure 5.10. Non-Linear Curve Fitting of Impact of Ferric on ZSV (The bars represent standard
deviation of the mean)
ZSVFe = ((0.0089 (DC )Fe + 0.740)e−0.290+0.0025

(DC )Fe XFe

)

(5.15)

The values of, (C0 )Fe ; (ZSV0 )Fe ; (K d )Fe and (CK )Fe for ferric dosed sludge (Table 5.2) used to
validate the numerical model in Equation 5.15 are the same at different dosing concentration (0,
10, 20, 30 ,40 ,50 and 100mg/L) and approximate to 0.0089, 0.740, -0.290 and -0.0025
respectively. Therefore, the new ZSV model for ferric dosed sludge is expressed as Equation
5.15.
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5.2.7 Conclusion and practical relevance
The impact of ferric dosing on activated sludge settleability (ZSV and SSVI) was studied in batch
settling tests over a three years period using a type 305 settlometer. The results showed that
ZSV increased while SSVI decreased with increasing dose of Fe3+. The best settleability was
achieved at 50mg/L dose of Fe3+. The improved settleability with increasing dose of Fe3+ was
attributed to the improve bioaggregation of the activated sludge with dosing and through EPS
binding capacity to microbial cells through its bridging nature with ferric. The sludge settleability
started to decline between >50mg/L to 150mg/L dose concentrations. The decrease in ZSV and
increase in SSVI and hence decreased settleability at the higher dose concentrations are
attributed surface charge reversal linked to high ferric dosing rate and high surface charge which
is a function of weaker bonding between the various sludge floc fractions resulting to the
breakage of the general activated sludge floc. A new activated sludge settleability model was
proposed to analyse the effects of ferric dosing on activated sludge settleability indicators using
the linear transformation of exponential functions to achieve replication of a non-linear
correlation between the ferric dosing concentrations and settleability indicators (ZSV and SSVI).
The new empirical model that describes the relationship between ferric dosing concentration
and the ZSV and SSVI, were further validated using non- linear parameterization. The results
showed that the settleability indicators of Fe3+ dosed sludges can be described by the equations:

 ZSVFe = ((0.0089 (DC )Fe + 0.740)e−0.290+0.0025
 SSVIFe (mL/g) = −ln [

(DC )Fe XFe

ZSVFe
)
X
)+((C
d Fe Fe
K )Fe (DC )Fe XFe )

( 68((K

)
(C0 )Fe (DC )Fe
)
68(Kd )Fe ⁄

)−(

0.016]

The proposed new models showed a good fit to the experimental data up to a dose range of
50mg/L of Fe3+. The new model equations will find application in the water industry for the
modelling and optimization of Fe3+ dosed activated plants.
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Chapter Six
The Impact of Calcium Dosing on Activated Sludge Settleability
6.0 The Research Objectives and Activated Sludge Settleability
The literature review in Chapter Two has provided information that chemical coagulant calcium
(Ca) could improve activated sludge settleability. However, inadequate studies have been made
available on investigating activated sludge settleability process and the impact of chemical
coagulant calcium on activated sludge settleability. Therefore, among the main key aims of this
current research on optimisation of the design and operation of chemically dosed activated sludge
plants (ASP) is to evaluate the impact of calcium on activated sludge settleability. Four of the
research objectives namely; to evaluate the impact of Ca on activated sludge settling curve, the
impact of chemical dosing Ca on estimated experimental activated sludge settleability parameters
(ZSV and SSVI) data, and develop models to predict ZSV and SSVI as a function of Ca dosing
concentration using estimated laboratory ZSV and SSVI data will be explored in this chapter. The
ZSV and SSVI is measured as an indicator of activated sludge settleability.

6.1 The Impact of Calcium (Ca) on Activated Sludge Settleability
6.1.1 Introduction
As mentioned in section 4.1.1 and 5.1.1 that the need to achieve low levels of phosphates in
wastewater effluents has resulted to the increased use of metal salts during wastewater
treatment. Apart from coagulants like Aluminium (Al) and Ferric (Fe) already explored, calcium
(Ca) salts can also be used for precipitation of insoluble metal phosphate from wastewater
(Haandel and Lubbe 2012; Ojo and Ifelebuegu 2016). Aluminium salts alongside ferric and
calcium salts are the most widely used chemical for the chemical precipitation of phosphorus. The
impact of aluminium, ferric, and calcium coagulant on activated sludge have been explained
through charge neutralisation of negatively charged colloids by cationic hydrolysis products (Duan
and Gregory 2003; Liu et al. 2010). Urbain et al. (1993) further commented that the overall
activated sludge floc structure is negatively charged due to the physical and chemical interactions
between floc bacteria and EPS and divalent cations (Ca). This explains why calcium salt salts
(Ca) has the potential to be strongly immersed by the surface of sludge flocs since it produces
positively charged metal hydroxides which account for the charge neutralisation process and
charge reversal during periods of calcium overdosing rate. Ye et al. (2016) added that calcium (II)
ion (Ca2+) has the capacity to increase the production of EPS and promote the development of
microbial aggregates which is key in bio-flocculation and activated sludge settleability. Earlier
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studies have also shown that since the activated sludge flocs are embedded in the EPS structure
(Wilén et al. 2003; Jin et al. 2003).
In section 4.1.1 and 5.1.1, it was stressed that FSTs are important component in the design and
operation of activated sludge plants. This makes investigation of zone settling velocity ZSV of
great need in designing and modelling activated sludge process. The mentioned settling
categories (free, flocculent, zone and compression settling) has been explained in section 4.1.1.
The modelling of activated sludge settleability to date is based on Pitman (1980) and White (1975)
settleability model and this has been covered in section 4.1.1. The model was developed based
on the settling characteristics of conventional sludge. With high calcium salt dosage in the
precipitation of phosphates today the overall behaviour of sludge is different from the conventional
sludges on which the Pitman(1980) and White(1975) model was based. Therefore, there is a
need to develop a new model that describes the settling properties of calcium dosed sludge. The
proposed new model equation describing the extra weight of calcium dosing in ASP will address
the restriction of Pitman(1980) and White(1975) model for conventional activated sludge. The
purpose of current study is firstly to evaluate the impact of calcium dosing on activated sludge
settleability focusing on zone settling velocities (ZSV) and stirred sludge volume index (SSVI),
investigate the impact of calcium on activated sludge settling curve and to develop a new model
of settleability of calcium dosed activated sludge.

6.2 Result and Discussion
The results obtained from the research investigation on the impact of calcium on activated sludge
settleability was presented based on the four categories namely effects of calcium dosing on
activated sludge morphology (6.2.1), effects of calcium dosing on ZSV and SSVI (6.2.2), data
analysis and model validation for calcium dosed sludge (6.2.3), model development and model
validity for calcium dosed sludge (6.2.4), new model calibration to Include calcium dosing
parameter (6.2.5), validation of new model for impact of calcium dosing on ZSV and SSVI (6.2.6)
and conclusion and practical relevance (6.2.7).

6.2.1 Effects of Calcium dosing on Activated Sludge Morphology
The microscopic evalaution of sludge flocs for control sample (0mg/L) and calcium dosed (20, 50,
100 and 150mg/L) in SEM followed the same pattern and explanation as observed in control
sample and aluminium ferric treated sample in Chapters Four and Five respectively (4.2.1 and
5.2.1). As can be seen in Figure 6.1a, interfloc bridging, open floc formation and spindly bulking
also happened while for calcium treated sample (20mg/L) in Figure 6.1b, some decrease in sludge
porosity, interfloc bridging and improved sludge compaction was noticed. Further more, with
increasing dosing concentration of 50mg/L, 100 mg/L and 150mg/l, the sludge compaction
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became bettter in Figure 6.1c (50mg/L), Figure 6.1d (100mg/L) and Figure 6.1e (150mg/L)
compared to Figure 6.1b (20mg/L). This further supports findings of Luo et al. (2013); Agridiotis
et al. (2007); Gerardi (2002); Eikelboom (2000); Richard (2003) and Chambers and Tomlinson
(1982) on sludge bio-flocculation and improvements in sludge settleability

Figure 6.1a. SEM of floc (Control 0mg/L)

Figure 6.1b.SEM of floc (Ca-Dosed 20mg/L)

Figure 6.1c. SEM of floc (Ca-Dosed 50mg/L)

Figure 6.1d. SEM of floc (Ca-Dosed (100mg/L)
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Figure 6.1e. SEM of floc (Ca-Dosed 150mg/L)

6.2.2 Effects of Calcium dosing on ZSV and SSVI
The ZSV were estimated over range of un-dosed and calcium (Ca) dosed activated sludge
concentrations (0, 20, 50,100 and 150mg/L) for 2 batch test regimes in calcium (LOT- D and LOFC) and the results from a typical ZSV test for calcium are shown in Figures 6.2a-e (ZS = zone
settling, TS = transition settling, CS = compression settling) and the ZSVs were obtained from the
slope of the linear graph.

Figure 6.2a. ZSC for Undosed sludge (error bars represent the standard deviation of the mean)
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Figure 6.2b. ZSC for 20mg/L Calcium dosed sludge (error bars represent the standard deviation
of the mean)

Figure 6.2c. ZSC for 50mg/L Calcium dosed sludge (error bars represent the standard deviation
of the mean)
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Figure 6.2d. ZSC for 100mg/LCalcium dosed sludge (error bars represent the standard deviation
of the mean)

Figure 6.2e. ZSC for 150mg/LCalcium dosed sludge (error bars represent the standard deviation
of the mean)

The results from the typical ZSV test for calcium (Figures 6.2a-e) indicates that approximately
50% of the original sludge volume within the sludge depth of the settling column settled after 5 to
10 minutes for both the control and calcium treated sludge. The same pattern was observed with
control and aluminium and ferric treated sludge in Chapters Four and Five respectively. It was
observed from zone settling curve (ZSC) that the initial faster settling is probably due to the
absence of spaces between the sludge flocs causing a free settling without interferences.
Nevertheless, after the initial first 10 mins of settling, it was noticed that the change in the sludge
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height with time (ZSV) began to decline. This agrees with the previous work (Vesilind 1968) and
can be explained by the floc to floc interaction based on their proximity and slowing down of their
settling velocities.

Consequently, within this zone settling regime, the agglomeration of floc bacteria tends to settle
as a zone of blanket (sludge blanket) accounting for the decrease in the settling velocity
(Tchobanoglous and Burton 1991). In addition, as the settling velocity began to approach the zero
axes, there was a possible dehydration of water from the sludge floc pore spaces due to the
compressive forces acting on the floc bacteria as the sludge floc enters a compression settling
regime. Also, the linear portion of the ZSCs (Figures 6.2a-e) represents the settling velocity of the
sludge flocs as reported in previous work (Vanderhasselt and Vanrolleghem 2000) and as such
an increased sludge concentration will result in a decrease in the settling velocity due to increased
resistance to water flow through the settling sludge column.
The results of the impact of calcium dosing on activated sludge settleability index (ZSV and SSVI)
are summarised in Table 6.1. It was observed that the ZSV values increased at the beginning
with increasing concentration of calcium dose (10, 20, 30, 40 and 50mg/L) and started to decrease
after 100mg/L dose concentration (100 and150mg/L). A reversed trend is observed for the SSVI,
which decreased with increasing dose of calcium up to 50 mg/L dose rate. At 100mg/L dose rate
the SSVI had started to increase. A smaller SSVI value represented a faster settling rate of
activated sludge and vice versa. This result trend follows the same pattern with the result obtained
by Ye et al. (2016) only up to calcium dosing concentration of 50mg/L in which the SVI (sludge
volume index) decreased. The difference in Ye et al. (2016) result on the implication of the
microbial community shift to sludge settleability with the addition of Ca2+ and current study
may be due to the nature of sludge utilised (synthetic wastewater) in the jar test and the feed
sludge that was seeded. The seeded feed sludge will make the process of biological
decomposition to occur more quickly. Also, the sludge settleability parameter used for
measurement of the sludge settleability was the unstirred (SVI). The current study used the
stirred specific volume index (SSVI). Although, SVI is the most common sludge settleability
indicator used to measure the settling characteristics of activated sludge because of the simplicity
with which the SVI (unstirred) test is performed. However, SVI suffers some major draw backs
since there is no consistent relationship between SVI and suspended solids concentration in mg/L
(MLSS), but this challenge was addressed in a review conducted by Ojo and Ifelebuegu 2018;
Dick and Vesilind (1969) suggesting the inclusion of a slow stirring regime (1–2 revolutions per
minute). This led to a proposed stirred specific volume index (SSVI) test using a 4 L settling
column instead of the 1 L settling column in the unstirred SVI test (White 1976), which was
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adopted in the jar test experiments in the current study. Furthermore, the result trend follows the
same pattern with the result obtained for aluminium and ferric dosed sludge in Chapters Four and
Five (sections 4.2.2 and 5.2.2).

The improvement noticed in activated sludge settleability (low SSVI and high ZSV) at initial
calcium dosage rates (10 and 50mg/l) observed can be attributed to the surface charge theory of
the activated sludge (Gray 1990; Eikelboom et al. 1998, Agridiotis et al. 2007 Liu et al. 2010;
Martins et al. 2011). Although Forster (1996) explained that the theory of bulking could be based
on filamentous bacteria concepts, Agridiotis et al. (2007) reported that filament content in
activated sludge is not the only issue contributing to activated sludge settleability but other serious
challenges such as surface chemistry of the sludge contributes to poor settling sludge within the
FST. The impact of calcium dosed sludge can be further explained through charge neutralisation
of negatively charged colloids by cationic hydrolysis products (Duan and Gregory 2003). Previous
studies by Urbain et al. (1993) supported that the overall activated sludge floc structure is
negatively charged due to the physical and chemical interactions between floc bacteria,
extracellular polymeric substances (EPS) and multivalent cations.
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Table 6.1. Mean and Standard deviation of ZSV and SSVI for Calcium un-dosed and dosed sludge for two batch settling tests (Sample
number (N) =16; 2016-2017)
Dosing concentration (mg/L)
Parameters

Mean &SD
ZSV(m/h)

Control

Calcium dosed

0

10

20

30

40

50

100

150

1.72 ± 0.02

1.80±0.06

1.88±0.08

1.98 ± 0.11

2.08±0.18

2.16±0.21

1.85±0.07

1.74±0.06

Mean &SD
SSVI(mL/g)

Mean &SD
(X) (g/L)

75.11±1.40 69.64±3.58 62.74±3.54 57.50±4.95 52.53±4.96 49.00±5.01 59.78±10.22 65.42±13.27

2.85±0.21

2.95±0.21

3.03±0.25

3.11±0.27

3.17±0.24

3.23±0.25

3.43±0.25

3.63±0.25
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It was suggested that calcium dosed salts have the potential to be strongly immersed by the
surface of sludge flocs because of the produced positively charged metal hydroxides which
account for the charge neutralisation process and charge reversal during periods of calcium
overdosing. In the present study, the observed behaviour of the SSVI that initially decreased at a
dose rate of 10 and 50mg/L and started increasing at 100mg/L dose concentration (100 to 250
mg/L) may be due to charge reversal because of overdosed calcium coagulant. Two competing
reactions are predominatly involved in the precipitation of phosphorus by calcium namely
formation of metal hydroxide (calcium hydroxide) and metal phosphate (calcium phosphate) (De
Haas 2000a) (Equations 6.1 - 6.2). The reaction in Equation 6.1 is more thermodynamically and
kinetically favoured over the reaction in Equation 6.2. At the lower dosing concentration, the
formation of CaPO4 is predominant. However, at the higher calcium dosing concentrations when
the phosphates in the wastewater have been precipitated, the excess calcium results in the
formation of hydroxides as in Equation 6.1. This is responsible for the disintegration of the overall
floc structure at higher calcium concentration resulting to drop in ZSV and increase in the SSVI.
Ca2+ + 2H2 O → Ca(OH)2 + 2H +

(6.1)

Ca2+ + PO4 3− → CaPO4

(6.2)

Researchers have reported that EPS could also impact the activated sludge settling processes
and physicochemical properties of activated sludge flocs (surface charge) due to the ability of its
internal layer to tightly bind and adhere closely with strong stability to the cellular surface (Sheng
et al. 2010). In support of this claim, Wang et al. (2013) reported similar linear relationship
between loosely and tightly bound EPS and SSVI since the activated sludge flocs are reported to
be embedded in the EPS structure and the amount of EPS extractable from the activated sludge
is positively related to SSVI (Biggs and Lant 2000; Jin et al. 2003; Wilen et al. 2003). In the current
study, the observed trend in the SSVI with increasing chemical dosing could be explained through
EPS binding capacity to microbial cells through its bridging nature with calcium and overall impact
on the EPS content in the activated sludge flocs (Higgins and Sobeck 2002; Sheng et al. 2006;
Sheng et al. 2010). This is supported by the observations in Figures 6a-g which showed improved
bioaggregation at lower calcium dosing concentrations compared to the undosed sludge. The
improvement in settleability of the activated sludge at lower Ca2+ concentrations can also be
attributed to ability of calcium to neutralise the sludge surface charge (Higgins and Novak 1997b
and Subramanian et al. 2010), decreased surface charge is related to decreased SSVI values
(Mikkelsen et al. 1996 ; Wilen et al. 2003; Thompson and Forster 2003). The decrease in ZSV
and increase in SSVI and hence decreased settleability at the higher calcium dosing
concentrations are attributed to surface charge reversal linked to high calcium dosing rate and
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high surface charge which is a function of weaker bonding between the various sludge floc
fractions resulting in the breakage of the general activated sludge floc structure (Thompson and
Forster 2003; Agridiotis et al. 2007; Kara et al. 2008, Ojo and Ifelbuegu 2016). The reduction in
the ZSV values with increasing SSVI also indicates a sludge with a slow settling rate that may
hinder the activated sludge compressibility and underflow concentration within the FST (Gerardi
2002).

6.2.3 Data Analysis
The measured ZSV and stirred specific volume index (SSVI) from the three years batch settling
tests were used in modelling new calcium dosed activated sludge settleability. The typical result
of the data set of batch tests was analysed using the Minitab 17 software and solver optimisation
tool. The solver optimisation tool and the Minitab 17 were used and the results were also analysed
as reported in aluminium and ferric dosed sludge (section 4.2.3 and 5.2.3) using the non-linear
regression in the minitab 17 software and the F-test ( F>0.05), R² (coefficient of determination),
residual plot, probability plot and interval plot related to ferric dosed sludge was used to validate
how the ZSV model fits the ZSV experimental data.

6.2.4 Model development for Calcium dosed sludge
The procedure for evaluation of activated sludge settleability and description of relationship
between the zone settling velocity and concentration (Vesilind equation-Equation 1.2) and its
justification are reported in section 4.2.3. The Vesilind equation (ZSV = v0 e−KX ) forms the
foundation for modelling FSTs in wastewater treatment plants (WWTP).
In the present study, the batch settling test measurements (zone settling curve (ZSC)) of ZSV
(Phase 1 result -LOF C) reveals ZSV as a linear representation (Figure 6.2d) of sludge height as
a function of time (m/h) for calcium dosed sludge but a non-linear representation of ZSV and SSVI
as a function of calcium dosing concentration was observed in Figure 6.3 (Phase 1 result -LOF
F1) and Figure 6.4 (Phase1 result-LOF I1). This provided an insight into the modification of the
conventional empirical model of ZSV Equation 1.1 (ZSV = v0 e−KX ) to include a new calcium (Ca)
dosing parameter. It further reveals the impact calcium (Ca) dosing concentration on ZSV and
SSVI as a non-linear correlation which is contrary to empirical Vesilind deduction of ZSV.
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ZSV (m/h)

y = 3E-08x4 - 7E-06x3 + 0.0003x2 +
0.0081x + 1.72
R² = 1
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Calcium Dosing (mg/L)
Figure 6.3. The Impact of Calcium Dosing (mg/L) on ZSV (m/h) (error bars represent standard
deviation of the mean)

y = 3E-08x4 - 6E-05x3 + 0.0156x2 1.2006x + 74.4
R² = 1
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Figure 6.4. The Impact of Calcium Dosing (mg/L) on SSVI (mL/g) (error bars represent standard
deviation of the mean)
The conventional empirical model for sedimentation in FSTs expressed as a function of solid
concentration, termed Vesilind equation is illustrated in Equation 1.1. The empirical coefficient v0
and k are obtained by performing ZSV test over a range of mixed liquor suspended solids (MLSS)
concentration for both un-dosed and calcium (Ca2+) dosed sludge as mentioned in section 4.2.3
and applying of linear regression to the linearised form of the Vesilind equation to obtain a new
expression (ln ZSV = −kX + lnv0 ) (Equation 4.11 in section 4.2.5).
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The plot of natural log of ZSV (m/h) against un-dosed and Ca2+ dosing concentration for the
average data from the various batch test (Table 6.2) is shown in Figure 6.5. The negative of the
gradient of each linear regression for the batch test is the Vesilind K value while the intercept is
the Vesilind v0 parameter. However, because it is a Ca2+ dosed sludge, then Vesilind v0 and k
expression becomes re-defined as ZSV0 and K d for calcium dosed sludge. It is important to define
that there is a relationship between calcium sludge dosing concentration and ZSV which was not
accounted for in the conventional Vesilind model equation in Equation 1.1. This can be achieved
by the transformation of data in the Vesilind exponential correlation and back tracking to calculate
the values of the Vesilind exponential constant parameter. Thus, the linearised ZSV was plotted
against Ca2+dosing up to 150mg/L (Figure 6.5). Therefore, it was observed from Figure 6.6, that
the relationship between Ca2+ dose concentrations and the settleability can be accurately
described for up to 50mg/L dose concentration and the gradient and intercept accounted for the
Vesilind coefficients for calcium (K d = -0.0048 and ZSV0 = 1.712 m/h). It can be inferred that the
calculated ZSV0 and K d parameter for calcium dosed sludge from the graph of In (ZSV) against
Ca2+ dosing concentration (Figure 6.6) are function of calcium dose concentrations up to 50mg/L.

Figure 6.5. Natural log of ZSV against Calcium Dosing (up to 150mg/L) (The error bars represent
standard deviation of the mean)
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Figure 6.6. Natural log of ZSV against Calcium Dosing (mg/L) (error bars represent the standard
deviation of the mean)
The natural logarithm of SSVI was plotted against the calcium dosing concentration up to 150mg/L
(Figure 6.7). Nevertheless, a linear relation existed up to 50mg/L (Figure 6.8) and the gradient
and intercept of the plot accounted for the coefficients for Ca2+ (gradient = 0.0099 and intercept
= 76.386 mL/g).

Figure 6.7. Natural log of SSVI against Calcium Dosing (up to 150mg/L) (The error bars represent
standard deviation of the mean)
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Figure 6.8. ln (SSVI) against Calcium Dosing Concentration (up to 50mg/L) (error bars represent
standard deviation of the mean)

6.2.5 Novel Model Calibration to Include Calcium Dosing Parameter
The exponential form of the Vesilind equation (Equation 1.1) can be optimised to include a calcium
dosing parameter by investigating a new model equation for settling velocity. The investigated
ZSV0 and K d parameter for calcium dosed sludge from the graph of ln (ZSV) and ln (SSVI) against
calcium dosing concentration (mg/L) (Figures 6.5-6.8) shows linearised and exponential
correlation between ZSV and SSVI with calcium dosing concentrations.
The new empirical model for settling velocity for a calcium dosed activated sludge can take the
form of the decay equation ( 𝐴 = 𝐴𝑜 𝑒 −𝜆𝑡 ) (Equation 4.11-Chapter Four) that obeys the

exponential law of decay.
The new equation in Equation 6.3 shows the inclusion of a new calcium dosing protocol (Dc) that
follows the decay equation.
ZSVCa = ((C0 )Ca (DC )Ca + (ZSV0 )Ca )e−((Kd)Ca−(CK )Ca(DC )Ca)XCa

(6.3)

Where,
ZSVCa = Actual settling velocity (m/h) Ca2+ dosed sludge
(ZSV0 )Ca = Maximum settling velocity (m/h) for Ca2+ dosed sludge
(K d )Ca = Empirical Ca2+ dosed sludge settling parameter relating to sludge compaction
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(C0 )Ca = Empirical Ca2+ dosing constant related to stokes settling velocity
(CK )Ca = Empirical Ca2+ dosing constant related sludge compaction
(DC )Ca = Ca2+ dosing concentration (mg/L)
X Ca = Ca2+dosed MLSS concentration (mg/L)
The Equation 4.11 for the new aluminium dosed sludge stated earlier differs from calcium dosed
sludge in Equation 6.3, on the account of their different process parameters such as maximum
settling velocity, empirical dosing sludge settling parameter relating to sludge compaction,
empirical dosing constant related to maximum settling velocity and empirical dosing constant
related sludge compaction and dosed MLSS concentration.
Equation 6.3 obeys the exponential law of decay and both the additive and multiplicative rule of
exponentials. The empirical coefficients in Equation 6.3 ZSV0 and k d are typically determined by
performing zone settling velocity (ZSV) batch tests over a range of calcium dosing concentrations
(0, 10, 20, 30, 40, 50,100 and 150mg/L and applying regression analysis and linear approximation
to Equation 6.3 by taking the natural log.
For a better knowledge of the new empirical heuristic expression for settling velocity for a dosed
activated sludge, the evaluation of terms in the new calcium dosed sludge expression and
conventional decay equation becomes important. The version of terms in Equation 4.10 (Chapter
Four) compared with Equation 6.3 is as follows:
Ao = ((C0 )Ca (DC )Ca + (ZSV0 )Ca ) , λ = ((K d )Ca − (CK )Ca (DC )Ca ) and t=X Ca .
This shows below that applying the additive rule with e as a common factor in Equation 6.3 then
Equation 6.4 is obtained:
((C0 )Ca (DC )Ca e + (ZSV0 ) Ca e) = ((C0 )Ca (DC )Ca + (ZSV0 ) Ca )e

6.4

Conversely, applying the multiplicative rule with X Ca as a common factor in Equation 6.3, the
expression in Equation 6.5 was realised.
−((K d )Ca − (CK )Ca (DC )Ca )XCa = e−(Kd)Ca XCa × e−(CK )Ca (DC )Ca XCa

6.5

The constants (ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca helps in shifting the ZSV model to predict the
observed values in calcium dosed sludge. However, the experimentally estimated ZSV data have
been universally used for regulating settling models in wastewater industry (Vesilind 1968: ZSV =
v0 e−kX ). Since it is common practice to deduce the Vesilind empirical constants (v0 and k) through
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conducting batch laboratory ZSV test over a range of concentrations and applying linear
regression evaluation to a linearized form of Vesilind equation (ln V = −kX + lnv0 ), it becomes
paramount to apply the same principle to the new calcium dosed activated sludge model.
We can consider defining 𝐹1 and 𝐹2 from Equation 6.3 as follows: F1 = ((ZSV0 ) Ca × (DC )Ca )
and F2 = ((K d )Ca ) − ((CK )Ca (DC )Ca ) as two functions of ZSV and this gives Equation 6.6
ZSVCa = F1 e−F2

XCa

(6.6)

As earlier mentioned that there exists an exponential relationship between the ZSV and calcium
dosing (Figure 6.3) but because the relationship is a non-linear relationship, calculating the value
of the new empirical coefficient (ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca of calcium dosed activated
sludge model can be realised by linearising Equation 6.3 to become Equation 6.7
Therefore, below is the linear approximation (Equation 6.7) obtained by taking the natural log of
Equation 6.3:
ln (ZSVCa ) = ln ((C0 )Ca (DC )Ca + (ZSV0 ) Ca ) − ((K d )Ca − (CK )Ca (DC )Ca )XCa

(6.7)

The Equation 6.7 also follows the equation of a straight line (Y = MX + C), M = Slope while C=
Intercept and hence Equation 6.7 can be modified as Equation 6.8 by re-defining ln (ZSVCa ) = Z;
(ln((C0 )Ca (DC )Ca + (ZSV0 ) Ca ) = P and ((K d )Ca − (CK )Ca (DC )Ca ) = 𝑄 respectively.
Z = P − QX

(6.8)

The transformation of Equation 6.3 to 6.7 allowed establishing a linear relationship between Z
and X (Equation 6.8) and not between ZSV and X since it is already an exponential model. This
transformation allows back tracking the constant of the new model for calcium dosed sludge
(ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca to predict the ZSV experimental data. Therefore, once a
linear relationship is established between Z and X (Z = P − QX), the value of the calcium dosed
settleability

constants (ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca

can

be

evaluated

and

the

experimental value of ZSV and dosing concentrations (DC )Ca without performing a ZSV batch
experiment. A new expression (6.9 and 6.10) was obtained from Equation 6.8 for calculating the
value of (DC )Ca as it relates to calcium when four constants (ZSV0 )Ca ; (K d )Ca ; (C0 )Ca and (CK )Ca
for calcium dosed sludge are known.
(DC )Ca =

eP −(ZSV0 )Ca
(C0 )Ca

(DC )Ca =

Q + (Kd )Ca
(CK )Ca

(6.9)
(6.10)
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The results of regression analysis using Equation 6.7 showed that all the coefficient of
determination (R²) were close to 1 (Figure 6.6). This suggests that the exponential function in
Equation 6.3 was suitable to model the calcium dosed activated sludge settleability process
(ZSV).
However, the SSVI expression for calcium dosed activated sludge can be derived from the new
empirical calcium dosed activated sludge model for settling velocity in Equation 6.3. The k and v0
parameter calculated from the expression in Catunda et al. (1989) in Equation 6.11 and 6.12
becomes re-written as (ZSV0 )Ca and (K d )Ca parameter for calcium dosed sludge computed in
Equation (6.11) and (6.12)
(K d )Ca = 0.16 + 2.7 × 10−3 × SSVICa

(6.11)

(ZSV0 )Ca = (10.9 + 0.18 × SSVICa ) × e(−0.016×SSVICa)

(6.12)

Where,
(K d )Ca= Empirical calcium dosed activated sludge settling parameter related to sludge
compaction (L/g)
(ZSV0 )Ca = Maximum settling velocity for calcium dosed activated sludge related to stokes settling
velocity (m/h)
SSVICa = Stirred sludge volume index (mL/g) calcium dosed activated sludge
In deriving a new expression for calcium dosed SSVI, Equation 6.11 and Equation 6.12, was
v0
k

compared with the existing Pitman (1980) and White (1975) expression in Equation 1.2 (

=

68e(−0.016×SSVI) ) and the Equation 1.2 can be re-written in the form of (ZSV0 )Ca and (K d )Ca=
parameter as follows:
(ZSV0 )Ca = 68(K d )Ca = e(−0.016 SSVICa)

(6.13)

The new SSVI expression (Equation 6.14) was obtained by substituting Equations 6.11 -6.13 into
Equation 6.3. Therefore, the new SSVI expression for calcium dosed activated sludge (Equation
6.14) was derived from substituting the compared (K d )Ca and (ZSV0 )Ca parameter calculated from
the redefined expression in Catunda et al. (1989) with the Pitman (1980) and White (1975)
v

expression in Equation 1.2 ( k0 = 68e(−0.016×SSVI) ) and substituting into the new calcium dosed
activated sludge model for settling velocity in Equation 6.3.
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𝐒𝐒𝐕𝐈𝐂𝐚 (𝐦𝐋/𝐠) = −ln [

( 68((K

d )Ca

ZSVCa
XCa )+((CK )Ca (DC )Ca XCa )

(C0 )Ca (DC )Ca
)
68(Kd )Ca ⁄

)−(

0.016]

(6.14)

The results of regression analysis for the impact of calcium dosing on SSVI using the experimental
data in the batch test conducted showed that all the coefficient of determination (R²) were close
to 1 (Figure 6.8). This suggests that the linearized expression in Equation 6.14 was suitable to
model the impact of calcium dosing on activated sludge settleability (SSVI) process.

6.2.6 Validation of Novel Model for Impact of Calcium Dosing on ZSV and SSVI
6.2.6.1 Novel ZSV Model
The heuristic expression used for derivation of the new model for calcium dosed sludge expressed
in Equation 6.3 (ZSVCa = ((C0 )Ca (DC )Ca + (ZSV0 )Ca )e−((Kd)Ca−(CK )Ca (DC )Ca)XCa ) and its linear
approximation (ln (ZSVCa ) = ln ((C0 )Ca (DC )Ca + (ZSV0 ) Ca ) − ((K d )Ca − (CK )Ca (DC )Ca )XCa ). The
experimental data of two batch (calcium) settling velocity test can be classified into two groups.
The first group (Figures 6.1 - 6.5) were used to develop the model while the second group (Tables
6.2 - 6.3, Figure 6.9 and Figure 6.10) are used to validate the model. The model was validated
using two approaches namely; solver optimisation tool and Minitab 17. Although the batch settling
test measurements revealed ZSV as a linear representation (sludge height as a function of time)
(Figure 6.1), on the contrary, a non-linear representation was observed in Figures 6.5-6.6,
showing ZSV and SSVI as a function of calcium dosing concentration. This also allows the
inclusion of a new calcium dosing parameter (DC )Ca in the existing Pitman (1980) and White (1975)
model reported in Equation 1.2 and Catunda et al. (1989) in Equation 4.6 and 4.7 which are both
in agreement with the Vesilind (1968) expression.
The solver optimisation tool and Minitab 17 were utilised to fit non-linear model data to actual
experimental data for calcium dosed sludge (Tables 6.2 - 6.3). Table 6.3 and Figures 6.9 - 6.10
shows a comparison of the experimental and predicted zone settling velocities using Equation
6.3. It was observed that the validation result is good enough and valid for calcium concentration
ranging from (0, 10, 20, 30, 40, 50, and 100mg/L). The non-linear fitting, interval plot, residual plot
and probability plot (Figure 6.9) further establishes the validity of the model using Minitab 17. The
probability plot creates estimated cumulative distribution function from calcium dosed sample data
by plotting the value of each observation against its estimated cumulative probability and a scale
transformation allows the fitted distribution to form a straight line.
A good distribution fit is one where the observations are near the fitted line. The data in Figure
6.9 are near the fitted line hence it indicates a good distribution fit between the model and
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experimental data. The residual shows how far the model data from the experimental data is and
the residual plot in Figure 6.9 shows a good fit. The coefficient of determination (R²) was 0.998 in
Table 6.2, shows that the difference between the observed experimental value and the model
predicted values are small and unbiased. The interval plot (Figure 6.9) shows that at 95 per cent
CI, the mean value of ZSV model and experimental is significant as the 95% confidence interval
bar do not overlap.
Table 6.2: Model Validation Minitab 17and Solver Optimisation Tool Result (Calcium)
Parameters
Estimated values
ZSV0
2.346
C0
0.0346
Kd
0.112
CK
-0.002
𝛼
0.05
2
𝑅
0.998
CI
95%
SSD
0.112
R²-R Squared, α-significance level, CI-Confidence Interval, SSD-sum of squared deviation
The solver optimisation tool allows the solver parameter to be set for the target objective of a
reduced sum of square deviation (SSD) value so that the model fits the experimental data. In
Table 6.2 and Figure 6.10, a significant SSD value of 0.112 was reported and it indicated the ZSV
model fits the actual ZSV value.

Figure 6.9. Non-Linear Fitting, Interval Plot, Residual Plot and Probability plot (Calcium)
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Table 6.3. ZSV experimental and ZSV model Comparison using Solver optimisation and Minitab
17 for Calcium Dosed Sludge (Sample number (N) =16; 2016-2017)
MLSS

ZSV

ZSV Model

Ca-Dosing

Standard

Squared

Squared

Residual

ZSV

Residual
(g/l)

(m/h)

(m/h)

(mg/L)

deviation

2.70

1.73

1.74

0.00

3.00 × 10−5

−5.25 × 10−3

3.00 × 10−5

2.99

2.80

1.84

1.86

10.00

4.30 × 10−4

−2.08 × 10−2

4.30 × 10−4

3.39

2.85

1.93

1.97

20.00

1.55 × 10−3

−3.93 × 10−2

1.55 × 10−3

3.72

2.92

2.05

2.05

30.00

2.00 × 10−5

4.01 × 10−3

2.00 × 10−5

4.20

3.00

2.20

2.09

40.00

1.14 × 10−2

1.07 × 10−1

1.14 × 10−2

4.84

3.05

2.30

2.13

50.00

2.88 × 10−5

1.70 × 10−1

2.88 × 10−2

5.29

3.25

1.90

2.09

100.00

3.74 × 10−2

−1.93 × 10−1

3.74 × 10−2

3.61

3.45

1.78

1.80

150.00

4.10 × 10−4

−2.03 × 10−2

4.10 × 10−4

3.17

3.00

1.70

1.68

0.00

4.80 × 10−4

2.20 × 10−2

4.80 × 10−4

2.89

3.10

1.75

1.79

10.00

1.48 × 10−3

−3.85 × 10−2

1.48 × 10−3

3.06

3.20

1.82

1.87

20.00

2.23 × 10−3

−4.72 × 10−2

2.23 × 10−3

3.31

3.30

1.90

1.92

30.00

2.60 × 10−4

−1.63 × 10−2

2.60 × 10−4

3.61

3.34

1.95

1.96

40.00

1.10 × 10−4

−1.07 × 10−2

1.10 × 10−4

3.80

3.40

2.01

1.93

50.00

1.07 × 10−3

3.28 × 10−2

1.07 × 10−3

4.04

3.60

1.80

1.88

100.00

5.71 × 10−3

−7.56 × 10−2

5.71 × 10−3

3.24

3.80

1.70

1.56

150.00

2.05 × 10−2

1.43 × 10−1

2.05 × 10−3

2.89

216 | P a g e

2.4

2.2

2.3

2.1

2.2
2.1

2.0

2.0

1.9

1.9

1.8

1.8

1.7

1.7

1.6

1.6

1.5

1.5

1.4

ZSV Model (m/h)

ZSV Experimental (m/h)

2.3

Impact of
Calcium Dosing
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Figure 6.10. Non-Linear Curve Fitting of Impact of Calcium on ZSV (The bars represent standard
deviation of the mean)
ZSVCa = (0.035 (DC )Ca + 2.346)e−(0.112+0.0020 (DC )Ca XCa )

(6.15)

The values of (C0 )Ca ; (ZSV0 )Ca ; (K d )Ca ; and (CK )Ca for calcium dosed sludge (Table 6.2) used
to validate the numerical model in Equation 6.15 are the same at different dosing concentration
(0, 10, 20, 30, 40, 50 and 100mg/L) and approximate to 0.035, 2.346, 0.112 and -0.002
respectively. Therefore, the new ZSV model for calcium dosed sludge is expressed as Equation
6.15.

6.2.7 Conclusion and practical relevance
The impact of calcium dosing on activated sludge settleability (ZSV and SSVI) was studied in
batch settling tests over a three-year period using a type 305 settlometer. The results showed
that ZSV increased while SSVI decreased with increasing dose of Ca2+. The best settleability
was achieved at 50mg/L dose of Ca2+. The improved settleability with increasing dose of Ca2+
was attributed to the improve bioaggregation of the activated sludge with dosing and through
EPS binding capacity to microbial cells through its bridging nature with calcium salt. The sludge
settleability started to decline between >50mg/L to 150mg/L dose concentrations. The decrease
in ZSV and increase in SSVI and hence decreased settleability at the higher dose concentrations
are attributed surface charge reversal linked to high calcium dosing rate and high surface charge
which is a function of weaker bonding between the various sludge floc fractions resulting to the
breakage of the general activated sludge floc. A new activated sludge settleability model was
proposed to analyse the effects of calcium dosing on activated sludge settleability indicators
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using the linear transformation of exponential functions to achieve replication of a non-linear
correlation between the calcium dosing concentrations and settleability indicators (ZSV and
SSVI). The new empirical model that describes the relationship between calcium dosing
concentration and the ZSV and SSVI, were further validated using non- linear parameterization.
The results showed that the settleability indicators of Ca2+ dosed sludges can be described by
the equations:

ZSVCa = (0.035 (DC )Ca + 2.346)e−(0.112+0.0020 (DC )Ca )XCa )
(C ) (D )
ZSVCa
) − ( 0 Ca C Ca )
68(K d )Ca ⁄
)Ca (DC )Ca XCa )
68((K
)
X
)
+
((C
d
Ca
Ca
K
SSVICa (mL/g) = −ln [
0.016]
(

The proposed new models showed a good fit to the experimental data up to a dose range of
50mg/L of Ca2+. The new model equations will find application in the water industry for the
modelling and optimization of Ca2+ dosed activated plants.
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Chapter Seven
The Impact of Chemical Dosing on Activated Sludge Digestibility
7.0 Research objectives and Activated Sludge Digestibility
Chemical phosphorus removal using salts of aluminium, ferric and calcium impact the physical
and chemical characteristics of activated sludge as mentioned in the literature review section 2.2.
Whilst numerous studies have been reported on the use of metal salts for the conditioning of
sludge and their effects on sludge treatment processes, Smith and Carliell-Marquet (2008, 2009)
have reported on the digestibility of Fe dosed sludge, with a reduced biogas production rate as a
result of Fe dosing. Also, various studies have reported the impact of calcium on activated sludge
digestibility (Section 1.1 and 2.2). Research on the effects of Al3+ salt on the digestibility of
activated sludge is limited in the literature. Hence, one of the broad objectives of this current study
is to evaluate the impact of chemical dosing (Al3+ and Fe3+) on experimental biogas production in
a laboratory scale anaerobic digester. This current study provides a comparative assessment of
the effects of Fe3+ and Al3+ on the digestibility of surplus activated sludge (SAS). This was carried
out in a locally fabricated laboratory anaerobic digester. The biogas volume production measured
as an indicator of activated sludge digestibility.

7.1 Impact of chemical dosing (Al3+ and Fe3+) on Activated sludge digestibility
7.1.1 Introduction
The generation of huge quantity of surplus activated sludge (SAS) is causing a serious problem
for wastewater treatment plant (WWTP) due to increasing SAS treatment and sludge disposal
cost which is resulting in serious environmental pollution (Wong et al. 2015). With the mandatory
effluent discharge consent for phosphate removal becoming tighter under the EU Water
Framework Directive, there is a growing demand for treatment plant upgrades to meet P consents
in WWTP effluents. Activated sludge process (ASP) is the most universally used technique for
municipal wastewater treatment (WWT) and is able to achieve higher P removal to levels of less
than 1mg/L (Ojo and Ifelebuegu 2019b). The two main processes for phosphorus removal are
biological phosphorus removal (BPR) and chemical phosphorus removal (CPR). Both processes
are used independently and, most times, in combination to achieve effluent consents for P. While
BPR is considered the most environmentally friendly option, it has its limitations, particularly, the
requirement for strong biological oxygen demand (BOD) in the influent wastewater.
Consequently, most WWTPs in Europe use CPR to achieve their effluent P consents using mainly
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ferric (Fe3+) and aluminium (Al3+) salts for precipitation of phosphorus (Ojo and Ifelebuegu 2019b;
Wilfert et al. 2015).
CPR has been reported to cause an increased volume of sludge between 37 and 97% (Yeoman
et al. 1988). Thus, the CPR processes are to likely impact downstream processes due to the
heavier load of metal salts used in the processes. The anaerobic digestion (AD) is a vital
downstream process in activated sludge plants (Sawatdeenarunat et al. 2015). The anaerobic
digestion process is a well-known technology that biologically treats and degrades organic
substrates in the absence of oxygen, the impact of which has been progressively increasing over
the last decade (Zhang et al. 2016; Romero-Güiza et al. 2016). The addition of coagulants (Al3+
and Fe3+) can adversely impact the AD process of the resultant sludges due to increased sludge
production. Sludge treatment and disposal accounts for nearly 60% of the entire running cost of
WWTPs (Zhou et al. 2014) and, therefore, there is a need to further comprehend the purpose of
process optimisation and cost savings.
There have been various reports on the use of metal salts for the conditioning of sludge and their
effects on sludge treatment processes (Zhang et al. 2016; Romero-Güiza et al. 2016; Niu et al.
2013; Zhou et al. 2014; Haandel and Lubbe 2012). Also, previous studies by Smith and CarliellMarquet (2008, 2009) have reported on the digestibility of Fe dosed sludge, with a reduced biogas
production rate as a result of Fe dosing. Research on the effects of Al3+ salt on the digestibility of
activated sludge is limited in the literature. This current study provides a comparative assessment
of the effects of Fe3+ and Al3+ on the digestibility of surplus activated sludge (SAS).

7.2 Results and discussion
The sludge digestibility was investigated in locally assembled laboratory biogas anaerobic
digesters (Figure 3.6-Chapter Three). The results obtained from the investigation on the impact
of aluminium and ferric on activated sludge digestibility was presented based on the effects of
aluminium (Al3+) and ferric (Fe3+) dosing on biogas production (7.2.1) and conclusion and practical
relevance (7.2.2).

7.2 Effects of Aluminium and Ferric Dosing on Biogas Production
The sludge digestibility was investigated in a laboratory-scale anaerobic digester (Figure 3.8). All
the test results reported in Table 7.1 and Figures 7.1 - 7.2 are the means and standard deviation
of three independent samples. The results as earlier reported (Ojo and Ifelebuegu 2019b),
showed that the mean cumulative biogas volumes produced for the undosed digested sludges
after the first sludge age (12 days) were 31.56 ± 2.3 and 34.91 ± 1.3mL, compared with the Al3+dosed sludge of 24.85 ± 1.3mL and Fe3+-dosed sludge of 22.46 ± 1.5mL, respectively. This
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indicates a 21.3% and 35.7% reduction in the biogas volume as a result of CPR using 100mg/L

Mean Cumulative Biogas Volume
(mL)

of Al3+ and Fe3+ respectively.
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Al-dosed
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Figure 7.1. The effects of Al3+dosed surplus activated sludge (SAS) for chemical phosphorus
removal (CPR) on the cumulative biogas generation in an anaerobic digester. Error bars represent

Mean Cummulative Biogas Volume
(mL)

the standard deviation (SD) of three independent replicates.
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Figure 7.2. The effects of Fe3+dosed surplus activated sludge (SAS) for chemical phosphorus
removal (CPR) on the cumulative biogas generation in an anaerobic digester. Error bars represent
the standard deviation (SD) of three independent replicates.
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Table 7.1. Cumulative biogas volume production for Aluminium and Ferric and Undosed SAS
after 12 days.
Cumulative biogas (mL) after

Fe3+Dosed SAS (Undosed)

Al3+Dosed SAS (Undosed)

12 days

22.46 ± 1.5 (34.91 ± 1.3)

24.85 ± 1.3 (31.56 ± 2.3)

% Biogas reduction

35.7%

21.3%

Reduced biogas production as a result of chemical phosphorus removal using ferric has been
previously reported (Smith and Carliell-Marquet 2009). Biogas reductions of 20% (Kindzierski and
Hrudey 1986; Yeoman et al., 1990), 21–32% (Dentel and Gossett 1982) and 32% (Johnson et al.
2003) were previously reported for mixed sludges. The current study showed a 19.65% and
35.16% reduction in the biogas volumes after CPR treatment with 100mg/L of Al3+ and Fe3+ salts
respectively. This is in agreement with the range of 20–50% reduction previously reported by
Ofverstrom et al. (2010). Although the previous studies were on mixed sludge, the current
research provides data on SAS and compares the biogas reduction effects of aluminium and ferric
salts. There was a clear indication that between the Al3+- and Fe3+-digested sludge, Fe3+ caused
an estimated 15.51% further reduction in biogas production compared with Al3+. Therefore, for
the purpose of CPR, Al3+-dosed sludge yields about 15.51% more biogas than Fe3+-dosed
activated sludge.

The reason for this high rate of biogas production in un-dosed sludge compared with the metal
(Al3+ and Fe3+) dosed sludges may be attributed to the increased availability of the substrate for
metabolism and possibly due to the microbial community in the seeded sludge being more
susceptible to breaking down un-dosed SAS compared with aluminium- and ferric-dosed SAS.
The reduced biogas production for the Al3+- and Fe3+ dosed sludges can also be due to the
substrates, such as proteins, that form the majority of the components in the sludge (SAS) being
tightly bound to the surface of the Al3+ dosed sludge precipitate and Fe3+ dosed sludge being
entangled within the sludge floc (Dentel and Gossett 1982). It has been suggested that the
reduction in biogas volume of Al3+ dosed sludge compared with un-dosed sludge may be due to
the time length of producing and hydrolysing the substrate (Angelidaki et al. 1999; Park et al.
2006). Further, the strong bond of proteins to aluminium may cause a reduction in the rate of
biogas production (Park et al. 2006). It has also been inferred that the biogas reduction may be
attributed to the reduced availability of microbial population to organics (Kindzierski and Hrudey
1986; Dentel and Gossett 1982).
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7.3.

Conclusion

The effects of chemical phosphorus removal using Al3+ and Fe3+ salts on activated sludge
digestibility in batch settling tests using a locally designed laboratory anaerobic digester were
investigated. The results demonstrated that the use of Al3+ and Fe3+ salts reduced the digestibility
of surplus activated sludge, with Al3+ salt having up to 15% less reduction effect compared with
Fe3+. Nevertheless, other findings made in current study was that there exist in terms of reduction
in the biogas volume, 15.51% savings in the impact of aluminium salt on biogas reduction volume
compared to utilising the ferric dosing in the SAS sample.
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Chapter Eight
The Impact of Chemical Dosing on Activated Sludge Dewaterability
8.0 Research objectives and Activated Sludge Dewaterability
The use of CPR impacts the rheology of activated sludge as have been reported in the previous
chapters. This is expected to also impact on the dewaterability of sludge. While most of these
studies focused on the effects of the use of conditioners when used for conditioning during sludge
treatment processes (Chapter Two-section 2.3), there has been limited research on the effects of
the chemicals used in the upstream activated sludge process for the precipitation of phosphorus
on the downstream dewatering process. Therefore, the fourth research objective of this work was
to investigate the impact of chemical dosing ferric, aluminium and calcium (Fe3+, Al3+ and Ca2+)
concentration on laboratory simulated dewaterability (CST) data using a new CST type 304B
suction device. The current study aims to investigate the effects of CPR on the dewaterability of
WWTP primary sludge and surplus activated sludge (SAS). The capillary suction time (CST) is
measured as an indicator of activated sludge dewaterability.

8.1 The Impact of Chemical Dosing Aluminium, Ferric and Calcium on Activated
sludge dewaterability
8.1.1 Introduction
Surplus activated sludge (SAS) is constantly been produced in large quantity which is a grave
problem for the operation of municipal and industrial wastewater treatment plants (WWTP) due
to high SAS treatment and disposal costs. Through, the required effluent discharge consent for
phosphate removal becoming stricter under the EU Water Framework Directive, there is a rising
demand for treatment works improvements to meet P consents in WWTP effluents. The activated
sludge process (ASP) is the most widely used technique for municipal wastewater treatment and
is able to achieve higher P removal to levels of less than 1mg/L (Ojo and Ifelebuegu 2019a). The
two main processes for phosphorus removal namely biological phosphorus removal (BPR) and
chemical phosphorus removal (CPR), and the limitation of BPR compared to CPR have been
already mentioned in section 7.1.1. Most WWTPs in Europe use CPR to achieve their effluent P
consents using mainly ferric (Fe3+), aluminium (Al3+) salts and calcium (Ca2+) for phosphorus
precipitation (Haandel and Lubbe 2012; Ojo and Ifelebuegu 2016).
Dewatering processes is one of the important downstream processes apart from the anaerobic
digestion (AD) reported in section 7.1.1. The dewatering of sludge is to reduce the sludge volume
by separating the water from the activated sludge (AS) solids (Niu et al. 2013). The addition of
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coagulants (Fe3+, Al3+ and Ca2+) can adversely impact the dewaterability of the resulting sludges
due to increased sludge production. Also, a huge amount of the excess sludge produced from
WWTP contains between 90-95% water which is initiating serious environmental pollution (Wong
et al. 2015; Liang et al. 2015). The treatment and disposal cost of SAS accounts for 60 % of the
total operating cost for a WWTP (Zhou et al. 2014). Thus, a better understanding of the dewatering
of sludge processes is required, for the purpose of process optimisation and cost savings.
Numerous factors have been reported to affect the dewaterability of activated sludge, including
surface chemistry (zeta potential) (Lee and Liu 2000); yield stress, which explains the sludge
rheological characteristics (Lotito et al. 1997); bound water content (Keiding et al. 2001) and
extracellular polymeric substances (EPS) content (Mowla et al. 2013). Some chemicals have
been researched as conditioners for the improvement of sludge dewaterability including chemical
coagulants such as aluminium sulphate, ferric chloride, calcium hydroxide, polyelectrolyte,
surfactants and enzymes (Ruiz-Hernando et al. 2013), acids and surfactants (Chen et al. 2001),
Fenton’s reagent pretreatment (Tony et al. 2008), calcined aluminium salt and potassium ferrate
(Ye et al. 2012). While most of these studies focused on the effects of the use of these
conditioners when used for conditioning during sludge treatment processes, there has been
limited research on the effects of the chemicals used in the upstream activated sludge process
for the precipitation of phosphorus on the downstream dewatering process. The aim of this current
study is to investigate the effects of CPR (Fe3+, Al3+ and Ca2+) on the dewaterability of WWTP
primary sludge and secondary sludge (surplus activated sludge(SAS)).

8.2

Results and discussion

The capillary suction time (CST) are globally used dewaterability parameters for monitoring
sludge dewaterability. The CST test estimates the filtration rate in terms of time for free water to
pass between two electrodes using a filter paper as the medium (Scholz 2005; Sawalha and
Scholz 2010). Wong et al. (2015); Wakeman (2007) and Feng et al. (2009) stated that longer
CST indicates poor sludge dewaterability while shorter CST indicates good sludge dewaterability.
The sludge digestibility was investigated using a new standard Triton UK-Type 304B capillary
suction time (CST) device (Essex, UK) (Triton Limited 2018a), equipped with a 18mm reservoir
resting on a standard Whatman No.17 grade chromatography paper (Figure 3.9-Chapter Three).
The results obtained from the investigation on the impact of aluminium, ferric and calcium on
activated sludge dewaterability was presented based on the effects of ferric (Fe3+), aluminium
(Al3+) and calcium (Ca2+) dosing on activated sludge dewaterability using two different sludge
namely primary sludge and surplus activated sludge (SAS) (secondary sludge) respectively
(8.2.1) and conclusion and practical relevance (8.2.2).
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8.2.1 Effects of Aluminium, Ferric and Calcium Dosing on Sludge Dewaterability
The results of the sludge dewaterability (mean CST) for Fe3+, Al3+ and Ca2+ dosed primary sludge
and secondary sludge at concentrations of 0, 20, 30, 40 and 50mg/L for the batch tests (1 and 2)
using an 18-mm reservoir are summarised in Tables 8.1 and 8.2. All test results reported in Tables
8.1 and 8.2 are the means and standard deviation of three independent primary and secondary
sludge samples. In previous studies by Ojo and Ifelebuegu (2019b), result showed that the mean
CST reduced with the increasing concentration of Fe3+, Al3+ and Ca2+ doses (20, 30, 40 and
50mg/L) in primary sludge, while mean CST increased with the increasing concentration of Fe3+,
Al3+ and Ca2+ doses (20, 30, 40 and 50mg/L) in secondary sludge. Shorter CST indicates good
dewaterability, while longer CST signifies poor dewaterability (Wong et al. 2015; Feng et al. 2009).

The chemically dosed primary sludges showed reduced CST (better dewaterability) compared
with the undosed sludge. The CST decreased with increasing doses of Fe3+, Al3+ and Ca2+. As
can be seen in Table 8.1, there was a 25.1%, 16.2% and 26.77% improvement in the rate of
dewaterability of primary sludge at 50mg/L CPR doses of Fe3+, Al3+ and Ca2+ salts respectively.
This indicates that CPR, by a pre-precipitation method where phosphorus is precipitated out in
the primary sedimentation tank, would be more beneficial for enhancing sludge dewaterability.
The observed CST reduction for the primary sludge following the CPR may be due to the ability
of multivalent (Fe3+ and Al3+ salts) and divalent (Ca2+) coagulants to interact with the microbial
clusters and break the EPS structure bound with water (Laspidou and Rittman 2002; Nelson et
al. 1998). This could also be due to the neutralisation of the negative charge on the sludge floc
since the EPS is negatively charged and responsible for an increased surface charge of microbial
aggregates which causes decreased settleability and flocculability of microbial clusters (Liu et al.
2007; Liu et al. 2010).
Table 8.1. Mean and standard deviation data of capillary suction time (CST) and CST reduction
efficiency for undosed and Aluminium, Ferric and Calcium coagulant dosed primary sludges
Coagulant

CST (s)

% CST Reduction

Concentration

Fe3+

Al3+

Ca2+

Fe3+

Al3+

Ca2+

0

18.0 ± 3.04

18.0 ± 3.04

18.0 ± 3.04

-

-

-

20

16.26 ± 2.22

16.83 ± 3.95

15.92 ± 1.55

9.67

6.50

11.52

30

15.29 ± 1.77

16.24 ± 4.54

14.93 ± 2.36

15.10

9.75

17.00

40

14.39 ± 1.84

15.66 ± 5.18

14.03 ± 1.36

20.10

13.00 22.10

50

13.49 ± 2.18

15.07 ± 5.86

13.18 ± 1.68

25.10

16.25 26.77

(mg/L)
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However, the neutralisation effect of increasing chemical dosing (Fe3+, Al3+ and Ca2+) on the
primary sludge will improve dewaterability with a shorter CST value. This is due to reduced
repulsive forces between the sludge flocs and release of bound water to the sludge floc matrix
(Vaxelaire and Cezac 2004; Wu et al. 1997). It was mentioned that surface charge chemistry and
disruption of the EPS structure are responsible for shorter CST (Li et al. 2005; Dursun et al. 2006).
The observed shorter CST reported in the primary sludge could also be due to polymer bridging
(Higgins et al. 2006) resulting in the destabilisation of colloidal particles present in sludge floc.
Therefore, in the current study, it can be concluded that the reduced CST, as a function of the
impact of chemical dosing (Fe3+, Al3+ and Ca2+) on the primary sludge, improved dewaterability
due to the surface charge chemistry and disruption of the sturdy EPS structure bound with water.

Furthermore, the result of CST reduction efficiency for aluminium, ferric and calcium on primary
sludge is in agreement with CST reduction of 88 per cent (35s to 15.5s) at an optimum dosing of
2gFe/l ( Wong et al. 2015), 31.4% to 50.7% at 500mg Zero Valent Iron (ZVI)/L (Zhao and Bache
2014), 47% to 48.6% using classical Fenton oxidation process (Tony et al. 2009; Buyukkamaci
2004) 69.88% (8.5s*l/g to 2.56s*l/g) at an optimum dosing of 0.05gAl/gTSS (Cao et al. 2016),
25.16% (60.8 to 45.5s) at 20V electrolysis voltage (Yuan et al. 2011) and 95% using cationic
polyelectrolyte organic additive (Buyukkamaci and Kucukselek 2007) reported by previous
researchers. Further support was given to these CST result by other investigators that shorter
CST indicates good dewaterability while longer CST depicts poor dewaterability (Feng et al. 2009;
Wakeman 2007).
In contrast, the results of the sludge dewaterability (mean CST) for Fe 3+, Al3+ and Ca2+ dosed
secondary sludge (SAS) at a concentration of 0, 20, 30, 40 and 50mg/L using an 18-mm reservoir
are presented in Table 8.2. From the results, it was observed that the mean CST increased with
the increasing concentration of ferric, aluminium and calcium (20, 30, 40 and 50 mg/L). At 50
mg/L of Fe3+, Al3+ and Ca2+ CPR doses, 63.82%, 72.96% and 52.56% reductions in SAS
dewaterability (increased CST values) were respectively observed, indicating that if CPR is
applied by co-precipitation in activated sludge plants using these salts, there will be a significant
reduction in the dewaterability rates of the resultant SAS. The observed behaviour may be due to
the interaction between the multivalent coagulants (Fe3+, Al3+ and Ca2+) and higher EPS content,
which has a tendency to limit the flocculating and settleability ability of microbial clusters (Liu et
al. 2010).

227 | P a g e

Table 8.2. Mean and standard deviation data of CST for undosed and dosed sludge surplus
activated sludges.
Coagulant

CST (s)

% CST Increase

Concentration (mg/L)

Fe3+

Al3+

Ca2+

Fe3+

Al3+

Ca2+

0

33.17 ± 2.04

33.17 ± 2.04

33.17 ± 2.04

-

-

-

20

43.7 ± 1.76

47.97 ± 1.37

37.13 ± 1.46

31.75 44.62 11.96

30

47.91 ± 2.77

52.49 ± 0.71

41.11 ± 1.61

44.46 58.26 23.95

40

51.23 ± 4.87

55.57 ± 2.56

46.37 ± 2.85

54.47 67.54 39.80

50

54.33 ± 4.87

57.37 ± 5.60

50.60 ± 2.21

63.82 72.96 52.56

This limitation will further cause the water retention capacity and quantity of bound water in the
EPS to rise and, hence, restricts the outflow of interstitial water from the sludge floc pore spaces
(Chen et al. 2001; Houghton et al. 2001). Another probable reason may be due to the reduction
and solubility of coagulants (Fe3+, Al3+ and Ca2+), causing protein to enter into the solution and a
fragile connection between the protein structure and the sludge floc, which may limit
dewaterability improvement (Novak et al. 2001). Also, it may be due to increased resistance and
binding from the sludge floc (Neyens and Baeyens 2003).

8.3.

Conclusion

The effects of chemical phosphorus removal using Fe3+, Al3+ and Ca2+ on activated sludge
dewaterability in batch settling test using a new CST type 304B suction device were investigated.
The results demonstrated that the use of Fe3+, Al3+ and Ca2+ salts improved the dewaterability of
primary sludge by 25%, 16% and 26% but significantly reduced the dewaterability of SAS by 64%,
73% and 53% respectively. The results demonstrated that using Fe3+, Al3+ and Ca2+ salts in the
CPR process will improve the dewaterability of primary sludge but decrease the dewaterability of
SAS. It can therefore be inferred that for the purpose of optimising the dewaterability of activated
sludge, a pre-precipitation process where phosphorus is removed in the primary tank would be
more ideal during the CPR process.
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Chapter Nine
Conclusion and Perspective
9.1 General Conclusion
The impact of metal salts (Al3+, Fe3+ and Ca2+) dosing on activated sludge settleability (ZSV and
SSVI) was studied in batch settling tests using MLSS from a full-scale WWTP over a three year’
period using a type 305 settlometer.The effects of the chemical dosing on the dewaterability and
digestibility of activated sludge was also investigated. The results showed that ZSV increased
while SSVI decreased with increasing dose of Al3+, Fe3+ and Ca2+. The best settleability was
achieved at 50mg/L dose of Al3+, Fe3+ and Ca2+. The improved settleability with increasing dose
of Al3+, Fe3+ and Ca2+ was attributed to the improve bioaggregation of the activated sludge with
dosing and through EPS binding capacity to microbial cells through its bridging nature with
aluminium, ferric and calcium. The sludge settleability started to decline between > 50mg/L to
150mg/L dose concentration for aluminium, ferric and calcium salts. The decrease in ZSV and
increase in SSVI and hence decreased settleability at the higher dose concentrations are
attributed to surface charge reversal linked to high aluminium, ferric and calcium dosing rate and
high surface charge which is a function of weaker bonding between the various sludge floc
fractions resulting to the breakage of the general activated sludge floc.
The experimental data collected over three years from a full-scale activated sludge plant was
further used to propose a new activated sludge settleability model to analyse the effects of
aluminium, ferric and calcium dosing on activated sludge settleability indicators using the linear
transformation of exponential functions to achieve replication of a non-linear relationship between
the aluminium, ferric and calcium dosing concentrations and settleability indicators (ZSV and
SSVI). The following conclusions were drawn;
 ZSV increased while SSVI decreased with increasing aluminium, ferric and calcium
concentration for concentration range of 0 to <100mg/L Al3+, Fe3+ and Ca2+. High surface
charges associated with higher concentrations of Al3+, Fe3+ and Ca2+ causes a general
disintegration of the activated sludge floc structure.
 This will result to the Al3+, Fe3+ and Ca2+ dosed sludge not fitting the proposed equation
at concentrations higher than the stated range (0 to <100mg/L Al3+, Fe3+ and Ca2+).
 The ZSV for an aluminium, ferric and calcium dosed sludge could be described by the
expressions taking into account the Al3+ , Fe3+ and Ca2+ dosing concentrations;
ZSVAl = ((0.026 (DC )Al + 1.377)e−0.020+0.0023(DC )Al XAl )
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ZSVFe = ((0.0089 (DC )Fe + 0.740)e−0.290+0.0025

(DC )Fe XFe

)

ZSVCa = (0.035 (DC )Ca + 2.346)e−(0.112+0.0020 (DC )Ca XCa )
Similarly, the results of regression analysis for the impact of Al3+, Fe3+ and Ca2+ dosing on SSVI
using the experimental data in the batch test conducted showed that the coefficient of
determination (R2) was close to 1 (0.986) and could be expressed as:
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The proposed new models showed a good fit to the experimental data up to a dose range of
50mg/L of Al3+, Fe3+ and Ca2+. The new model equations will find application in the water industry
for the modelling and optimisation of Al3+, Fe3+ and Ca2+ dosed activated plants.
The data collected over three years from a full-scale activated sludge plant was further used to
investigate the effects of chemical phosphorus removal using Fe3+, Al3+ and Ca2+ salts on
activated sludge digestibility in batch settling tests using a locally designed laboratory anaerobic
digester and activated sludge dewaterability using a new CST type 304B suction device were
investigated. The following conclusions were drawn;
 The use of Fe3+ and Al3+ salts reduced the digestibility of surplus activated sludge, with
Al3+ salt having up to 15% less reduction effect compared with Fe3+.
 The high rate of biogas production in un-dosed sludge compared to treatment (Al3+ and
Fe3+-dosed) may be attributed to increased availability of the substrate for metabolism and
possibly due to the microbial community in the seeded sludge been more susceptible to
breaking down un-dosed surplus activated sludge (SAS) compared to aluminium and
ferric dosed SAS.
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 Also, Fe3+, Al3+ and Ca2+ salts improved the dewaterability of primary sludge by 25%, 16%
and 26% but significantly reduced the dewaterability of SAS by 64%, 73% and 53%,
respectively.
 The reason for CST reduction in primary sludge is due to surface chemistry and disruption
of EPS structure causing the release of interstitial water into surrounding sludge matrix
through the interaction between multivalent and divalent ions (Al3+, Fe3+ and Ca2+) and
sludge particles.
 The CST increase in secondary sludge is due to the interaction of multivalent coagulant
(Al3+ and Fe3+) and divalent ion (Ca2+) with higher EPS content limiting the outflow of
interstitial water from the sludge floc pore spaces.
The results demonstrated that using Fe3+, Al3+ and Ca2+ salts in the CPR process will improve the
dewaterability of primary sludge but decrease the dewaterability of SAS. It can therefore be
inferred that for the purpose of optimising the dewaterability of activated sludge, a preprecipitation process where phosphorus is removed in the primary tank would be more ideal
during the CPR process. Nevertheless, other findings made in current study was that there exist
in terms of reduction in the biogas volume, a 15.51% saving in the impact of Al3+ on biogas
reduction volume compared to utilising the Fe3+ dosing in the SAS sample.

9.2 Implications of the empirical relationship of Zone Setling Velocity (ZSV) and
Stirred Sludge Volume Index (SSVI)
Although, some theoretical and practical implication of the empirical relationship of ZSV and SSVI
has been discussed in section 2.1.4 and 2.1.5 and also in section 4.2.3. However, it was reported
that activated sludge process (ASP) is the most widely used process for wastewater treatment
(François et al. 2016). It was also added that the effluent quality is largely affected by the solidliquid separation in the ASP (Wilfert et al. 2015). The solid-liquid separation depends on both
sludge biological flocculation (Bio-flocculation) and activated sludge settleability. Liao et al. (2001)
already affirmed that 70-90% of final sedimentation tanks (FST) have faced solid-liquid separation
problem. Jin et al. (2003) have also reported two main causes of poorly activated sludge
settleability namely; filamentous bulking sludge (proliferation of filamentous bacteria) and bulking
sludge due to poor flocculation properties such as small or light floc formation. Large and strong
flocs are desirable for good settleability and compactibility of activated sludge. Wen et al. (2015)
reported that one of the most common solutions to the poor biological flocculation performance
of ASP is the dosing of flocculants and coagulants. This will not just enhance the agglomeration
of active sludge flocs but will also impact on chemical phosphorus removal (CPR). The
phosphorus (P) removal will reduce the effect of eutrophication in ASPs. The solid components
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of an activated sludge is made up of small sludge particles with large number of negative surface
charges (Jin et al. 2003). The presence of electrical double layer (EDL) will further cause repulsion
of these negatve adjacent sludge particles in the activated sludge system which hinders
bioflocculation in FSTs (Lui et al. 2017). Sedimentation has been reported to be one of the most
vital process that determines the performance of ASP (Li and Strenstrom 2014a). The driving
force that will enhance the activated sludge sedimentation processes are the trivalent and divalent
cations (aluminium, ferric and calcium). These metal ions have the ability to destroy the EDL and
improve bio-flocculation by agglomeration of dispersed sludge particles in the ASP (Higgins and
Sobeck 2004,2002). The multivalent cations bind different entities in the sludge flocs by bridging
of the negatively charged functional group present on the biopolymers (extracellular polymeric
substances-EPS) that make up the microorganism used in the ASP.
Dick and Vesilind (1969) have reported the shortcomings of sludge volume index (SVI) as it failed
to relate the initial settling velocity of activated sludge. Therefore, the SVI will vary with both the
sludge volume and concentration. However, White (1975) reported that the limitations of SVI were
addressed when the water research council (WRc) proposed the stirred sludge volume index
(SSVI) to replicate an ideal situation in the FST. Whilst the SVI is measured under complete
quiescence, the SSVI was evaluated using a test device fitted with a low speed stirrer rotating at
one revolution per minute (1rpm). The evaluation of zone settling velocity (ZSV) is vital in both
the design and modelling of FSTs (Ojo and Ifelebuegu 2019a). The ZSV is a key sludge
settleability parameter to evaluate the sludge settling properties, since it determines the extent to
which a FST can be loaded during wastewater treatment. The ZSV approach allows settling
velocities to be evaluated over a range of activated sludge concentrations (X) to estimate the rate
of zone settling in the settling column where flocs are in proximity to each other. The resultant
ZSV values are then used to regulate various models relating the settling velocity and solids
concentration. The simulation and control of settling in final settling tanks (FST) in wastewater
treatment depends on calibrated models (Bürger et al. 2018). Model validation in this current
study will help to evaluate whether or not the proposed new mathematical model describes
properly the settling characteristics of Al3+,Fe3+ and Ca2+ sludge. The approach is to check
whether the new model fits the experimental batch test results.
The effect of aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+), dosing on activated sludge
settleability indicators; zone settling velocity (ZSV) and stirred specific volume index (SSVI) were
examined in laboratory-based batch settleability tests over a three year period using a type 305
settlometer. The experimental data revealed that ZSV increased with increasing dose of
aluminium, ferric and calcium salts as SSVI decreased with the highest changes obtained at a
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dose rate of 50mg/L dose of aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+). The improved
settleability with increasing dose of Al3+, Fe3+ and Ca2+ was attributed to the improved
bioaggregation of the activated sludge with dosing and through EPS binding ability to aggregates
cells through its bridging nature with aluminium, ferric and calcium salts. The sludge settleability
started to decline between >50mg/L to 150mg/L dose concentrations (aluminium, ferric and
calcium). The decrease in ZSV and increase in SSVI and hence decreased settleability at the
higher dose concentrations (Al3+,Fe3+ and Ca2+) are attributed to surface charge reversal linked
to high aluminium, ferric and calcium dosing rate and high surface charge which is a function of
weaker bonding between the various sludge ﬂoc fractions resulting to the breakage of the general
activated sludge ﬂoc. The implication is that the wastewater sample was from a facility that treats
both municipal and industrial wastewater. The wastewater treatment plant (WWTP) is not a
chemically dosed plant and therefore the chemical dosing was done on a laboratory-scale basis.
Grady et al. (1999) and Park et al. (2006) have reported that activated sludge from industrial
origins exhibits poor bio-flocculation compared to domestic origin because of the absence of
wastewater EPS. Based on the result in this current study, the sampled WWTP with no influent
aluminium, ferric and calcium dosing concentration, with addition of a dose rate of 50mg/L dose
of aluminium (Al3+), ferric (Fe3+) and calcium (Ca2+) should improve bio-flocculation characteristics
and overall should lead to substantial optimisation of the WWTP operation. Nevertheless, the
proposed new activated sludge settleability models for aluminium, ferric and calcium dosed
activated sludge showed a good fit to the experimental data up to 50mg/L dose of Al3+, Fe3+ and
Ca2+. The new model equations will find application in the water and wastewater industry for the
modelling and optimisation of Al3+, Fe3+ and Ca2+dosed activated sludge plants.

9.3 Further Research
The current study has shown that the external factors of final sedimentation tank (FST) affects
the efficiency of the activated sludge plant. The role of inorganic coagulant (Aluminium, Ferric and
Calcium salt) in activated sludge settleability has been covered. Further investigation will be
required to evaluate how the internal hydrodynamic behaviour of FST impacts chemically dosed
(Al3+, Fe3+ and Ca2+ ) activated sludge settleability using Computational Fluid Dynamics (CFD)
software. Further still, investigation on the impact of other chemicals like the inorganic coagulants
(Poly-Aluminium-Chloride; PAC), and organic polymers (Polyacrylamide-PAM) on activated
sludge settleability using CFD can be explored.
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Appendices
Appendix A- Determination of discrete settling velocity for a spherical discrete particle
The settling velocity of discrete particles (𝑉𝑠 ) obeys stokes law and it is used to determine the
settling velocity of discrete particles (Tebutt 1998 and Cassey 1992). The settling velocity (𝑉𝑠 ) is
evaluated as follows:
Step 1
If a particle was suspended in water, it will initially have two forces acting upon it namely; force of
gravity and buoyant force. This is expressed in Equation (1.0 and 2.0) respectively.
𝐹𝐺 = 𝜌𝑝 𝑔 𝑉𝑃

(1.0)

Where,
g = Gravitational constant (m/s²)
𝑉𝑃 = Volume of particle (m³)
𝜌𝑃 = Density of particle (kg/m³)
(𝐹𝐺 ) = Force of gravity
𝐹𝐵 = 𝜌𝑤 𝑔 𝑉𝑝

(2.0)

Where,
𝜌𝑤 = density of water (kg/m³)
𝑉𝑃 = volume of Particle (m³)
(𝐹𝐵 ) = Buoyant force
Step2
Since these forces (i.e. 𝐹𝐺 and 𝐹𝐵 ) are in opposite direction there will be no net force when 𝜌𝑝 =
𝜌𝑤 and no acceleration of the Particle in the relation to the water will occur. However, if the density
of the Particle (𝜌𝑝 ) differs from that of the water (𝜌𝑤 ), a net force (𝐹𝑁𝑒𝑡 ) will be exerted and the
Particle will accelerate in the direction of the force (Peavy 1985).
Thus,
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𝐹𝑁𝑒𝑡 = 𝐹𝐺 − 𝐹𝐵
𝐹𝑁𝐸𝑇 = (𝜌𝑃− 𝜌𝑊 )𝑉𝑃 𝑔

(3.0)

Hence,
The net force (𝐹𝑁𝐸𝑇 ) becomes the driving force for acceleration. However, since motion has been
initiated by 𝐹𝑁𝐸𝑇 ,then a third force will result due to viscous friction. This force is called the Drag
force (𝐹𝐷 ), which is quantified by dimensional analysis (Equation 4.0)
𝐹𝐷 = 𝐶𝐷 𝐴𝑃 𝜌𝑊

𝑉𝑆 ²⁄
2

(4.0)

Where,
𝐶𝐷 = Newton’s Drag coefficient
𝐴𝑃 = Cross-sectional area of Particle Perpendicular to the direction of movement (m²)
𝑉𝑆 = Settling Velocity of Particle (m/s)
However, because the Drag force (𝐹𝐷 ) acts in the opposite direction to the driving force (𝐹𝑁𝐸𝑇 )
and increases as the square of the velocity, acceleration occur at a decreasing rate until a steady
velocity (terminal velocity) is reached at the point where 𝐹𝐷 equals 𝐹𝑁𝐸𝑇 (Equation 5.0).
Hence,
𝐹𝑁𝐸𝑇 = 𝐹𝐷
𝑉𝑆 ²⁄
2

(5.0)

𝑉𝑆 ² = 2𝑔 𝑉𝑃 ( 𝜌𝑃 − 𝜌𝑊 ) \ 𝐶𝐷 𝐴𝑃 𝜌𝑊

(6.0)

( 𝜌𝑃 − 𝜌𝑊 ) g𝑉𝑃 = 𝐶𝐷 𝐴𝑃 𝜌𝑊
But from Eqn 5.0,

But,
For spherical particle,
𝑉𝑝 =

4
3

𝜋𝑟³

(7.0)

𝐴 = 𝜋𝑟 2

(8.0)

r = d/2

(9.0)

Where
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∅= diameter of Particle
r = radius of particle
Substitute Equation 7.0, 8.0 and 9.0 into Equation 6.0 then Equation 10.0 holds as follows:
𝑉𝑆 ² =

4
3

𝑔 ( 𝜌𝑃 − 𝜌𝑊 ) 𝑑\ 𝐶𝐷 𝜌𝑊

(10.0)

However, 𝐶𝐷 changes with the characteristics of different flow regimes’ (Peavy 1985). Hence for
laminar flow, transitional, and turbulent flow, the values of 𝐶𝐷 are expressed in Equation 11.0,
12.0 and 13.0 respectively.
Laminar flow: 𝐶𝐷 = 24⁄𝑅𝑒

(11.0)

Transitional flow: 𝐶𝐷 = 24⁄𝑅𝑒 + 3⁄
+ 0.34
√𝑅𝑒

(12.0)

Turbulent flow: CD = 0.4

(13.0)

Where,
Re = Reynolds number
But,
Laminar flow: Re ≤ 1
Transitional flow: Re > 104
Turbulent flow: Re ≤ 1 ≤ 104
However, According to Tebbutt (1998) in sedimentation, the reynoulds number (Re ) can be
expressed in Equation 14.0
𝑅𝑒 = 𝑉𝑆 ∅\𝜗

(14.0)

Where,
𝜗 = coefficient of Kinematic Velocity (kg/m/s)
Substitute Equation 11.0 and Equation 14.0 into Equation 10.0 and Equation 15.0 is realised.
𝑉𝑆 = ( 𝜌𝑃 − 𝜌𝑊 ) 𝑔∅²\ 18 𝜌𝑤 𝜗

(15.0)

But,
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Specific gravity of Particle (𝑆𝑃 ) =

𝜌𝑃
⁄𝜌𝑊

(16.0)

Substitute Equation 16.0 into Equation 15.0 and Equation 17.0 is obtained.
𝑉𝑆 = ( 𝑆𝑃 − 1) 𝑔∅²\ 18 𝜗

(17.0)

Equationn 17.0 known as stokes law for laminar flow. Therefore type-1 settlement analysis is
based on the classic laws of sedimentation formed by Newton and stokes.
Equation 17.0 can be re-written in relation to dynamic viscosity (𝜇) since kinematic viscosity is
dynamic viscosity divided by density of water ( 𝜇/𝜌).
𝑉𝑆 = ( 𝜌𝑃 − 𝜌𝑊 ) 𝑔∅²\ 18𝜇
But,
Stokes law for turbulent flow holds by substituting Equation 13.0 and Equation 16.0 into Equation
10.0 and Equation 18.0 is realised as the stokes law for turbulent flow.
𝑉𝑆 = √3.3 𝑔 ( 𝑆𝑃 − 1) =√3.3g ( 𝜌𝑃 − 𝜌𝑊 )/ 𝜌𝑤

(18.0)

However, under quiescent conditions discrete Particle settles out at their terminal velocity, which
will remain constant provided the fluid temperature does not alter. The knowledge of this velocity
is fundamental in the design of sedimentation tanks and in evaluation of their performance.
Therefore a sedimentation tank is designed to remove all particles that have a terminal velocity
(Vs) equal to or greater than (>) Vs. The selection of 𝑉𝑆 depends on the specific function of the
tank and on the Physical characteristics of the Particle to be removed (Gray 2010). The rate at
which clarified wastewater is produced (𝑄 / ) in sedimentation tank can be expressed as Equation
19.0:
𝑄 / = 𝑉𝑆 A

(19.0)

Where,
Vs = the terminal Velocity or settling velocity of Particle (m/s)
A = the surface area of the settling chamber (m²)
Therefore, in theory, the rate of clarification by type1 settlement is independent of depth (h). The
Surface overflow rate (SOR) or surface loading (SL) which is the average daily flow in cubic
meters per day (m³/d) divided by the total surface area of the sedimentation tank in square
297 | P a g e

meters(m²), (i.e.𝑄 / ⁄𝐴). This in equivalent to the terminal settling velocity (Vs) is the basis of
sedimentation tank design. However, the modern sedimentation tanks are operated in a
continuous – flow basis. Therefore the hydraulic Retention Time (HRT) of the tank should be long
enough to ensure that all Particles with the desired velocity (Vs) would settle to the bottom of tank
(Gray 2010) and the relation for HRT is provided in Equation 20.0.
HRT = (tank volume/influent flow) = 24𝑉⁄𝑄

(20.0)

Where,
V = Tank Volume (m³)
Q = Influent (m³/day)
In this case, the depth of sedimentation tank was taken as the water depth at the side wall
measured from the tank bottom to the top of the overflow weir. However, this excludes the
additional depth resulting from the slightly sloping bottom in both rectangular and circular
sedimentation tanks. The relation between the terminal velocity (Vs) and the HRT can be
expressed as Equation 21.0:
𝑉𝑠 =

𝐷
𝐻𝑅𝑇

(21.0)

Where,
D= Depth (m)
Nonetheless, according to Cassey (1992), stokes law suffers from certain limitations which
includes; shapes of particle not always spherical in real practice, liquid may not be at rest , All
particles may not be discrete, stokes law is valid only often Re≤ 1.0 and fluid temperature may
not be consistent.
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Appendix B- Activated Sludge Sampling Schedule for Settleability, Digestibility and
Dewaterability test (Sampling Location: Minworth Wastewater treatment plant (WWTP)
Appendix B1: Activated Sludge Settleability Batch Test Schedule
Batch test (Date) for Activated sludge settleability
Aluminium

Ferric

Calcium

Batch 1 (7th November 2014)

Batch 1 (7th November 2014)

Batch 1 (5th December 2014)

Batch 2 (4th December 2014)

Batch 2 (15th November 2014) Batch 2 (2nd June 2016)

Batch 3 (9th December 2014)

Batch 3 (1st March 2016)

Batch 4 (1st March 2016)

Sampling Location: Minworth Wastewater treatment plant
(WWTP)

Batch 5 ( 2nd June 2016)
Appendix B2: Activated Sludge Digestibility Batch Test Schedule
Batch test (Date) for Activated sludge digestibility (12days)
Aluminium

Ferric

Batch 1 (1st June 2016 to 16th June 2016)

Batch 1 (11th April 2016 to 26th April 2016)

Batch 2 (17th June 2016 to 4th July 2016)

Batch 2 (27th April 2016 to 12th May 2016)

Batch 3 (5th July 2016 to 21st July 2016)

Batch 3 (13th May 2016 to 30th May 2016)

Appendix B3: Activated Sludge Dewaterability Batch Test Schedule
Batch test (Date) for Activated sludge dewaterability
Aluminium

Ferric

Calcium

Batch1 (16th February 2016)

Batch1 (16th February 2016)

Batch1 (16th February 2016)

(Primary sludge)

(Primary sludge)

(Primary sludge)

Batch 2 (17th February 2016)

Batch 2(17th February 2016)

Batch 2 (17th February 2016)

(Secondary sludge)

(Secondary sludge)

(Secondary sludge)
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Appendix C-Tables of the factors that influence precision of laboratory Iron dosed sludge and its past research Evaluation
Table C1: The Factors that influence precision of laboratory Iron dosed sludge (Smith and Carliell-Marquet 2009)
S/N Factor

1

Solids
concentration

Evaluation
Typical total solid concentration in an activated sludge basin was 3.5g/l. The total solid
concentration of return activated sludge (RAS) is greater.

Control procedures
Mix RAS with Settled Sewage in the correct
proportion to produce a TS
concentration of 3.5 g/l.

In co-precipitation Fe is dosed directly into the activated sludge basin where the
2

Activity of
biomass

biomass is ‘active’ due to the input of fresh settled sludge. The activated sludge collected
and stored for use in a laboratory has reduced activity and thus reactions
that occur are not representative of those during full-scale operation.

3

Quantity of Fe
needed

4

Type of Fe

Dosing ratios of Fe: P is typically between 1.5:1 and 3:1. P-concentrations in Fe- dosed
activated sludge are approximately 40 mg/g total solid (TS).

The addition of Settled Sewage to the RAS in a
ratio of 70:30 approximately would produce an
‘active’ biomass for the duration of the
experiment.
Use a Fe: P molar ratio of 2:1. Aim for a total P
concentration (afterdosing) of 40 mg/gTS and
use this value to back-calculate amount of Fe
and P required.

Ferrous (Fe(II)) is cheaper and more efficient at removing P if pH and DO levels
Use FeSO4.7H2O. Keep pH > 7 and aerate well
are favourable (Thistleton et al., 2001).
P bound in the RAS solids is unavailable for reaction with Fe. However, P in the
5

P availability
Settled sewage is available for reaction.

Add additional P to the RAS: Settled Sewage
(SS) mixture to increase the P available to Fe,
bearing in mind the desired 40 mg P/g TS in the
final mixture.

The addition FeSO4 7H2O will reduce the pH. A pH of between 7 and 8
6

Balance of pH

is required for Fe(II) to oxidise to Fe(III) and react with the available P

During Fe addition, add drops 6 N NaOH to the
mixture to maintain pH > 7.

(Thistleton et al., 2001).
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In order for the Fe (II) to oxidise to ferric (Fe (III)), oxygen is needed. Typical DO
7

Oxygen
availability

levels in an activated sludge plant (ASP) are between 0.1 and 2.5 mg/g. Excessive oxygen
will destroy the floc structure, while Inadequate oxygen and the RAS:Settled Sewage(SS)
will become anoxic and the Fe will not oxidise or react with the P.

Fe:P

P and Fe need to be drip-fed to best simulate concentrations at full-scale ASP.

8

Aerate the system with diffused air (stones) and
monitor DO. Increase or decrease air flow
accordingly

Add 1 ml of Fe and P every 15 min for 7.5 h.
reaction speed

9

Maturation time

Reactions will continue to occur after the final addition of Fe and P.

Leave the mixture to mature overnight.

Table C2: Past research Evaluation of the Impact of CPR on AD (Smith and Carliell-Marquet 2009)
CPR Sludge
Primary dosed in lab with
Fe
Primary dosed in lab with
Fe and Al
Wastewater dosed in lab
with Ca, Fe or Al

AD Approach

Feedback

Analysis

Lab-scale Batch Test

50% of volatile solid looks indigestible

Poor digestion

Lab-scale Batch Test

Full-scale digester

with Al and Fe

continuous bench scale.

Raw sewage dosed in
lab with Al and Fe
Activated sludge dosed
in Lab with Al and Fe

decrease biogas volume and Fe-dosed = lower biogas

Less biogas

volume.
Lab-scale, semi-

with Al

Slower AD

Lime-dosage too high, high pH Increase, Al-dosed =

Wastewater dosed in lab
Primary dosed at WWTP

Volatile solid (VS) destruction was slower than control

Full-scale digester

Failure due to low pH
Overdose of Al (400 mg/l) Stable AD with 250 mg/l
dosage.

Lab-scale Batch Test and

Decrease CH4 /VS fed. Decrease biogas/COD fed

semi-continuous bench-

Coagulation resulted in organics being less available to

scale

microorganism

Lab-scale Batch Test

Decrease CH4 /VS fed. Reduced accessibility of
organics

References
Rudolfs and
Setter (1931)
Ruldolfs et al.
(1932)
Van Fleet et al.
(1974)

Impaired AD (67% less

Gossett et al.

efficient)

(1978)

Impaired AD at high dosage

Emig (1979)

CPR sludge is less

Dentel and

biodegradable

Gossett (1982)

Impaired AD

Kindzierski and
Hrudey (1986)
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Primary dosed at lab

Lab-scale semi-

with Al and Fe

continuous bench-scale

Activated sludge dosed

Lab-scale semi-

Vol. of biogas decreases with increased amounts of

at WWTP with Fe

continuous bench-scale

bound Fe

Activated sludge dosed

Lab-scale semi-

at WWTP with Fe

continuous bench-scale

Activated sludge dosed

Lab –Scale Batch Test

in Lab with Fe

Impaired AD
Decreased vol. of biogas

Yeoman et al.
(1990)
Johnson et al.
(2003)

Lower vol. of biogas and CH4

Impaired AD

Smith (2006)

Lower vol. of biogas and CH4

Impaired AD

Smith (2006)

Direct dose to digester

Lab-scale semi-

Soluble P limitation (Good AD needs soluble P < 50–60

Small dose Fe = enhances AD

Pfeffer and White

Al, Fe and CaCl2

continuous bench-scale

mg/l) and Poor substrate contact

Large dose Fe = impairs AD

(1964)

AS dosed in Lab with Al

Lab-scale Digester

Al is not toxic to microorganisms

No detrimental effect

Primary and MLSS

Lab-scale semi-

dosed in lab with Fe

continuous bench-scale

Secondary sludge dosed
at WWTP with Al

Full-scale Digester

Primary dosed WWTP

Lab-scale, semi-

with Fe

continuous bench-scale

Primary dosed at pilot
plant with Fe

No detrimental effect
Gas volumes were similar before and after dosing
Fe-dosed sludge required longer to degrade

No detrimental effect
CPR sludge digests
successfully if diluted 60%

Decrease CH4 /VS destroyed Decrease CH4 /VS fed
Pilot Plant

CPR sludge contained more proteins and hence made
less CH4

CPR sludge digested normally

Grigoropoulos
et al. (1971)
Malhrota and
Parrillo (1971)
O’Shaughnessy
et al. (1974)
Jack et al. (1976)
Ghyoot and
Verstraete (1997)
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Appendix D- Cummulative Biogas Volume Production for Aluminium (Al3+) and Ferric (Fe3+)
Dosed and Undosed surplus activated sludge (SAS) for (12days)
D1: Cummulative Biogas Volume Production for Aluminium (Al3+) Dosed and Undosed surplus activated
sludge (SAS) for (12days) sludge age (Batch 1, 2 and 3)
Digestion duration

Cummulative Biogas (mL)

(days)

Undosed Al3+Dosed SAS
SAS
0.00

0.00

0.00

1.00

3.80

3.10

2.00

7.00

5.92

3.00

10.24

8.47

4.00

13.04

10.77

5.00

15.50

12.81

6.00

18.11

14.70

7.00

20.08

16.24

8.00

21.76

17.50

9.00

24.57

19.52

10.00

27.17

21.43

11.00

29.46

23.34

12.00

31.56

24.85
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D2: Cummulative Biogas Volume Production for Ferric (Fe3+) Dosed and Undosed surplus activated
sludge (SAS) for (12days) sludge age (Batch 1, 2 and 3)
Digestion duration

Cummulative Biogas (mL)

(days)

Undosed SAS Fe3+Dosed SAS

0.00

0.00

0.00

1.00

4.37

1.74

2.00

9.36

5.83

3.00

14.59

9.57

4.00

18.33

12.08

5.00

21.53

14.21

6.00

24.19

15.97

7.00

26.54

17.55

8.00

28.68

18.84

9.00

30.43

19.92

10.00

31.95

20.77

11.00

33.15

21.35

12.00

34.91

22.46
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List of Tables (LOT)
LOT A- Tables of the urban wastewater treatment directive, Main component of and Unit
processes of Activated sludge plant
LOT A1: The Urban Wastewater Treatment Directive (91/271/EEC)
Parameter

Minimum concentration (mg/l)

Minimum percentage reduction

Biological oxygen
demand (BOD)

25

70-90

Chemical oxygen
demand (COD)

125

75

Suspended solids
(SS)

35

90

Total phosphorus
(TP)

1 (10000 to 100000 Population
Equivalent-PE) and 2 (>100000PE)

80

Total nitrogen (TN)

10 (10000 to 100000PE) and 15
(>100000PE)

70-80

LOT A2: Main Component of an Activated Sludge Process (ASP) (Gray 2004)
Component

Role

Reactor

Adequate mixing and aeration and the reactor is called aeration basin.

Activated sludge

Aeration/Mixing

Sedimentation Tank

Microbial biomass within the aeration reactor which comprise of bacteria and
other microfauna and flora.
Dual process and the incoming wastewater is vital and the aeration and
mixing is achieved either by surface or diffused aeration.
Microbial biomass is separated from the treated effluent
Settled activated sludge in the sedimentation tank is recycled back to the

Returned sludge

reactor to maintain the microbial population at a required concentration in
order to ensure continuation of treatment.

LOT A3: Descriptive unit processes in activated Sludge treatment (Tchobanoglous et al. 2003)
Unit Processes

Preliminary

Explanation of Unit processes
Removal of wastewater constituents like floatables, grits, grease, rags that
can cause potential operational and maintenance problems
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Primary

Secondary

Tertiary

Advanced

Removal of some level of suspended solids (SS) and organic matter (OM)
from the wastewater
Removal of biodegradable OM in suspension and SS in wastewater. This
unit process may also include options for nutrient removal
Removal of residual SS after completion of secondary treatment process.
Removal of dissolved solids (DS) and SS for re-use application after
secondary treatment

LOT B-Tables of Settling batch test results for Un-dosed/Aluminium dosed sludge (Phase 1-5)
LOT B1: Table 1 to 7 for Un-dosed and Aluminium Dosed Sludge (Phase 1)
Table 1. Un-dosed 0mg/L for ZSV and SSVI (7/11/2014) (EXP=Experimental time, CAL Time =
Calculated time)
Height
(cm)

EXPTime CALTime
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

180.00

67.2

1.60

50.00

30.00

0.00

3250.00

2.68

43.00

28.00

2.00

2795.00

2.68

39.00

26.00

4.00

2535.00

2.68

34.00

24.00

6.00

2210.00

2.68

29.00

22.00

8.00

1885.00

2.68

24.00

20.00

10.00

1560.00

2.68

18.00

15.00

15.00

1170.00

2.68

13.00

10.00

20.00

845.00

2.68

10.00

5.00

25.00

650.00

2.68

9.00

0.00

30.00

585.00

2.68

Table 2. Aluminium dosed 20 mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

2.85

160.00

56.10

1.80

45.00

28.00

2.00

2925.00

2.85

38.00

26.00

4.00

2470.00

2.85

32.00

24.00

6.00

2080.00

2.85

26.00

22.00

8.00

1690.00

2.85

22.00

20.00

10.00

1430.00

2.85

19.00

15.00

15.00

1235.00

2.85

15.00

10.00

20.00

975.00

2.85

11.00

5.00

25.00

715.00

2.85

8.00

0.00

30.00

520.00

2.85

Table 3. Aluminium dosed 50 mg/L for ZSV and SSVI (7/11/2014)
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Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

140.00

45.20

2.04

50.00

30.00

0.00

3250

3.15

42.00

28.00

2.00

2730

3.15

37.00

26.00

4.00

2405

3.15

32.00

24.00

6.00

2080

3.15

27.00

22.00

8.00

1755

3.15

23.00

20.00

10.00

1495

3.15

18.00

15.00

15.00

1170

3.15

14.00

10.00

20.00

910

3.15

10.00

5.00

25.00

650

3.15

7.00

0.00

30.00

455

3.15

Table 4. Aluminium dosed 100 mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.30

170.00

51.50

1.85

44.00

28.00

2.00

2860.00

3.30

37.00

26.00

4.00

2405.00

3.30

31.00

24.00

6.00

2015.00

3.30

25.00

22.00

8.00

1625.00

3.30

20.00

20.00

10.00

1300.00

3.30

17.00

15.00

15.00

1105.00

3.30

14.00

10.00

20.00

910.00

3.30

12.00

5.00

25.00

780.00

3.30

8.50

0.00

30.00

553.00

3.30

Table 5. Aluminium dosed 150 mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

190.00

54.30

1.74

50.00

30.00

0.00

3250.00

3.50

43.00

28.00

2.00

2795.00

3.50

39.00

26.00

4.00

2535.00

3.50

34.00

24.00

6.00

2210.00

3.50

30.00

22.00

8.00

1950.00

3.50

27.00

20.00

10.00

1755.00

3.50

22.00

15.00

15.00

1430.00

3.50

19.00

10.00

20.00

1235.00

3.50

15.00

5.00

25.00

975.00

3.50

9.50

0.00

30.00

618.00

3.50

ZSV
(m/h)

Table 6. Aluminium dosed 200 mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(ml)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.70

220.00

59.00

1.60

44.00

28.00

2.00

2860.00

3.70

39.00

26.00

4.00

2535.00

3.70

34.00

24.00

6.00

2210.00

3.70
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29.00

22.00

8.00

1885.00

3.70

25.00

20.00

10.00

1625.00

3.70

21.00

15.00

15.00

1365.00

3.70

17.00

10.00

20.00

1105.00

3.70

13.00

5.00

25.00

845.00

3.70

11.00

0.00

30.00

715.00

3.70

Table 7. Aluminium dosed 250 mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

260.00

65.82

1.50

50.00

30.00

0.00

3250.00

3.95

45.00

28.00

2.00

2925.00

3.95

40.00

26.00

4.00

2600.00

3.95

35.00

24.00

6.00

2275.00

3.95

30.00

22.00

8.00

1950.00

3.95

25.00

20.00

10.00

1625.00

3.95

20.00

15.00

15.00

1300.00

3.95

17.00

10.00

20.00

1105.00

3.95

15.00

5.00

25.00

975.00

3.95

13.00

0.00

30.00

845.00

3.95

LOT B2: Table 8 to 14 for Un-dosed and Aluminium Dosed Sludge (Phase 2)( EXP=Experimental time,
CAL Time = Calculated time)
Table 8. Un-dosed 0mg/L for ZSV and SSVI (4/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

150.00

52.82

1.50

50.00

30.00

0.00

3250.00

2.84

45.00

28.00

2.00

2925.00

2.84

40.00

26.00

4.00

2600.00

2.84

35.00

24.00

6.00

2275.00

2.84

30.00

22.00

8.00

1950.00

2.84

25.00

20.00

10.00

1625.00

2.84

20.00

15.00

15.00

1300.00

2.84

15.00

10.00

20.00

975.00

2.84

10.00

5.00

25.00

650.00

2.84

7.5.00

0.00

30.00

487.50

2.84

Table 9. Aluminium dosed 20 mg/L for ZSV and SSVI (4/12/2014)
Height EXPTime
(cm)
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

140.00

47.30

1.70

50.00

30.00

0.00

3250.00

2.96

44.00

28.00

2.00

2860.00

2.96

39.00

26.00

4.00

2535.00

2.96

33.00

24.00

6.00

2145.00

2.96

27.00

22.00

8.00

1755.00

2.96

23.00

20.00

10.00

1495.00

2.96

19.00

15.00

15.00

1235.00

2.96

14.00

10.00

20.00

910.00

2.96
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10.00

5.00

25.00

650.00

2.96

7.00

0.00

30.00

455.00

2.96

Table 10. Aluminium dosed 50 mg/L for ZSV and SSVI (4/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

122.50

39.40

1.93

49.00

30.00

0.00

3250.00

3.11

43.00

28.00

2.00

2852.00

3.11

37.00

26.00

4.00

2454.00

3.11

31.00

24.00

6.00

2056,00

3.11

26.00

22.00

8.00

1724.00

3.11

22.00

20.00

10.00

1459.00

3.11

17.00

15.00

15.00

1127.00

3.11

14.00

10.00

20.00

928.00

3.11

10.00

5.00

25.00

663.00

3.11

6.00

0.00

30.00

398.00

3.11

Table 11. Aluminium dosed 100 mg/L for ZSV and SSVI (4/12/2014)
Height
(cm)

EXPTime CALTime
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

160.00

48.50

1.73

50.00

30.00

0.00

3250.00

3.30

44.00

28.00

2.00

2860.00

3.30

37.00

26.00

4.00

2405.00

3.30

32.00

24.00

6.00

2080.00

3.30

27.00

22.00

8.00

1755.00

3.30

22.00

20.00

10.00

1430.00

3.30

17.00

15.00

15.00

1105.00

3.30

13.00

10.00

20.00

845.00

3.30

10.00

5.00

25.00

650.00

3.30

8.00

0.00

30.00

520.00

3.30

Table 12. Aluminium dosed 150 mg/L for ZSV and SSVI (4/12/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

49.00

30.00

0.00

3250.00

3.50

184.00

52.57

1.66

43.00

28.00

2.00

2852.00

3.50

37.00

26.00

4.00

2454.00

3.50

32.00

24.00

6.00

2122.00

3.50

27.00

22.00

8.00

1791.00

3.50

22.00

20.00

10.00

1459.00

3.50

17.00

15.00

15.00

1128.00

3.50

13.00

10.00

20.00

862.00

3.50

10.00

5.00

25.00

663.00

3.50

9.00

0.00

30.00

597.00

3.50

SSVI

ZSV

Table 13. Aluminium dosed 200 mg/L for ZSV and SSVI (4/12/2014)
Height EXPTime CALTime

SV

MLSS

SSV
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(cm)

(min)

(min)

(mL)

(g/L)

(mL/L)

(mL/g)

(m/h)

49.00

30.00

0.00

3250.00

3.60

204.00

58.30

1.50

44.00

28.00

2.00

2918.00

3.60

39.00

26.00

4.00

2587.00

3.60

34.00

24.00

6.00

2255.00

3.60

29.00

22.00

8.00

1923.00

3.60

24.00

20.00

10.00

1592.00

3.60

20.00

15.00

15.00

1327.00

3.60

16.00

10.00

20.00

1061.00

3.60

12.00

5.00

25.00

796.00

3.60

10.00

0.00

30.00

663.00

3.60

Table 14. Aluminium dosed 250 mg/L for ZSV and SSVI (4/12/2014)
Height
(cm)

EXPTime CALTime
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

220.00

59.50

1.20

50.00

30.00

0.00

3250

3.70

46.00

28.00

2.00

2990

3.70

42.00

26.00

4.00

2730

3.70

38.00

24.00

6.00

2470

3.70

34.00

22.00

8.00

2210

3.70

30.00

20.00

10.00

1950

3.70

24.00

15.00

15.00

1560

3.70

18.00

10.00

20.00

1170

3.70

13.00

5.00

25.00

845

3.70

11.00

0.00

30.00

715

3.70

LOT B3: Table 15 to 21 for Un-dosed and Aluminium Dosed Sludge (Phase 3) (EXP=Experimental
time, CAL Time = Calculated time)
Table 15. Un-dosed 0mg/L for ZSV and SSVI (9/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

188.00

75.00

1.60

48.00

30.00

0.00

3250.00

2.50

42.00

28.00

2.00

2844.00

2.50

37.00

26.00

4.00

2505.00

2.50

32.00

24.00

6.00

2167.00

2.50

27.00

22.00

8.00

1828.00

2.50

23.00

20.00

10.00

1557.00

2.50

15.00

15.00

15.00

1016.00

2.50

12.00

10.00

20.00

813.00

2.50

10.00

5.00

25.00

678.00

2.50

9.00

0.00

30.00

610.00

2.50

Table 16. Aluminium dosed 20mg/L for ZSV and SSVI (9/12/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

49.50

30.00

0.00

3250.00

2.65

43.00

28.00

2.00

2823.00

2.65

38.00

26.00

4.00

2495.00

2.65

SSV
SSVI
(mL/L) (mL/g)
162.00

61.13

ZSV
(m/h)
1.70
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33.00

24.00

6.00

2167.00

2.65

28.00

22.00

8.00

1838.00

2.65

23.00

20.00

10.00

1510.00

2.65

17.00

15.00

15.00

1116.00

2.65

13.00

10.00

20.00

854.00

2.65

11.00

5.00

25.00

723.00

2.65

8.00

0.00

30.00

526.00

2.65

Table 17. Aluminium dosed 50mg/L for ZSV and SSVI (9/12/2014)
Height
(cm)

EXPTime CALTime
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

140.00

52.20

1.90

50.00

30.00

0.00

3250.00

2.80

44.00

28.00

2.00

2860.00

2.80

37.00

26.00

4.00

2405.00

2.80

31.00

24.00

6.00

2015.00

2.80

26.00

22.00

8.00

1690.00

2.80

22.00

20.00

10.00

1430.00

2.80

17.00

13.00

15.00

1105.00

2.80

12.00

9.00

20.00

780.00

2.80

9.00

6.00

25.00

585.00

2.80

7.00

0.00

30.00

455.00

2.80

Table 18. Aluminium dosed 100mg/L for ZSV and SSVI (9/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)
164.00

50.00

30.00

0.00

3250.00

2.90

44.00

28.00

2.00

2860.00

2.90

38.00

26.00

4.00

2470.00

2.90

32.00

24.00

6.00

2080.00

2.90

26.00

22.00

8.00

1690.00

2.90

22.00

20.00

10.00

1430.00

2.90

18.00

15.00

15.00

957.00

2.90

14.00

10.00

20.00

745.00

2.90

12.00

5.00

25.00

639.00

2.90

10.00

0.00

30.00

534.00

2.90

SSVI
ZSV
(mL/g) (m/h)
57.00

1.80

Table 19. Aluminium dosed 150mg/L for ZSV and SSVI (9/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

240.00

77.00

1.60

50.00

30.00

0.00

3250.00

3.10

44.00

28.00

2.00

2860.00

3.10

40.00

26.00

4.00

2600.00

3.10

35.00

24.00

6.00

2275.00

3.10

30.00

22.00

8.00

1950.00

3.10

27.00

20.00

10.00

1755.00

3.10

23.00

15.00

15.00

1495.00

3.10

18.00

10.00

20.00

1170.00

3.10

15.00

5.00

25.00

975.00

3.10
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12.00

0.00

30.00

780.00

3.10

Table 20. Aluminium dosed 200mg/L for ZSV and SSVI (9/12/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.35

260.00

84.00

1.50

45.00

28.00

2.00

2925.00

3.35

40.00

26.00

4.00

2600.00

3.35

35.00

24.00

6.00

2275.00

3.35

30.00

22.00

8.00

1950.00

3.35

25.00

20.00

10.00

1625.00

3.35

23.00

15.00

15.00

1495.00

3.35

19.00

10.00

20.00

1235.00

3.35

16.00

5.00

25.00

1040.00

3.35

14.00

0.00

30.00

910.00

3.35

Table 21. Aluminium dosed 250mg/L for ZSV and SSVI (9/12/2014)
Height EXP Time
(cm)
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

323.00

89.00

1.30

49.50

30.00

0.00

3250.00

3.64

46.00

28.00

2.00

3020.00

3.64

42.00

26.00

4.00

2758.00

3.64

36.00

24.00

6.00

2364.00

3.64

32.00

22.00

8.00

2101.00

3.64

28.00

20.00

10.00

1838.00

3.64

24.00

15.00

15.00

1575.00

3.64

21.00

10.00

20.00

1379.00

3.64

19.00

5.00

25.00

1247.00

3.64

16.00

0.00

30.00

1051.00

3.64

LOT B4: Table 22 to 26 for Un-dosed and Aluminium Dosed Sludge (Phase 4) (EXP=Experimental
time, CAL Time = Calculated time)
Table 22. Un-dosed 0mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
SV
MLSS
SSV
SSVI
ZSV
(cm)
(min)
(min)
(mL)
(g/L)
(mL/L) (mL/g)
(m/h)
50.00

30.00

0.00

3250.00

2.20

45.00

28.00

2.00

2925.00

2.20

41.00

26.00

4.00

2665.00

2.20

35.00

24.00

6.00

2275.00

2.20

30.00

22.00

8.00

1950.00

2.20

26.00

20.00

10.00

1690.00

2.20

22.00

15.00

15.00

1430.00

2.20

18.00

10.00

20.00

1170.00

2.20

14.00

5.00

25.00

910.00

2.20

12.00

0.00

30.00

780.00

2.20

240.00

109.00

1.46

SSVI
(mL/g)

ZSV
(m/h)

Table 23. Aluminium dosed 20mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)
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50.00

30.00

0.00

3250.00

2.65

46.00

28.00

2.00

2990.00

2.65

38.00

26.00

4.00

2470.00

2.65

32.00

24.00

6.00

2080.00

2.65

28.00

22.00

8.00

1820.00

2.65

26.00

20.00

10.00

1690.00

2.65

22.00

15.00

15.00

1430.00

2.65

19.00

10.00

20.00

1235.00

2.65

15.00

5.00

25.00

975.00

2.65

11.00

0.00

30.00

715.00

2.65

220.00

90.43

1.76

Table 24. Aluminium dosed 50mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

200.00

71.43

2.60

50.00

30.00

0.00

3250.00

2.80

41.00

28.00

2.00

2665.00

2.80

33.00

26.00

4.00

2145.00

2.80

29.00

24.00

6.00

1885.00

2.80

25.00

22.00

8.00

1625.00

2.80

22.00

20.00

10.00

1430.00

2.80

19.00

15.00

15.00

1235.00

2.80

16.00

10.00

20.00

1040.00

2.80

13.00

5.00

25.00

845.00

2.80

10.00

0.00

30.00

650.00

2.80

Table 25. Aluminium dosed 100mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

260.00

86.70

2.40

50.00

30.00

0.00

3250.00

3.00

40.00

28.00

2.00

2600.00

3.00

35.00

26.00

4.00

2275.00

3.00

30.00

24.00

6.00

1950.00

3.00

27.00

22.00

8.00

1755.00

3.00

24.00

20.00

10.00

1560.00

3.00

21.00

15.00

15.00

1365.00

3.00

18.00

10.00

20.00

1170.00

3.00

15.00

5.00

25.00

975.00

3.00

13.00

0.00

30.00

845.00

3.00

Table 26. Aluminium dosed 150mg/L for ZSV and SSVI (1/03/2016)
Height
(cm)

EXPTime CALTime
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

300.00

92.31

2.10

50.00

30.00

0.00

3250.00

3.25

42.00

28.00

2.00

2730.00

3.25

36.00

26.00

4.00

2340.00

3.25

30.00

24.00

6.00

1950.00

3.25

27.00

22.00

8.00

1755.00

3.25
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24.00

20.00

10.00

1560.00

3.25

21.00

15.00

15.00

1365.00

3.25

19.00

10.00

20.00

1235.00

3.25

17.00

5.00

25.00

1105.00

3.25

15.00

0.00

30.00

975.00

3.25

LOT B5: Table 27 to 31 for Un-dosed and Aluminium Dosed Sludge (Phase 5) (EXP=Experimental
time, CAL Time = Calculated time)
Table 27. Un-dosed 0mg/L for ZSV and SSVI (2/06/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

320

133.33

1.30

50.00

30.00

0.00

3250

2.40

46.00

28.00

2.00

2990

2.40

41.00

26.00

4.00

2665

2.40

37.00

24.00

6.00

2405

2.40

32.00

22.00

8.00

2080

2.40

28.00

20.00

10.00

1820

2.40

25.00

15.00

15.00

1625

2.40

22.00

10.00

20.00

1430

2.40

19.00

5.00

25.00

1235

2.40

16.00

0.00

30.00

1040

2.40

Table 28. Aluminium dosed 20mg/L for ZSV and SSVI (2/06/2016)
Height EXPTime
(cm)
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

280.00

109.80

1.60

50.00

30.00

0.00

3250.00

2.55

46.00

28.00

2.00

2990.00

2.55

38.00

26.00

4.00

2470.00

2.55

32.00

24.00

6.00

2080.00

2.55

28.00

22.00

8.00

1820.00

2.55

26.00

20.00

10.00

1690.00

2.55

23.00

15.00

15.00

1495.00

2.55

20.00

10.00

20.00

1300.00

2.55

17.00

5.00

25.00

1105.00

2.55

14.00

0.00

30.00

910.00

2.55

Table 29. Aluminium dosed 50mg/L for ZSV and SSVI (2/06/2016)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

50.00

30.00

0.00

3250.00

2.75

240.00

43.00

28.00

2.00

2795.00

2.75

35.00

26.00

4.00

2275.00

2.75

29.00

24.00

6.00

1885.00

2.75

25.00

22.00

8.00

1625.00

2.75

22.00

20.00

10.00

1430.00

2.75

19.00

15.00

15.00

1235.00

2.75

17.00

10.00

20.00

1105.00

2.75

15.00

5.00

25.00

975.00

2.75

SSVI
ZSV
(mL/g) (m/h)
87.30

2.10
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12.00

0.00

30.00

780.00

2.75

Table 30. Aluminium dosed 100mg/L for ZSV and SSVI (2/06/2016)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

2.94

300.00

102.00

2.50

41.00

28.00

2.00

2665.00

2.94

34.00

26.00

4.00

2210.00

2.94

29.00

24.00

6.00

1885.00

2.94

26.00

22.00

8.00

1690.00

2.94

23.00

20.00

10.00

1495.00

2.94

21.00

15.00

15.00

1365.00

2.94

19.00

10.00

20.00

1235.00

2.94

17.00

5.00

25.00

1105.00

2.94

15.00

0.00

30.00

975.00

2.94

Table 31. Aluminium dosed 150mg/L for ZSV and SSVI (2/06/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

340.00

108.00

1.50

50.00

30.00

0.00

3250.00

3.15

45.00

28.00

2.00

2925.00

3.15

40.00

26.00

4.00

2600.00

3.15

35.00

24.00

6.00

2275.00

3.15

30.00

22.00

8.00

1950.00

3.15

27.00

20.00

10.00

1755.00

3.15

24.00

15.00

15.00

1560.00

3.15

21.00

10.00

20.00

1365.00

3.15

19.00

5.00

25.00

1235.00

3.15

17.00

0.00

30.00

1105.00

3.15

LOT C- Tables of Settling batch test results for un-dosed and Ferric dosed sludge (Phase 1 -3)
LOT C1: Table 1 to 7 for Un-dosed and Ferric Dosed Sludge (Phase 1) (EXP=Experimental time,
CAL Time = Calculated time)
Table 1. Un-dosed 0mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

158.50

60.24

1.53

47.30

30.00

0.00

3250.00

2.50

42.00

28.00

2.00

2886.00

2.50

37.00

26.00

4.00

2542.00

2.50

32.00

24.00

6.00

2199.00

2.50

27.00

22.00

8.00

1855.00

2.50

23.00

20.00

10.00

1580.00

2.50

15.00

15.00

15.00

1031.00

2.50

12.00

10.00

20.00

825.00

2.50

10.00

5.00

25.00

687.00

2.50

7.5.00

0.00

30.00

515.00

2.50
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Table 2. Ferric dosed 20mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

49.60

30.00

0.00

3250.00

2.68

131.00

53.30

1.67

44.00

28.00

2.00

2883.00

2.68

38.00

26.00

4.00

2490.00

2.68

33.00

24.00

6.00

2162.00

2.68

28.00

22.00

8.00

1835.00

2.68

24.00

20.00

10.00

1573.00

2.68

18.00

15.00

15.00

1179.00

2.68

13.00

10.00

20.00

852.00

2.68

10.00

5.00

25.00

655.00

2.68

6.50

0.00

30.00

426.00

2.68

Table 3. Ferric dosed 50mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

120.00

41.80

1.89

50.00

30.00

0.00

3250.00

2.80

44.00

28.00

2.00

2860.00

2.80

37.00

26.00

4.00

2405.00

2.80

31.00

24.00

6.00

2015.00

2.80

26.00

22.00

8.00

1690.00

2.80

22.00

20.00

10.00

1430.00

2.80

17.00

13.00

14.00

1105.00

2.80

13.00

9.00

19.00

845.00

2.80

10.00

6.00

25.00

650.00

2.80

6.00

0.00

30.00

390.00

2.80

Table 4. Ferric dosed 100mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime
(cm)
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

162.00

60.00

1.70

49.50

30.00

0.00

3250.00

2.72

43.00

28.00

2.00

2823.00

2.72

38.00

26.00

4.00

2495.00

2.72

33.00

24.00

6.00

2167.00

2.72

28.00

22.00

8.00

1838.00

2.72

23.00

20.00

10.00

1510.00

2.72

17.00

15.00

15.00

1116.00

2.72

13.00

10.00

20.00

854.00

2.72

10.00

5.00

25.00

657.00

2.72

8.00

0.00

30.00

526.00

2.72

Table 5. Ferric dosed 150mg/L for ZSV and SSVI (7/11/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

180.00

62.91

1.60

50.00

30.00

0.00

3250.00

2.90

44.00

28.00

2.00

2860.00

2.90
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40.00

26.00

4.00

2600.00

2.90

35.00

24.00

6.00

2275.00

2.90

30.00

22.00

8.00

1950.00

2.90

27.00

20.00

10.00

1755.00

2.90

23.00

15.00

15.00

1495.00

2.90

18.00

10.00

20.00

1170.00

2.90

14.00

5.00

25.00

910.00

2.90

9.00

0.00

30.00

585.00

2.90

Table 6. Ferric dosed 200mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.10

200.00

65.34

1.50

45.00

28.00

2.00

2925.00

3.10

40.00

26.00

4.00

2600.00

3.10

35.00

24.00

6.00

2275.00

3.10

30.00

22.00

8.00

1950.00

3.10

25.00

20.00

10.00

1625.00

3.10

20.00

15.00

15.00

1300.00

3.10

15.00

10.00

20.00

975.00

3.10

13.00

5.00

25.00

845.00

3.10

10.00

0.00

30.00

650.00

3.10

Table 7. Ferric dosed 250mg/L for ZSV and SSVI (7/11/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

49.50

30.00

0.00

3250.00

3.30

222.00

67.11

1.30

46.00

28.00

2.00

3020.00

3.30

42.00

26.00

4.00

2758.00

3.30

36.00

24.00

6.00

2364.00

3.30

32.00

22.00

8.00

2101.00

3.30

28.00

20.00

10.00

1838.00

3.30

23.00

15.00

15.00

1510.00

3.30

19.00

10.00

20.00

1247.00

3.30

14.00

5.00

25.00

919.00

3.30

11.00

0.00

30.00

722.00

3.30

LOT C2: Table 8 to 14 for Un-dosed and Ferric Dosed Sludge (Phase 2) (EXP=Experimental time,
CAL Time = Calculated time)
Table 8. Un-dosed 0mg/L for ZSV and SSVI (15/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

160.00

65.60

1.60

50.00

30.00

0.00

3250.00

2.45

45.00

28.00

2.00

2925.00

2.45

40.00

26.00

4.00

2600.00

2.45

35.00

24.00

6.00

2275.00

2.45

30.00

22.00

8.00

1950.00

2.45

25.00

20.00

10.00

1625.00

2.45
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20.00

15.00

15.00

1300.00

2.45

15.00

10.00

20.00

975.00

2.45

10.00

5.00

25.00

650.00

2.45

8.00

0.00

30.00

520.00

2.45

Table 9. Ferric dosed 20mg/L for ZSV and SSVI (15/12/2014)
Height EXPTime CALTime SV
(cm)
(min)
(min)
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

2.75

150.00

58.80

1.73

44.00

28.00

2.00

2860.00

2.75

38.00

26.00

4.00

2470.00

2.75

32.00

24.00

6.00

2080.00

2.75

27.00

22.00

8.00

1755.00

2.75

22.00

20.00

10.00

1430.00

2.75

18.00

15.00

15.00

1170.00

2.75

15.00

10.00

20.00

975.00

2.75

13.00

5.00

25.00

845.00

2.75

7.50

0.00

30.00

488.00

2.75

Table 10. Ferric dosed 50mg/L for ZSV and SSVI (15/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

140.00

48.00

2.00

50.00

30.00

0.00

3250.00

2.90

44.00

28.00

2.00

2860.00

2.90

37.00

26.00

4.00

2405.00

2.90

31.00

24.00

6.00

2015.00

2.90

26.00

22.00

8.00

1690.00

2.90

22.00

20.00

10.00

1430.00

2.90

17.00

13.00

14.00

1105.00

2.90

13.00

9.00

19.00

845.00

2.90

10.00

6.00

25.00

650.00

2.90

7.00

0.00

30.00

455.00

2.90

Table 11. Ferric dosed 100mg/L for ZSV and SSVI (15/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(ml)

MLSS
(g/l)

SSV
(ml/l)

SSVI
(ml/g)

ZSV
(m/h)

170.00

54.00

1.80

50.00

30.00

0.00

3250.00

3.15

44.00

28.00

2.00

2795.00

3.15

38.00

26.00

4.00

2535.00

3.15

32.00

24.00

6.00

2145.00

3.15

28.00

22.00

8.00

1820.00

3.15

23.00

20.00

10.00

1495.00

3.15

17.00

15.00

15.00

1105.00

3.15

13.00

10.00

20.00

845.00

3.15

11.00

5.00

25.00

715.00

3.15

8.50

0.00

30.00

553.00

3.15

Table 12. Ferric dosed 150mg/L for ZSV and SSVI (15/12/2014)
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Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.25

190.00

58.50

1.70

45.00

28.00

2.00

2925.00

3.25

38.00

26.00

4.00

2470.00

3.25

31.00

24.00

6.00

2015.00

3.25

27.00

22.00

8.00

1755.00

3.25

23.00

20.00

10.00

1495.00

3.25

18.00

15.00

15.00

1170.00

3.25

14.00

10.00

20.00

910.00

3.25

12.00

5.00

25.00

780.00

3.25

9.50

0.00

30.00

618.00

3.25

Table 13. Ferric dosed 200mg/L for ZSV and SSVI (15/12/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

50.00

30.00

0.00

3250.00

3.45

220.00

46.00

28.00

2.00

2990.00

3.45

40.00

26.00

4.00

2600.00

3.45

34.00

24.00

6.00

2210.00

3.45

28.00

22.00

8.00

1820.00

3.45

24.00

20.00

10.00

1560.00

3.45

19.00

15.00

15.00

1235.00

3.45

15.00

10.00

20.00

975.00

3.45

13.00

5.00

25.00

845.00

3.45

11.00

0.00

30.00

715.00

3.45

SSVI
ZSV
(mL/g) (m/h)
63.70

1.60

Table 14. Ferric dosed 250mg/L for ZSV and SSVI (15/12/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.75

260.00

69.30

1.50

46.00

28.00

2.00

2990.00

3.75

40.00

26.00

4.00

2600.00

3.75

35.00

24.00

6.00

2275.00

3.75

30.00

22.00

8.00

1950.00

3.75

24.00

20.00

10.00

1560.00

3.75

21.00

15.00

15.00

1365.00

3.75

18.00

10.00

20.00

1170.00

3.75

15.00

5.00

25.00

975.00

3.75

13.00

0.00

30.00

845.00

3.75

LOT C3: Table 15 to 19 for Un-dosed and Ferric Dosed Sludge (Phase 3) (EXP=Experimental time,
CAL Time = Calculated time)
Table 15. Un-dosed 0mg/L for ZSV and SSVI (1/03/2016)
Height
(cm)

EXP Time
(min)

CAL Time
(min)

SV
(mL)

MLSS
(g/L)

SSV
SSVI
(mL/L) (mL/g)

ZSV
(m/h)
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50.00

30.00

0.00

3250.00

2.35

45.00

28.00

2.00

2925.00

2.35

40.00

26.00

4.00

2600.00

2.35

35.00

24.00

6.00

2275.00

2.35

30.00

22.00

8.00

1950.00

2.35

25.00

20.00

10.00

1625.00

2.35

20.00

15.00

15.00

1300.00

2.35

15.00

10.00

20.00

975.00

2.35

12.00

5.00

25.00

780.00

2.35

9.00

0.00

30.00

585.00

2.35

180.00

77.30

1.50

Table 16. Ferric dosed 20mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

160.00

66.30

1.73

50.00

30.00

0.00

3250.00

2.55

44.00

28.00

2.00

2860.00

2.55

38.00

26.00

4.00

2470.00

2.55

32.00

24.00

6.00

2080.00

2.55

27.00

22.00

8.00

1755.00

2.55

23.00

20.00

10.00

1495.00

2.55

19.00

15.00

15.00

1235.00

2.55

15.00

10.00

20.00

975.00

2.55

11.00

5.00

25.00

715.00

2.55

8.00

0.00

30.00

520.00

2.55

Table 17. Ferric dosed 50mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

140.00

51.84

2.10

50.00

30.00

0.00

3250.00

2.76

43.00

28.00

2.00

2795.00

2.76

36.00

26.00

4.00

2340.00

2.76

29.00

24.00

6.00

1885.00

2.76

22.00

22.00

8.00

1430.00

2.76

18.00

20.00

10.00

1170.00

2.76

15.00

15.00

15.00

975.00

2.76

12.00

10.00

20.00

780.00

2.76

10.00

5.00

25.00

650.00

2.76

7.00

0.00

30.00

455.00

2.76

Table 18. Ferric dosed 100mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

190.00

63.70

1.86

50.00

30.00

0.00

3250.00

3.00

43.00

28.00

2.00

2795.00

3.00

38.00

26.00

4.00

2470.00

3.00

31.00

24.00

6.00

2015.00

3.00

27.00

22.00

8.00

1755.00

3.00

23.00

20.00

10.00

1495.00

3.00
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18.00

15.00

15.00

1170.00

3.00

14.00

10.00

20.00

845.00

3.00

11.00

5.00

25.00

715.00

3.00

9.50

0.00

30.00

618.00

3.00

Table 19. Ferric dosed 150mg/L for ZSV and SSVI (1/03/2016)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

210.00

67.91

1.68

50.00

30.00

0.00

3250.00

3.10

44.00

28.00

2.00

2860.00

3.10

39.00

26.00

4.00

2535.00

3.10

34.00

24.00

6.00

2210.00

3.10

28.00

22.00

8.00

1820.00

3.10

23.00

20.00

10.00

1495.00

3.10

18.00

15.00

15.00

1170.00

3.10

15.00

10.00

20.00

975.00

3.10

12.00

5.00

25.00

780.00

3.10

10.50

0.00

30.00

683.00

3.10

LOT D- Tables of Settling test results for un-dosed and Calcium dosed sludge (Phase 1 -2)
LOT D1: Table 1 to 7 for Un-dosed and Calcium Dosed Sludge (Phase 1) (EXP=Experimental time,
CAL Time = Calculated time)
Table 1. Un-dosed 0mg/L for ZSV and SSVI (5/12/2014)
Height
(cm)

EXP Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00
46.00

30.00
28.00

0.00
2.00

3250.00
2990.00

2.70
2.70

201.00

73.10

1.73

39.00
32.00
27.00
22.00
18.00
15.00

26.00
24.00
22.00
20.00
15.00
10.00

4.00
6.00
8.00
10.00
15.00
20.00

2535.00
2318.00
1956.00
1594.00
1304.00
1087.00

2.70
2.70
2.70
2.70
2.70
2.70

12.00
9.00

5.00
0.00

25.00
30.00

869.00
652.00

2.70
2.70

Table 2. Calcium dosed 20mg/L for ZSV and SSVI (5/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)
50.00
44.00
37.00
30.00
24.00
20.00
16.00
14.00
12.00
8.00

30.00
28.00
26.00
24.00
22.00
20.00
15.00
10.00
5.00
0.00

0.00
2.00
4.00
6.00
8.00
10.00
15.00
20.00
25.00
30.00

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

3250.00
2860.00
2405.00
1950.00
1560.00
1300.00
1040.00
910.00
780.00
520.00

2.85
2.85
2.85
2.85
2.85
2.85
2.85
2.85
2.85
2.85

160.00

60.23

1.93
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Table 3. Calcium dosed 50mg/L for ZSV and SSVI (5/12/2014)
Height
(cm)

EXPTime
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.05

140.00

45.46

2.30

42.00

28.00

2.00

2730.00

3.05

35.00

26.00

4.00

2275.00

3.05

29.00

24.00

6.00

1885.00

3.05

25.00

22.00

8.00

1625.00

3.05

22.00

20.00

10.00

1430.00

3.05

19.00

15.00

15.00

1235.00

3.05

15.00

10.00

20.00

975.00

3.05

11.00

5.00

25.00

715.00

3.05

7.00

0.00

30.00

455.00

3.05

Table 4. Calcium dosed 100mg/L for ZSV and SSVI (5/12/2014)
Height
(cm)

EXPTime
(min)

CAL Time
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.25

170.00

52.55

1.90

43.00

28.00

2.00

2795.00

3.25

38.00

26.00

4.00

2470.00

3.25

31.00

24.00

6.00

2015.00

3.25

26.00

22.00

8.00

1690.00

3.25

22.00

20.00

10.00

1430.00

3.25

18.00

15.00

15.00

1170.00

3.25

15.00

10.00

20.00

975.00

3.25

13.00

5.00

25.00

845.00

3.25

8.50

0.00

30.00

553.00

3.25

Table 5. Calcium dosed 150mg/L for ZSV and SSVI (5/12/2014)
Height
(cm)

EXPTime
(min)

CAL Time
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00
45.00
38.00
31.00
26.00
21.00
17.00
14.00
11.00
9.50

30.00
28.00
26.00
24.00
22.00
20.00
15.00
10.00
5.00
0.00

0.00
2.00
4.00
6.00
8.00
10.00
15.00
20.00
25.00
30.00

3250.00
2925.00
2470.00
2015.00
1690.00
1365.00
1105.00
910.00
715.00
618.00

3.45
3.45
3.45
3.45
3.45
3.45
3.45
3.45
3.45
3.45

190.00

56.04

1.78

Table 6. Calcium dosed 200mg/L for ZSV and SSVI (5/12/2014)
Height EXPTime CALTime
(cm)
(min)
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

220.00

60.23

1.67

50.00

30.00

0.00

3250.00

3.65

44.00

28.00

2.00

2860.00

3.65

38.00

26.00

4.00

2470.00

3.65
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34.00

24.00

6.00

2210.00

3.65

28.00

22.00

8.00

1820.00

3.65

25.00

20.00

10.00

1625.00

3.65

21.00

15.00

15.00

1365.00

3.65

17.00

10.00

20.00

1105.00

3.65

14.00

5.00

25.00

910.00

3.65

11.00

0.00

30.00

715.00

3.65

Table 7. Calcium dosed 250mg/L for ZSV and SSVI (5/12/2014)
Height
(cm)

EXP Time
(min)

CAL Time
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.86

260.00

67.40

1.50

46.00

28.00

2.00

2990.00

3.86

39.00

26.00

4.00

2535.00

3.86

35.00

24.00

6.00

2275.00

3.86

30.00

22.00

8.00

1950.00

3.86

25.00

20.00

10.00

1625.00

3.86

20.00

15.00

15.00

1300.00

3.86

17.00

10.00

20.00

1105.00

3.86

15.00

5.00

25.00

975.00

3.86

13.00

0.00

30.00

845.00

3.86

LOT D2: Table 8 to 12 for Un-dosed and Calcium Dosed Sludge (Phase 2) (EXP=Experimental time,
CAL Time = Calculated time)
Table 8. Un-dosed 0mg/L for ZSV and SSVI (2/06/2016)
Height EXPTime CALTime SV
(cm)
(min)
(min)
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.00

240.00

69.12

1.70

45.00

28.00

2.00

2925.00

3.00

38.00

26.00

4.00

2470.00

3.00

32.00

24.00

6.00

2080.00

3.00

26.00

22.00

8.00

1690.00

3.00

23.00

20.00

10.00

1495.00

3.00

20.00

15.00

15.00

1300.00

3.00

17.00

10.00

20.00

1105.00

3.00

14.00

5.00

25.00

910.00

3.00

12.00

0.00

30.00

780.00

3.00

Table 9. Calcium dosed 20mg/L for ZSV and SSVI (2/06/2016)
Height EXPTime CALTime
(cm)
(min)
(min)
50.00
47.00
37.00
30.00

30.00
28.00
26.00
24.00

0.00
2.00
4.00
6.00

SV
(mL)

MLSS
(g/L)

3250.00
3055.00
2405.00
1950.00

3.20
3.20
3.20
3.20

SSV
SSVI
(mL/L) (mL/g)
200.00

65.24

ZSV
(m/h)
1.82
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27.00
24.00
19.00
16.00
13.00
10.00

22.00
20.00
15.00
10.00
5.00
0.00

8.00
10.00
15.00
20.00
25.00
30.00

1755.00
1560.00
1235.00
1040.00
845.00
650.00

3.20
3.20
3.20
3.20
3.20
3.20

Table 10. Calcium dosed 50mg/l for ZSV and SSVI (2/06/2016)
Height EXPTime CALTime
(cm)
(min)
(min)
50.00
43.00
37.00
29.00
26.00
23.00
19.00
15.00
11.00
9.00

30.00
28.00
26.00
24.00
22.00
20.00
15.00
10.00
5.00
0.00

0.00
2.00
4.00
6.00
8.00
10.00
15.00
20.00
25.00
30.00

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

3250.00
2795.00
2405.00
1885.00
1690.00
1495.00
1235.00
975.00
715.00
585.00

3.40
3.40
3.40
3.40
3.40
3.40
3.40
3.40
3.40
3.40

180.00

52.54

2.01

Table 11. Calcium dosed 100mg/l for ZSV and SSVI (2/06/2016)
Height
(cm)

EXP
Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

3.60

260.00

67.00

1.80

44.00

28.00

2.00

2730.00

3.60

38.00

26.00

4.00

2210.00

3.60

32.00

24.00

6.00

1820.00

3.60

25.00

22.00

8.00

1625.00

3.60

23.00

20.00

10.00

1495.00

3.60

20.00

15.00

15.00

1300.00

3.60

17.00

10.00

20.00

1105.00

3.60

15.00

5.00

25.00

910.00

3.60

13.00

0.00

30.00

845.00

3.60

Table 12. Calcium dosed 150mg/l for ZSV and SSVI (2/06/2016)
Height
(cm)

EXP
Time
(min)

CALTime
(min)

SV
(mL)

MLSS
(g/L)

SSV
(mL/L)

SSVI
(mL/g)

ZSV
(m/h)

50.00

30.00

0.00

3250.00

280.00

74.80

1.70

46.00

28.00

2.00

2990.00

3.80
3.80

39.00

26.00

4.00

2535.00

3.80

33.00

24.00

6.00

2145.00

3.80

28.00

22.00

8.00

1820.00

3.80

24.00

20.00

10.00

1560.00

3.80

18.00

15.00

15.00

1365.00

3.80

16.00

10.00

20.00

1170.00

3.80

14.00

5.00

25.00

1040.00

3.80

13.00

0.00

30.00

910.00

3.60
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List of Figures (LOF)
LOF A- Figures of Zone settling curves for un-dosed and Aluminium phase 1 -5
LOF A1: Figure 1 to 6 for Zone Settling Curve for un-dosed and Aluminium Dosed Sludge (Phase 1)

Figure 1. un-dosed 0mg/L for Zone Settling Curve (7/11/2014)

Figure 2. Aluminium dosed 20 mg/L for Zone Settling Curve (7/11/2014)
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Figure 3. Aluminium dosed 50 mg/L for Zone Settling Curve (7/11/2014)

Figure 4. Aluminium dosed 100 mg/l for Zone Settling Curve (7/11/2014)

Figure 5. Aluminium dosed 150 mg/L for Zone Settling Curve (7/11/2014)
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Figure 6. Aluminium dosed 200 mg/L for Zone Settling Curve (7/11/2014)

Figure 7. Aluminium dosed 250 mg/L for Zone Settling Curve (7/11/2014)
LOF A2: Figure 8 to 14 for Un-dosed and Aluminium Dosed Sludge (Phase 2)

Figure 8. un-dosed 0mg/L for Zone Settling Curve (4/12/2014)
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Figure 9. Aluminium dosed 20 mg/L for Zone Settling Curve (4/12/2014)

Figure 10. Aluminium dosed Dosed 50 mg/L for Zone Settling Curve (4/12/2014)

Figure 11. Aluminium dosed 100 mg/L for Zone Settling Curve (4/12/2014)
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Figure 12. Aluminium dosed 150 mg/L for Zone Settling Curve (4/12/2014)

Figure 13. Aluminium dosed 200 mg/L for Zone Settling Curve (4/12/2014)

Figure 14. Aluminium dosed 250 mg/L for Zone Settling Curve (4/12/2014)
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LOF A3: Figure 15 to 21 for Un-dosed and Aluminium Dosed Sludge (Phase 3)

Figure 15. un-dosed 0mg/L for Zone Settling Curve (9/12/2014)

Figure 16. Aluminium dosed 20 mg/L for Zone Settling Curve (9/12/2014)

Figure 17. Aluminium dosed 50 mg/L for Zone Settling Curve (9/12/2014)
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Figure 18. Aluminium dosed 100 mg/L for Zone Settling Curve (9/12/2014)

Figure 19. Aluminium dosed 150 mg/L for Zone Settling Curve (9/12/2014)

Figure 20. Aluminium dosed 200 mg/L for Zone Settling Curve (9/12/2014)
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Figure 21. Aluminium dosed 250 mg/L for Zone Settling Curve (9/12/2014)
LOF A4: Figure 22 to 26 for Un-dosed and Aluminium Dosed Sludge (Phase 4)

Figure 22. un-dosed 0mg/L for Zone Settling Curve (1/03/2014)

Figure 23. Aluminium dosed 20 mg/L for Zone Settling Curve (1/03/2014)
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Figure 24. Aluminium dosed 50 mg/L for Zone Settling Curve (1/03/2014)

Figure 25. Aluminium dosed 100 mg/L for Zone Settling Curve (1/03/2014)

Figure 26. Aluminium dosed 150 mg/L for Zone Settling Curve (1/03/2014)
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LOF A5: Figure 27 to 31 for Un-dosed and Aluminium Dosed Sludge (Phase 5)

Figure 27. un-dosed 0mg/L for Zone Settling Curve (2/06/2014)

Figure 28. Aluminium dosed 20 mg/L for Zone Settling Curve (2/06/2014)

Figure 29. Aluminium dosed 50 mg/L for Zone Settling Curve (2/06/2014)
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Figure 30. Aluminium dosed 100 mg/L for Zone Settling Curve (2/06/2014)

Figure 31. Aluminium dosed 150 mg/L for Zone Settling Curve (2/06/2014)

LOF B- Figures of Zone settling curves for un-dosed and Ferric phase 1 -3
LOF B1: Figure 1 to 7 for Un-dosed and Ferric Dosed Sludge (Phase 1)

Figure 1. un-dosed 0mg/L for Zone Settling Curve (7/11/2014)
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Figure 2. Ferric dosed 20 mg/L for Zone Settling Curve (7/11/2014)

Figure 3. Ferric dosed 50 mg/L for Zone Settling Curve (7/11/2014)

Figure 4. Ferric dosed 100 mg/L for Zone Settling Curve (7/11/2014)
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Figure 5. Ferric dosed 150 mg/L for Zone Settling Curve (7/11/2014)

Figure 6. Ferric dosed 200 mg/L for Zone Settling Curve (7/11/2014)

Figure 7. Ferric dosed 250 mg/L for Zone Settling Curve (7/11/2014)

337 | P a g e

LOF B2: Figure 8 to 14 for Un-dosed and Ferric Dosed Sludge (Phase 2)

Figure 8. un-dosed 0mg/L for Zone Settling Curve (15/12/2014)

Figure 9. Ferric dosed 20 mg/L for Zone Settling Curve (15/12/2014)

Figure 10. Ferric dosed 50 mg/L for Zone Settling Curve (15/12/2014)
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Figure 11. Ferric dosed 100 mg/L for Zone Settling Curve (15/12/2014)

Figure 12. Ferric dosed 150 mg/L for Zone Settling Curve (15/12/2014)

Figure 13. Ferric dosed 200 mg/L for Zone Settling Curve (15/12/2014)
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Figure 14. Ferric dosed 250 mg/L for Zone Settling Curve (15/12/2014)
LOF B3: Figure 15 to 19 for Un-dosed and Ferric Dosed Sludge (Phase 3)

Figure 15. un-dosed 0mg/L for Zone Settling Curve (1/03/2016)

Figure 16. Ferric dosed 20 mg/L for Zone Settling Curve (1/03/201)
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Figure 17. Ferric dosed 50 mg/L for Zone Settling Curve (1/03/2016)

Figure 18. Ferric dosed 100 mg/L for Zone Settling Curve (1/03/2016)

Figure 19. Ferric dosed 150 mg/L for Zone Settling Curve (1/03/2016)

341 | P a g e

LOF C- Figures of Zone settling curves for un-dosed and Calcium phase 1-2
LOF C1: Figure 1 to 7 for Un-dosed and Calcium Dosed Sludge (Phase 1)

Figure1. un-dosed 0mg/L for Zone Settling Curve (5/12/2014)

Figure 2. Calcium dosed 20 mg/L for Zone Settling Curve (5/12/2014)

Figure 3. Calcium dosed 50 mg/L for Zone Settling Curve (5/12/2014)
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Figure 4. Calcium dosed 100 mg/L for Zone Settling Curve (5/12/2014)

Figure 5. Calcium dosed 150 mg/L for Zone Settling Curve (5/12/2014)

Figure 6. Calcium dosed 200 mg/L for Zone Settling Curve (5/12/2014)
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Figure 7. Calcium dosed 250 mg/L for Zone Settling Curve (5/12/2014)
LOF C2: Figure 8 to 12 for Un-dosed and Calcium Dosed Sludge (Phase 2)

Figure 8. Un-dosed 0mg/L for Zone Settling Curve (2/06/2016)

Figure 9. Calcium dosed 20 mg/L for Zone Settling Curve (2/06/2016)
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Figure 10. Calcium dosed 50 mg/L for Zone Settling Curve (2/06/2016)

Figure 11. Calcium dosed 100 mg/L for Zone Settling Curve (2/06/2016)

Figure 12. Calcium dosed 150 mg/L for Zone Settling Curve (2/06/2016)
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LOF D- Figures of the Impact of Aluminium dosing on ZSV phase 1-5
LOF D1: Figure 1- Impact of Aluminium dosing on ZSV (Phase 1)

Figure 1. Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation of
the mean)
LOF D2: Figure 2- Impact of Aluminium dosing on ZSV (Phase 2)

Figure 2. The Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard
deviation of the mean)
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LOF D3: Figure 3- Impact of Aluminium dosing on ZSV (Phase 3)

Figure 3. The Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard
deviation of the mean)
LOF D4: Figure 4- Impact of Aluminium dosing on ZSV (Phase 4)

Figure 4. The Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard
deviation of the mean)
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LOF D5: Figure 5- Impact of Al dosing on ZSV (Phase 5)

Figure 5. The Impact of Aluminium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard
deviation of the mean)

LOF E- Figures of the Impact of Ferric dosing on ZSV phase 1-3
LOF E1: Figure 1- Impact of Ferric dosing on ZSV (Phase 1)

Figure 1. The Impact of Ferric Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation of
the mean)
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LOF E2: Figure 2- Impact of Ferric dosing on ZSV (Phase 2)

Figure 2. The Impact of Ferric Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation of
the mean)
LOF E3: Figure 3 - Impact of Ferric dosing on ZSV (Phase 3)

Figure 3. The Impact of Ferric Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation of
the mean)
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LOF F- Figures of the Impact of Calcium dosing on ZSV phase 1-2
LOF F1: Figure 1- Impact of Calcium dosing on ZSV (Phase 1)

Figure 1. The Impact of Calcium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation
of the mean)
LOF F2: Figure 2 - Impact of Calcium dosing on ZSV (Phase 2)

Figure 2. The Impact of Calcium Dosing (mg/L) on ZSV (m/h) (Error bars represent standard deviation
of the mean)
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LOF G- Figures of the Impact of Aluminium dosing on SSVI phase 1-5
LOF G1: Figure 1- Impact of Aluminium dosing on SSVI (Phase 1)

Figure 1. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard
deviation of the mean)
LOF G2: Figure 2- Impact of Aluminium dosing on SSVI (Phase 2)

Figure 2. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard
deviation of the mean)
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LOF G3: Figure 3 - Impact of Aluminium dosing on SSVI (Phase 3)

Figure 3. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard
deviation of the mean)
LOF G4: Figure 4- Impact of Aluminium dosing on SSVI (Phase 4)

Figure 4. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard
deviation of the mean)
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LOF G5: Figure 5 for of Impact of Aluminium dosing on SSVI (Phase 5)

Figure 5. The Impact of Aluminium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard
deviation of the mean)

LOF H- Figures of the Impact of Ferric dosing on SSVI phase 1-3
LOF H1: Figure 1- Impact of Ferric dosing on SSVI (Phase 1)

Figure 1. The Impact of Ferric Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard deviation
of the mean)
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LOF H 2: Figure 2- Impact of Ferric dosing on SSVI (Phase 2)

Figure 2. The Impact of Ferric Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard deviation
of the mean)
LOF H 3: Figure 3- Impact of Ferric dosing on SSVI (Phase 3)

Figure 3. The Impact of Ferric Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard deviation
of the mean)
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LOF I- Figures of the Impact of Calcium dosing on SSVI phase 1-2
LOF I1: Figure 1- Impact of Calcium dosing on SSVI (Phase 1)

Figure 1. The Impact of Calcium Dosing (mg/L) on SSVI (mL/g) (Error bars represent standard deviation
of the mean)
LOF I2: Figure 2- Impact of Calcium dosing on SSVI (Phase 2)

Figure 2. The Impact of Calcium Dosing (mg/L) on SSVI (mL/g) (error bars represent standard deviation
of the mean)
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