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Abstract

Acid mine drainage and the associated contaminants, including As and metals, are an ongoing
environmental issue. Passive remediation technologies have the potential to remove As from
mine waste effluents. A series of laboratory column experiments was conducted to evaluate the
effectiveness of varying mixtures of organic carbon (OC), zero-valent iron (ZVI), and limestone
for the treatment of As, metals, SO4>, and acidity in groundwater from an abandoned gold mine.
The onset of bacterially-mediated SO4? reduction was indicated by a decrease in Eh, a decline in
aqueous SO4? concentrations coupled with enrichment of §**S, and the presence of sulfate-
reducing bacteria and H>S. Removal of As was observed within the first 3 cm of reactive
material, to values below 10 pg L%, representing >99.9% removal. An increase in pH from 3.5 to
circumneutral values and removal of metals including Al, Cu, and Zn was also observed.
Synchrotron results suggested As was removed through precipitation of As-crystalline phases
such as realgar and orpiment, or through adsorption as As(V) on ferrihydrite. The results indicate

the potential for a mixture of OC and ZV1 to remove As from acidic, mine-impacted water.
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1. Introduction

One of the major sources of arsenic (As) in groundwater is mining. Gold (Au) mining in
particular results in large amounts of As in wastes because As-bearing minerals are commonly
present in Au-bearing ore bodies. During mining, rock is excavated to access the ore bodies,
resulting in the production of large volumes of waste rock. Processing to concentrate valuable
metals results in the production of fine-grained mill tailings that are typically deposited into
impoundments. Arsenic occurs in waste rock and tailings in the form of gangue minerals and
recalcitrant sulfide ore, including arsenopyrite (FeAsS), arsenian pyrite (As-rich FeS;), and As-
bearing Fe oxyhydroxides (Blowes et al., 2014). Unmanaged tailings deposits and waste-rock
piles are of particular concern due to the potential for the oxidation of sulfide minerals (Blowes

etal., 2014):

FeSy () + 202+ Hy0 — 2507 + Fe?* + 2H* [1]
and the oxidation of ferrous Fe:

Fe?* + 20, +2Hy0 - Fe(OH) ) + 2H* 2]

H* is released in the above reactions, resulting in increased acidity. Sulfate (SO4%) and
metal(loid)s are also released into groundwater during oxidation processes (Blowes et al., 2014;
Evangelou and Zhang, 1995). Tailings deposits can be of concern due to the potential to leach
metals and metalloids into nearby water systems, resulting in contaminated acidic water that can
persist for decades or centuries (Blowes and Jambor, 1990; Blowes et al., 2014; Moncur et al.,
2005; Sprague et al., 2016). Migration of fugitive tailings downstream may result in the

dispersion of metal(loid)-rich water and sediment into nearby environments, especially in cases



where migration does not result in reduced toxicity (Sprague et al., 2016). Leaching of
contaminated groundwater is especially prevalent at mine sites where the tailings are deposited
without engineered containment. In carbonate-rich systems, low pH acidic drainage is often
neutralized (Blowes et al., 2014). However, after the neutralization capacity is exceeded, the pH
may decrease and the concentrations of other contaminants may again increase. Such acidic

waters can pose a health risk to humans and organisms living nearby.

An established approach for the remediation of As-contaminated groundwater is permeable
reactive barriers (PRBs). PRBs are passive, in situ barriers placed within the subsurface directly
in the path of groundwater flow and contaminant transport (Blowes et al., 1998). The barrier is
filled with material that reacts with the target contaminant. PRBs utilize processes such as

adsorption, precipitation, and reduction to effectively remove and stabilize contaminants.

Zero-valent iron (ZVI) is often used in environmental remediation. Several laboratory studies
have examined the processes by which ZVI removes As from water (Bain et al., 2002; Biterna et
al., 2007, 2010; Lien and Wilkin, 2005; Su and Puls, 2001). Anaerobic corrosion of ZVI by

water releases Fe(ll) through (Gould, 1982):
2H,0 + Fe® > Fe?* + 20H™ + H, [3]

The release of Fe(Il) allows for solid phases such as Fe (oxy)hydroxides and ferrous hydroxy
carbonate to form (Jeen et al., 2007), which create highly reactive surface sites to which As can
adsorb, and allows for retention of both As(l11) and As(V) (Bang et al., 2005; Ludwig et al.,
2009; Su and Puls, 2001). Furthermore, As can co-precipitate with green rust (Lien and Wilkin,
2005), which incorporates into the structure of pyrite during SO+ reduction (Blowes et al.,

2014) and, over time, may result in a more effective PRB (Su and Puls, 2001). Previous



laboratory studies confirm the effectiveness of ZV1 for removing As from water through co-

precipitation and adsorption processes.

Organic carbon (OC) is another reactive material often utilized for environmental remediation.
The addition of OC substrates promotes the growth and activity of sulfate-reducing bacteria

(SRB) and results in bacterially-mediated SO4% reduction (Benner et al., 1997):
SO~ + 2CH,0 + 2H* - H,S + 2C0, + 2H,0 [4]

The hydrogen sulfide produced reacts with soluble metals (Me) to form metal sulfide minerals

(Ludwig et al., 2002):
H,S + Me** — MeS(;) + 2H* [5]

In addition to reaction [5], other elements such as As can react with H>S to form sulfide minerals
(Benner et al., 1997). If As-bearing sulfide metals are precipitated in an environment where Oz is
limited, As is effectively immobilized provided the system remains anaerobic and oxidation
reactions are limited. Such environments include fully saturated locations, such as tailings ponds.
Past experiments have utilized OC in the form of compost, wood chips, and leaf compost
(Benner et al., 1997; Lindsay et al., 2011b; Ludwig et al., 2009; Waybrant et al., 2002).
Furthermore, varied mixtures of OC sources have been found to be more effective for

contaminant removal as opposed to a single source (Waybrant et al., 1998, 2002).

Long Lake is an abandoned Au mine, near Sudbury, Ontario (Figure A.1), with elevated
metal(loid) concentrations in groundwater and tailings porewater. All of the tailings produced
during the milling process were deposited into three tailings areas (Figure A.2) and capped with
a layer of sand (CH2MHill, 2014). The downstream migration of tailings has led to the formation
of a tailings delta at the southwestern end of Long Lake. Arsenic is the primary contaminant of
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concern in the Long Lake tailings impoundment. Elevated concentrations of SO42 as well as Fe,

Al, and other metals are also observed.

Although several studies have explored the effectiveness of OC and ZV1 for the removal of As
and other metal(loid)s from mine-impacted water (Guo & Blowes, 2009; Jeen et al., 2014;
Pagnanelli et al., 2009), there is limited information on the potential for these materials to sustain
low concentrations of As under acidic conditions with pH values as low as 3. Groundwater from
the Long Lake tailings is unique due to its low pH and high As and metal concentrations. To
increase the understanding of the mechanisms contributing to contaminant removal under these
challenging conditions, synchrotron-based techniques (bulk XANES, uXANES, uXRF) to
evaluate As and S speciation have been integrated with culture-dependent and culture-

independent techniques to investigate the underlying microbial processes.

2. Materials and Methods

2.1 Column Design and Experimental Setup

Four acrylic columns (30 cm long, 5 cm internal diameter) were used for the column experiments
and named TO, T1, T2, and T3, respectively. Different mixtures were tested to study the
influence of OC on the efficacy of SO4% reduction and overall treatment. Each was filled with
various quantities of reactive material (Table 1), composed of silica sand (SS) (U.S. Silica
Company), pulverized limestone (Beachville Quarries), granular ZV1 (Connelly-GPM), and OC
in the form of composted leaf mulch and wood chips (Waterloo Regional Landfill) obtained in
the summer of 2018. The silica sand particles ranged from 0.60 mm to 1.18 mm (20-30 standard
sand ASTM C778) and the ZV1 particles were predominantly in the 0.30 mm to 2.36 mm size

range. The mixture of OC and ZVI was thoroughly mixed with silica sand, to increase



permeability, and limestone, to neutralize the acidic pore water. The characteristics of the
reactive material used for the mixtures are summarized in Table A.1. Approximately 2 g of
organic-rich sediment collected from Laurel Creek, Waterloo was spread throughout each of the
four columns during packing to enhance the growth of bacterial populations in the reactive
material. Each column was fit with an influent and effluent port, 13 water sampling ports spaced
at 2-cm intervals along the length of one side of the column, and 8 larger solid sampling ports
spaced at 3.25-cm intervals along the opposite side of the column. A 3-cm layer of nonreactive
silica sand was placed at both the influent and effluent ends of the column to separate the
reactive mixture from the end ports (Figure A.3; Liu et al., 2014). The layers of silica sand were
bounded by coarse- and fine-mesh NITEX™ screens. Prior to the start of groundwater pumping,

the columns were flushed with CO> gas to displace the air within the columns.

A feed solution with 5% Na-lactate and 1000 mg L™ SO4> was then pumped through the
columns to saturate the reactive material (Waybrant et al., 2002). Post-saturation, the influent
and effluent ends of the columns were clamped before the columns were transferred into an
anaerobic chamber and left for 12 d to allow the growth of bacterial populations. The columns
were then subjected to continuous pumping of As-bearing groundwater collected from the Long
Lake site. Water was pumped from the bottom upwards through the columns at an average rate
of 3.24 mL h? using a multi-channel peristaltic pump (Ismatec and Rainin Dynamax). The flow
rate of the columns was approximately three times the flow rate of groundwater near the source
piezometer. The influent water was collected monthly from the site to reduce any potential
changes in the As(l11):As(V) ratio during storage. Part way through the experiments, it became
apparent that As was precipitating from the influent water before it was pumped through the

columns. A spike of As(l11) and FeSO4 was used to increase the As and Fe concentrations going



into the columns. The influent water was sampled every week to confirm the composition of the
groundwater and ensure no major changes in geochemistry had occurred. The average chemical
composition of the influent solution is shown in Table A.2. The column experiments were
conducted for 30 (to 32) weeks. During this time, a number of pore volumes (PVs) passed
through each column (60 PVs for TO, 35 PVs for T1, 52 PVs for T2, and 51 PVs for T3; Table

1). The influent PVs for all graphs correspond to the PVs from column TO.

Table 1. Mean composition (dry wt. %), flow rate, residence time, porosity, and total pore volumes

passed through each column.

Organic  Zerovalent  Silica ) )
Column Limestone Avg Flow Residence

Carbon Iron Sand ) Total PV  Porosity

Name (wt. %) Rate (mL h) Time (d)

(wt. %) (wt. %) (wt. %)

TO 0:0 0 0 90 10 3.0 3.69 59.9 0.37
T1 40:10 40 10 45 5 3.1 6.41 34.5 0.64
T2 30:20 30 20 45 5 3.4 4.67 52.3 0.47
T3 20:30 20 30 45 5 34 4.59 50.9 0.45

2.2 Sample Collection

2.2.1 Effluent/Influent and Port Sampling

Water sampling took place directly in the glovebox. Collection of effluent and influent samples
was conducted approximately once a week; secondary sampling was conducted four to five times
over the course of the experiment. Effluent and influent sampling included the collection of
samples for pH, Eh, alkalinity, and determination of the concentrations of cations, anions,
nutrients (NHs-N and PO4-P), and dissolved HS. Secondary sampling included the collection of

water for the determination of dissolved organic carbon (DOC), dissolved inorganic carbon



(DIC), carbon isotopes, and sulfur isotopes. To assess changes in geochemistry along the length
of the columns, two profiles were collected over the course of the experiment. Profile samples
were collected using a glass syringe starting at the effluent end of the column moving
downwards, to prevent disturbance to flow. Water samples were collected from the effluent ports
using 100-mL amber glass bottles that were connected using 0.32-cm outer diameter Teflon
tubing and 0.32-cm outer diameter Pharmed® BPT tubing to 1-L polyethylene and amber
bottles. All samples were collected using syringes and passed through a 0.45-um filter
(Acrodisc®) into polyethylene bottles. Samples were preserved with 67-70% OmniTrace®
HNO3 for analysis of cations and trace elements and with 95-98% A.C.S. Reagent H2SO4 for
DOC and nutrient analyses, to a pH < 2. Samples for anions, DIC, §'3C, and 84S were not
acidified. Samples for analysis of DIC were frozen prior to analysis. All other samples were

refrigerated.

2.2.2 Solid-phase Sampling

Prior to removing solid material from the columns, the pumps were turned off and both ends of
the column were clamped to prevent water from entering or leaving. Each column was placed
horizontally with the solid sampling ports facing upward (Figure A.3). Ports were opened one at
a time and material (12-15 g) removed using a sterilized metal scoopula, then placed in
centrifuge tubes. The columns were then opened from the top and sectioned every 3 to 5 cm and
material samples were placed in 20-mL glass vials. The glass bottles were sealed with vinyl tape

and stored in the freezer until sample analysis.



2.3 Analytical Methods

2.3.1 Aqueous Analysis

The pH (Orion 3 Star meter connected to an Orion 815600 Ross Combination pH Probe) and Eh
(Orion 3 Star meter connected to an Orion 9678B NWD Sure-Flow Combination redox
electrode) were measured immediately after collection on unfiltered samples. The pH electrode
was calibrated daily using pH 4, 7, and 10 buffers (traceable to NIST). The Eh electrode was
checked for response against Zobell’s and Light’s solutions prior to sampling. Alkalinity (Hach
digital titrator and bromocresol green-methyl red indicators; Method 10244 from the HACH
Hydraulic Fracturing Water Analysis Handbook, Edition 8) was measured immediately on

filtered samples.

Samples from the water sampling ports, as well as influent- and effluent-water samples, were
analyzed at the University of Waterloo, Groundwater Geochemistry and Remediation
Laboratory, to determine concentrations of dissolved cations (inductively-coupled plasma mass
spectrometry, Thermo Fisher Xseries IlI; inductively-coupled plasma optical emissions
spectroscopy, Thermo Fisher iCAP 6000), dissolved anions (ion chromatography, Dionex IC-
CO0:3), and DIC and DOC (total organic carbon method, Aurora 1030 TOC Analyzer). Using a
spectrophotometer (HACH DR 2800), concentrations of dissolved aqueous sulfide were
measured using the methylene blue spectrophotometric method (Method 8131, DR 2800
Manual), NHs-N using the salicylate method (Method 10031/10032, DR 2800 Manual), and

POs-P using the ascorbic acid method (Method 8048, DR 2800 Manual).
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2.3.2 Environmental Isotopes

Samples for determination of 5'3C were collected in 40-mL amber glass bottles and kept in the
freezer prior to analysis by the Environmental Isotope Laboratory at the University of Waterloo.
Samples for 534S were collected in polyethylene bottles and kept in the fridge until analysis prior
to submission to the Isotope Science Laboratory at the University of Calgary where BaSO4 was

precipitated out of the sample before being analyzed for 534S.

2.3.3 Carbon-Sulfur Analyzer

Samples for C/S measurements were anaerobically freeze-dried prior to analysis using an
ELTRA CS 2000 Carbon Sulfur Determinator. After freeze-drying, the samples were transferred
into an anaerobic chamber. A magnet was used to separate ZV1 and dust from the OC. Due to the
large variability in the reactive material (limestone, wood chips, leaf compost, etc.) and the
inability to separate all components, measured C was determined to not provide an accurate

representation of the C content. Therefore, only the S wt. % was used.

2.3.4 Culturable Heterotrophic Microorganisms

Microbiological analyses using the most probable number (MPN) technique were conducted on
solid samples to enumerate SRB and neutrophilic heterotrophs (nH). For SRB, triplicate solid
samples (1 g) were added to 20-mL serum bottles that contained 9 mL of a modified Postgate C
medium (Postgate, 1984), which was at a pH of 7.5 and contained 2.92 g L™! Na-lactate (60%),
1.28 g L'! Na acetate, and a resazurin supplement to indicate anaerobic conditions (Benner et al.,
1999; Lindsay et al., 2008; Paulson et al., 2018). Following the MPN technique, the serum
bottles were serially diluted (Gould et al., 2003). After being inoculated, the bottles were

incubated in an anaerobic chamber for 5 weeks, after which inspection of the serum bottles
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commenced. The presence of a black precipitate indicated biogenic H2S production via SO4*
reduction. Populations of SRB were counted following the MPN technique (Cochran, 1950). For
nH, each sample was serially diluted and plated onto R2A agar (Sigma Aldrich, USA). The
plates were incubated aerobically at room temperature (~23 °C) without agitation. After 7 d, the
colony forming units were counted. Duplicates were determined by two successive dilutions that

showed colony growth.

2.3.5 DNA Extraction and Illumina MiSeq Sequencing

Total genomic DNA was extracted in duplicate using DNeasy PowerSoil Kits (Qiagen Inc.,
Germany) on solid samples stored at —20 °C. DNA samples were submitted for 16S rRNA gene
amplicon sequencing to Metagenom Bio Inc. (Toronto, Canada). The modified universal primers
515F/806R (Walters et al., 2015) were used to amplify the V4 region of 16S rRNA genes,
followed by Illumina MiSeq sequencing. Sequencing data were processed using the Mothur
program v.1.39.5 (Schloss et al., 2009) and Mothur MiSeq Standard Operating Procedure
(Kozich et al., 2013), as described by Pakostova et al., 2020. In short, clustering of operational
taxonomic units (OTUs) was conducted at a 97% similarity level using a de novo OTU picking
process and the Silva database (release 132 for Mothur, downloaded 18/03/2019) was used as a
reference for taxonomic annotation. Relative abundances of sulfate-reducing bacteria (SRB)
were obtained by screening the taxonomy file for prokaryotic genera (or in a few instances
higher taxa when identification to the genus level was not possible) containing at least one
species with the investigated metabolic trait. Table A.3 shows a list of SRB detected in the

samples, as well as their mean % of total reads (in the whole data set, not individual samples).
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2.3.6 Light Microscopy and SEM

Subsamples of the solids collected from the columns were sent to Spectrum Petrographics
(Vancouver, Washington) for thin section preparation. Samples were anaerobically freeze-dried
prior to submission and stored in an anaerobic chamber to prevent exposure to atmospheric Oa.
Double-sided, polished, thin sections were prepared by mounting samples with Krazy Glue®
onto a Suprasil 2A quartz plate. These slides were suitable for synchrotron-based pX-ray

fluorescence (UXRF) and pX-ray diffraction (LXRD) analyses.

Thin sections were examined under both reflected and transmitted light using a Nikon Eclipse
LV100N POL polarized light microscope to identify OC and ZV1 grains. Grains of interest were
marked on the slide and analyzed to determine the percentage of elements in the grain using
scanning electron microscopy (SEM) and electron dispersion X-ray analysis (EDX) (Hitachi

TM3000 Tabletop SEM coupled with a Bruker QUANTAX 70 EDS).

2.3.7 Synchrotron Analyses

Thin sections were analyzed using synchrotron uXRF mapping of As on beamline 20-ID at the
Advanced Photon Source (APS) in Lemont, Illinois. Locations of interest on the grain were
further analyzed for As puX-ray absorption near edge structure (UXANES). Synchrotron pXRF
mapping of S was conducted on one thin section using beamline SXRMB at the Canadian Light
Source (CLS) in Saskatoon, Saskatchewan. Points of interest on the grain were analyzed with S

LXANES.

Samples of ZVI prepared for bulk S XANES analyses at the CLS were collected from the

column under anaerobic conditions and then frozen in liquid N». The frozen samples were
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crushed under anaerobic conditions using a mortar and pestle, to remove grain coatings, sieved,

and stored in 2-mL vials which were kept in an anaerobic chamber before transport to the CLS.

Processing of LXANES, XANES, and uXRF data was carried out using the program ATHENA
(Ravel and Newville, 2005). Two to four scans were merged in i(E) to reduce noise and create
data that were easier to fit and interpret. In cases where beam damage was apparent, only the first
scan was used. The merged scans were energy shifted with respect to the reference standard
gypsum, that was collected during the same beamline time. Linear combination fitting (LCF) of
(L)XANES provides a quantitative assessment of the species and, in some cases, can predict the

phases present in the solid material to +5-10 % (Foster and Kim, 2014).

2.3.8 Data Interpretation

Removal of As from all four columns was calculated from the cumulative mass in the column
influent minus the cumulative mass in the column effluent. Mass removal was based on weekly
gravimetric determinations of water volume combined with analytical determinations of As
concentrations. Sulfate removal rates were calculated for each of the treatment columns (T1, T2,
and T3). The best-fit SO4> reduction equation was based on observed SO4> removal for each
column (SigmaPlot, SPSS Inc.). The rates were further normalized to per weight (g) of dry OC
(Lindsay et al., 2008; Waybrant et al., 1998). Data from the column experiments were input into
the geochemical modelling software PHREEQCI using the WATEQA4F (Ball and Nordstrom,

1991) database to determine the saturation indices.
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3. Results

3.1 Water Chemistry

3.1.1 Geochemical Conditions

The geochemical conditions in treatment columns T1, T2, and T3 exhibited similar
characteristics in terms of effluent pH, Eh, and alkalinity (Figure 1). Due to differences in
reactive materials and column packing the pore volume and velocity differed between the
columns (Table 1). Column 1 had the greatest pore volume and lowest velocity, whereas Column
TO had the smallest pore volume and the greatest velocity. The column residence times varied
from 3.69 d (Column TO) to 6.41 d (Column 2), For simplicity, the influent water chemistry is
plotted relative to the residence time of Column TO. The influent water pH remained at a mean
value of 3.5 throughout the experiment; mean effluent pH values were 7.3, 7.6, and 7.9 for T1,
T2, and T3, respectively. Column TO (0 wt. % ZVI) exhibited similar pH values, with a mean
effluent of 7.2. A sharp initial increase in pH within the first 3 cm was observed in all four
columns (Figure 2). The mean influent Eh value was 406 mV, and column effluents had a mean
Eh of 32, 5, =5, and =27 mV for TO to T3, respectively. A sharp initial decrease in Eh was
observed in all four columns within the first 3 cm of reactive material but subsequent Eh values
remained near 0 mV (Figure 2). Effluent alkalinity was initially high in the first 5 PVs of flow,
then tapered off to lower, more constant, values after approximately 6 PVs. The mean influent
alkalinity was close to 0 mg L as CaCOj3 and the four column effluents had mean values of
1870, 2610, 2140, 2230 mg L as CaCOs for the first 5 PVs, and 163, 278, 248, 251 mg L as
CaCOg for the remainder of the experiment (TO to T3; Figure 1). A substantial increase in

alkalinity along the length of the column occurred early in the experiment (Figure 2). Near the
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end of the experiment, the magnitude of alkalinity increase was lower. The mean alkalinity in all

four columns, not including the initial increase, was close to 100 mg L as CaCOs.
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Figure 1. pH, Eh, and alkalinity versus number of PVs in the influent and effluent of the four columns.

The OC:ZVI ratio in column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.

16



TO 0:0 T140:10 T2 30:20 T3 20:30
30 4
__ 25| —A—2PV - | 1PV —v— 1PV
£ —A— 47PV & 27PV —v— 38PV
S 20 B
g 15 - g
% 10 8
o 5] |
0 T i T T [} T T T T T T wWT T T T
0 2 4 6 8 10 12 0 2 4 6 8 10 12 0 2 4 6 8 10 12
pH pH pH
30 —4
25 g
5 20 §
8 15 - o
2 10 - .
8 4| i
0 T T = T T A AN 4
-400 0 400 800 -400 0 400 800 - 400 0 400 800
Eh Eh Eh
30 A
_. 25
§ 20 4
Q
é 15 7
# 10
o 4
4
T T 1 T
0 4000 8000 O 4000 8000 0 4000 8000 0 4000 8000

Alkalinity (mg L™ as CaCO,) Alkalinity (mg L™ as CaCO;) Alkalinity (mg L™ as CaCO,) Alkalinity (mg L™ as CaCO;)

Figure 2. pH, Eh, and alkalinity in agueous samples collected along the length of columns TO, T1, T2,
and T3 at two different time points. Each column of graphs represents a different experimental column.
Distance 0 cm represents the influent concentration and 30 cm represents the effluent concentration. The

OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.

3.1.2 As

The concentrations of As in the influent water were as high as 10 mg L (Figure 3). The influent
As concentration declined sharply at 21 PVs and remained low until 35 PVs, at which time As
and Fe were added to the influent water. From 8 to 21 PVs, the As concentration varied between
2000 and 5500 pg L (Figure 3). After 21 PVs, the concentration declined to between 20 and
270 pg L. Variations in influent As concentration occurred over the course of the experiment,

likely due to O2 exposure. During storage of water from the time of collection until use,
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precipitation of As occurred, resulting in variable influent concentrations. Because of this, the
influent solution was spiked to 6800-9600 g L™ As from 35 PVs until the conclusion of the

experiment.
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Figure 3. Concentrations of As, Fe, and SO.* versus number of PVs in the influent and effluent of the
four columns. Input of As was discontinuous throughout the experiment, with concentrations varying
between four main stages (left). A spike of As and Fe was added at the third grey dashed line (35 PV5s)
following the end of stage I1l. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is

20:30.

Mean As concentrations in the column effluents were 3.6 mg L?, 3.9 ug L, 2.7 ug L, and 2.2
ug L for columns TO to T3, respectively. The first column profile was collected following the
initial flush of groundwater through the reactive columns. During this time, As concentrations
going into the columns were low (57.5 pg L™ for TO/T1; 16 pg L™ for T2/T3). Despite low
concentrations, all four columns showed a decrease in As concentrations upon reaching the first
sampling port (Figure 4). Arsenic concentrations dropped below 10 pug L™ in T1, T2, and T3 but
not TO. The second column profile was collected near the end of the experiments after 47, 27, 40,
and 38 PVs for TO to T3, respectively. The mean As concentration in the column influent was
8.9 mg L%, Pronounced removal of As was observed within the first 3 cm of T1, T2, and T3,

whereas As concentrations remained elevated throughout the column length in TO (Figure 4).
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Figure 4. Concentrations of As, Fe, and SO4> in aqueous samples collected along the length of columns
TO, T1, T2, and T3 at two different time points. Each column of graphs represents a different
experimental column. Distance 0 cm represents the influent concentration and 30 cm represents the

effluent concentration. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.

3.1.3Fe

The influent Fe concentration ranged from 11 to 58 mg L, with a mean of 13.6 mg L™ prior to
the FeSO4 spike, and a mean of 52.3 mg L* following the addition of FeSO. (Figure 3). Starting
at 35 PVs, dissolved Fe(ll), as FeSO4, was added to the influent, increasing concentrations to
between 45-60 mg L. The mean concentrations of Fe in the column effluents of TO, T1, T2, and
T3 were 26.1, 50.0, 26.2, and 16.8 mg L%, respectively (Figure 3). Column profile chemistry

samples were collected two times during the experiment (Figure 4). The early profile showed an
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increase in Fe concentrations along the length of all columns. A larger change in concentration
between the profile influent and effluent was observed in columns TO and T1 (25 to 200 mg L™),
whereas the change was less pronounced in columns T2 and T3 (25 to 100 mg L™?). The second
profile, collected at a later PV, showed the opposite trend. Iron concentrations decreased along
the column length in all four columns, with T3 and T2 exhibiting the largest decrease in Fe

concentrations along the column length, followed by T1 and then TO (Figure 4).

3.1.4 Non-ferrous Transition Metals

The mean influent concentrations of dissolved metals varied (6.8 mg L™ Al, 0.25 mg L Co, 0.23
mg L1Ni, 0.14 mg Lt Cu, 0.27 mg L™ Zn, and 0.31 pg L™ Cd; Figure 5). The effluent metal
concentrations were less than 5 pg L™, except for Al which was < 25 g L™ for all columns. A
sharp decrease in Al, Cu, and Co within the first 3 cm of reactive material was observed in
columns T1, T2, and T3, followed by constant values for the remainder of the column length
(Figures A.4, A.5). Profiles of Ni, Cd, and Zn concentrations show a sharp initial decrease,
followed by variable concentrations along the length of columns T1, T2, and T3. Similarly, a
sharp initial decrease was observed in column TO for Al and Cu after which concentrations
remained constant for the remainder of the column. For Zn and Cd in column TO, a similar trend
to Al and Cu was observed at 47 PVs but, at 2 PVs, the concentrations were variable throughout
the column length, with concentrations decreasing at the effluent end. Concentrations for Co and

Ni progressively decreased along the length of column TO (Figure A.4).
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Figure 5. Concentrations of metals (Al, Cd, Co, Cu, Ni, and Zn) versus PVs in the influent and effluent of

the four columns. The OC:ZV!I ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.

3.1.5 Sulfur Geochemistry

Both SO4> and dissolved aqueous sulfide (S*/H.S) concentrations were measured in the column
influent and effluent (Figure 6). The mean influent SO4>* concentration was 214 mg L. The
mean column effluent SO4> concentrations were 236, 26.2, 42.2, and 49.7 mg L™ for TO to T3,
respectively. Port measurements for columns T1, T2, and T3 showed similar rates of SO4*
removal for both profile sampling episodes (Figure 4). The first profile sampling episode
showed a sharp initial decrease in SO42, prior to reaching the first sampling port, with no further
decline over the remainder of the column length. The decrease in SO4% concentrations was more
gradual during the second profile episode, measured toward the end of the experiment. The

opposite trend was observed at 2 PVs for TO, with SO4> concentrations increasing substantially
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along the column length. At 47 PVs, SO+ concentrations decreased minimally, remaining

relatively constant along the column length.
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Figure 6. Top row: Concentrations of S* compared to §**S-SO4 values in aqueous samples collected
along the length of columns TO, T1, T2, and T3. Bottom row: Concentrations of dissolved inorganic
carbon (DIC) are compared to §**C-DIC along the column length. Data are from the second vertical

profile collected. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.

The dissolved aqueous S? concentration in the influent water was relatively low, with a mean
concentration of 5.8 pg L (Figure A.6). The mean column effluent S?* concentrations were
>800 pg L for TO and 28.0, 31.6, and 39.3 pg L for T1 to T3, respectively. Column TO had
high initial S?" concentrations in the effluent, with values up to 24 mg L™ at 4.5 PVs (Figure
A.6). The maximum S? concentrations in the treatment columns were generally much lower than

observed in TO. The column profiles for T1, T2, and T3 showed varied concentrations of S
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along the column in the first collected profile but an increase in S* along the length of the
column in the second profile (Figure A.7). The S* concentrations in both profiles collected for
TO showed very low concentrations of S?” along the column length, which contrasts with the high
concentrations observed in the TO effluent. This discrepancy may be due to the build-up of black,
sulfide precipitate in the effluent collection bottle of TO during the experiment. It is possible that
the initial saturation of Na-lactate and flush of groundwater mobilized the organic-rich sediment
that had been added to the column during packing. This sediment along with the sulfide
precipitate in the effluent bottle may have contributed to the higher S? concentrations observed
in TO and would explain the discrepancy between the S values along the TO profile and the

higher effluent values.

The sulfur isotope ratio of the influent was 6.5 %o. Sulfur isotope ratios measured along the
column length (second profile) showed a progressive enrichment of §**S-SO4, with maximum
values 0of 28.7, 16.0, and 24.7 %o in T1 to T3, respectively (Figure 6). The extent of enrichment
may not be properly represented for column T2 because one less measurement was made due to
sample limitations. Column TO demonstrated an initial decrease in §**S-SO4 ratio to 3.0 %o,

followed by relatively constant values for the remainder of the column length.

3.1.6 Carbon

High DOC concentrations of up to 6000 mg L™ as C were observed in all four column effluents
during the first 5 PVs, after which concentrations decreased to between 0 and 30 mg L (Figure
A.8). The highest concentrations of DOC were observed for columns TO and T1 (6028 and 5764
mg L%, respectively), followed by T2 and T3 (3330 and 4121 mg L™, respectively). Profiles

collected for all four columns showed an increase in DOC along the column length, followed by
a slight decrease in the effluent (Figure A.8). A gradual increase in DIC values was observed in
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all four columns, with the highest value observed in the effluent of T1 (31 mg L as C), followed
by T2 (25 mg Lt as C) and T3 (14 mg L™ as C) (Figure 6). A slight increase in DIC occurred
near the influent end of TO, followed by values of 3-5 mg L™ as C over the remainder of the

column length.

The mean §*3C-DIC values for the unreacted column materials were 2.4 %o for limestone, —27.1
%o for leaf compost, and —24.6 %o for wood chips. The §*3C-DIC trend displays a negative,
depleted $**C-DIC value of —23.6 %o in the influent water (Figure 6). Sharp increases in §**C-
DIC to —8.8 %o (T1), —=7.6 %o (T2), and —2.3 %o (T3) were observed within the first 3 cm of
reactive material; following this initial increase, gradual decreases in §**C-DIC values were
observed along the length of each column. A sharp increase from —23.6 to 0 %o 8*3C-DIC was
observed in column TO, after which values remained relatively constant over the remaining

length of the column.

3.1.7 Nutrients

The mean influent NHs-N concentration was 0.85 mg L™ with a maximum of 1.56 mg L™ as
NHz-N (Figure A.6). In the first 6-7 PVs, the NH3-N effluent concentrations were up to 6.7, 6.2,
and 8.3 mg Lt as NHs-N in T1 to T3, respectively. However, after the initial increase,
concentrations remained relatively constant at values below 1 mg L. The PO4-P concentrations
in the influent ranged from 0.31 to 1.56 mg L%, with a mean of 0.18 mg L™ (Figure A.6). The
column effluent POs-P concentrations reached maximum values during the first 13-15 PVs
followed by decreases to near 1 mg L™ as PO4-P. The highest PO4-P values observed in T1, T2,
and T3 were 3.6, 4.6, and 2.5 mg L as PO4-P, respectively. Effluent values of NHs-N and PO4-P
observed for column TO were similar to the influent. No obvious trends in NH3-N values were
observed along the column length for TO, T2, and T3, but column T1 demonstrated a decrease in
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NHz3-N concentrations at around 10 cm, followed by relatively constant concentrations for the
remainder of the column (Figure A.7). Phosphate profile measurements for all four columns

showed a general decrease in PO4-P from the influent to the effluent (Figure A.7).
3.2 Microbiology

3.2.1 Culturable Heterotrophs

Populations of culturable SRB and nH were enumerated in the solid material collected from four
locations on each column (Figure A.9). SRB populations remained relatively constant between
102 and 10° bacteria g* in columns T1, T2, and T3, while no culturable SRB were detected in
column TO. Enumerations of nH bacterial populations for columns T1, T2, and T3 were 108-107
bacteria g and near 10* bacteria g™* for column TO. No obvious trends in nH populations were
observed along the column length for T1, T2, and T3. Column TO demonstrated a progressive

increase in nH populations from the influent to the effluent end (Figure A.9).

3.2.2 DNA Analysis

16S rRNA gene amplicon sequencing of the solid material indicated the presence of SRB in all
four columns. Of the SRB identified, the five most abundant genera were Desulfovibrio,
Desulfobulbus, Desulfomicrobium, Desulfuromonas, and Desulfobacter (Figure 7). The relative
abundance of SRB along the column lengths varied between 3.0 and 10.0% (T0), 2.4 and 4.1%
(T1), 3.3 and 6.7% (T2), and 4.7 and 6.8% of total reads (T3) (Figure 7). In all three treatment
columns, the highest total number of reads of SRB was observed closest to the influent end. The
most abundant genus in TO was Desulfobulbus, whereas Desulfovibrio was the most abundant

genusinT1, T2, and T3.
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Figure 7. Relative abundance of known SRB identified through 16S rRNA amplicon sequencing in the
solid material collected along the length of columns TO, T1, T2, and T3. The five most abundant genera
are plotted, and the remaining SRB grouped separately. The total number of reads of SRB obtained during
sequencing (top bar) and the percentage of total reads including the distinction between major SRB

genera (bottom bar) are shown.
3.3 Mineralogy

3.3.1 Reflected and Transmitted Light Microscopy and SEM

Reflected and transmitted light microscopy was used to identify minerals in the starting materials

and in samples collected from the columns at the end of the experiments. Unreacted grains of
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ZV1 were analyzed to observe the structure and properties of the grains prior to the experiments
(Figure A.10). This examination was used to distinguish whether reaction rims around the ZVI
were due to chemical reactions in the column or if they were present prior to the experiments.

Grains of interest were further examined with SEM to determine the dominant elements present

in the grain.

The dominant sulfide mineral present in the reactive mixtures at the end of the experiment was
pyrite, which occurred as framboids, both as clusters and as individual, isolated framboids. No
single crystals or cubes of pyrite were observed. Small amounts of chalcopyrite (CuFeS,) and
pyrrhotite (Fe@-xS) were also observed. Iron sulfide precipitates were observed between grains
of silica sand and as rims around the ZV1 grains (Figure A.11). Internal cell structure was
observed in the OC, with occasional infilling by Fe sulfide (Figure A.12). The occurrence of

both Fe and S in the secondary precipitates was confirmed by SEM-EDX.

Iron (oxy)hydroxides, both as separate grains and as corrosion products on ZV1, were observed.
These corrosion products often replaced substantial sections of the ZV1 grain and varied in

texture.

3.3.2 Solid Sulfur

The average wt. % S content measured in the solid material from the treatment columns was
compared to the agqueous SO+ concentrations (Figure A.13). The S content of unreacted
material was 0.12 wt. % for leaf mulch, 0.04 wt. % for wood chips, and 0.15 wt. % for untreated,
fresh ZVI. The S content near the influent was 1.1, 1.1, and 0.76 wt. % in T1 to T3, respectively.
The greatest mass of S was observed at the influent ends of the columns. A progressive decrease

in solid-phase S content was observed toward the effluent end in all three columns. The decrease

27



in S content was consistent with the observed decrease in dissolved SO4?* concentrations along
the column length. The abundance of S present in the solid material was greatest in column T1,

followed by T2 then T3.

3.3.3 Synchrotron-based Bulk S (u)XANES and S uXRF Mapping

Synchrotron radiation-based bulk S XANES for the unreacted ZV1 (Figure 8) indicates the
presence of S in two predominant oxidation states: sulfate (2482 eV) and an intermediate,
oxidized S species (2476 eV), similar to tetramethylene sulfoxide (C4HsOS) (Wang et al., 2019).
Spectral data indicate S occurs in three oxidation states (a/b, c, d; Figure 8) within the solid
material from the treatment columns. The adsorption edge of the group designated “a/b” ranges
from 2470 to 2472 eV, which is in the range of FeS, elemental S (Ss°), and/or pyrrhotite (Fleet,
2005). Because the EO of this group can vary 2 eV between sample spectra, it is not possible to
distinguish which reduced S phase is present. The spectral peak indicating a second oxidation
state, “c”, occurs at 2476 eV and is in the range of the EO of an organic, intermediate, oxidized S

species. The highest energy edge, “d” occurs at 2482 eV, which is an oxidized sulfate species,

likely gypsum (CaSQ4-2H20), based on the EO of the adsorption edge (Fleet, 2005).
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Sulfur uXRF mapping targeted a grain where a secondary precipitate replaces the cellular
organic material, as observed by optical microscopy and SEM (Figure 9). The results of sulfur
MXRF analysis indicate S occurs primarily around the rim of the grain and only in localized
hotspots in the center of the grain; in contrast, WXRF indicates Fe is dispersed throughout the
grain. Minimal variation is observed in the S uXANES spectra measured at five locations within
the grain showing two major oxidation states (a/b, e; Figure 9). The majority of S is present as a
reduced phase with an EO of 2471 to 2472 eV, corresponding to pyrite and elemental S. The
second peak located at 2482 eV corresponds to gypsum. A third, lesser component corresponds

to intermediate oxidation states (e.g., Na-thiosulfate or K-tetrathionate).
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Figure 9. Results from optical microscopy (A), Fe uXRF imaging (B), S WXRF imaging (C), and S
MXANES spectra (right) of a secondary precipitate replacing OC substrate. Spectra from two separate
scan locations (spots 1 and 4) are plotted with standards used for LCF. The spectral peak locations of
pyrite (a), elemental S (b), Na-thiosulfate (c), K-tetrathionate (d), and gypsum (e) are shown with dashed

lines.
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3.3.4 Synchrotron-based As uXRF Mapping and As uXANES

The uXRF mapping of secondary precipitates indicates the presence of As in grains containing
both Fe and S (Figures 10, A.14). Arsenic occurs both on the edges of grains and at localized
spots rather than uniformly throughout the entire grain. Arsenic WXANES was collected at a
location of relatively high concentration, identified through uXRF mapping. Two major
oxidation states of As are observed as represented by peaks at 11867 to 11878 eV (—1/+3) and
11874 to 11875 eV (+5). Reduced and oxidized species are present in the solid material at each
spot measured, but the majority of As is present in the reduced state. The predominant As species
observed in the Fe-S secondary precipitates are consistent with arsenopyrite (FeAsS, —1),
orpiment (As,S3, +3), realgar (AsS, +3), and As(V) sorbed onto ferrihydrite, or possibly as
kankite (FeAsOs-3.5H20) (Walker et al., 2005). The presence of kankite could not be confirmed

because of low counts in the spectral data.
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Figure 10. Left: Results from optical microscopy (A), Fe uXRF imaging (B), and close ups of As uXRF
imaging (C) and Fe uXRF imaging (D) of a location noted in (B). Right: As WXANES spectra of a
secondary precipitate that formed along the edge of a silica sand grain (column T3). The spectrum
collected for spot 1 is plotted with the standards used for LCF. The spectral peak locations of arsenopyrite

(@), realgar (b), and As(V) sorbed onto ferrihydrite (c) are shown with dashed lines.
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4. Discussion

4.1 Water Chemistry

The high initial pH and alkalinity of the column effluents may be attributed to the dissolution of
limestone that was added to the reactive mixture and contributes to the neutralization of acidity

through the production of HCO3:
CaCOs; + H" <> Ca?* + HCOg’ [6]

Under anaerobic conditions, the oxidation of OC coupled with SO4? reduction is catalyzed by

SRB, which also contributes to alkalinity (Waybrant et al., 1998):
S04* + 2CH20 <> H,S + 2HCO3” [7]

where CHO represents a simple organic compound. Finally, the anaerobic corrosion of ZVI
likely resulted in further neutralization of the pH through the reduction of water and the

formation of OH" (reaction [3]; Blowes et al., 2000; Manning et al., 2002).

An increase in the mean pH in T1, T2, and T3 to 7.3, 7.6, and 7.9, respectively, was consistent
with the increase in weight percentage of ZVI in the mixture. All three reactions ([3], [6], [8])
likely contributed to the sharp initial increase in pH and alkalinity and the stable pH values
observed throughout the experiments. The addition of Na-lactate, used to stimulate conditions
favourable for the growth and activity of SRB, also may have led to increases in the pH and

alkalinity at the onset of the experiments.

Decreases in Eh values in all four columns indicate the development of reducing conditions. The
presence of OC and ZVI in the reactive mixture likely contributed to a further decrease of Eh

valuesin T1, T2, and T3.
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Decreases in Eh, the generation of alkalinity and H,S, and a decrease in SO4% concentrations
along the column length of T1, T2, and T3 indicate the development of conditions favourable for
SO4? reduction at the onset of the experiments. Following the first 5 PVs, the concentrations of
H>S and alkalinity declined (Figures 1, A6). The high initial concentrations may be attributed to
flushing of the Na-lactate solution present in the columns prior to the introduction of

groundwater and to the addition of organic-rich creek sediment.

All of the columns, including the control column, contained organic-rich creek sediment and
were initiated with input solution containing lactate and SO4?~ The treatment columns T1, T2,
and T3 also contained an organic carbon amendment and ZV| at differing proportions. The
addition of these components likely contributed to SO+ reduction and generation of HS. The
presence of ZVI in the reactive mixture likely resulted in the accumulation of FeS precipitates
containing Fe derived from the ZVI and S% derived from sulfate reduction. Unlike the treatment
columns, the control column TO did not contain organic carbon/ZVI amendment. Therefore, the
high initial H.S concentrations in the control column are attributed to activity of SRB utilizing
organic carbon from the lactate-containing solution and organic carbon from the sediment
amendment. Because the control column TO did not contain ZVI, the extent of FeS precipitation
was lower than in the treatment columns. The formation of sulfide precipitates on the effluent

bottle of TO may also have contributed to the observed changes in the effluent chemistry.

The MPN results suggest the inclusion of OC into the reactive mixture was important for the
growth and activity of SRB. Although similar relative abundances of SRB were determined by
16S rRNA sequencing, no culturable SRB were detected in TO, indicating that despite the
presence of SRB DNA in the TO samples, the SRB were not metabolically active. Slightly higher

culturable counts of SRB were observed at the influent ends of columns T1, T2, and T3. No
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significantly greater (P > 0.05) relative abundance of SRB was detected in T1, despite the
greatest mass of OC among the three treatment columns. It is possible that bacterial abundance
does not increase beyond a threshold mass of OC substrate (the lowest percentage of OC in all

three columns was 20 wt. %).

Desulfovibrio was the most abundant SRB genus in columns T1, T2, and T3, whereas
Desulfobulbus was the most abundant in TO, possibly reflecting differences in overall
community structure due to the composition of the column material. Desulfovibrio and
Desulfobulbus members have similar characteristics, including respiratory or fermentative
metabolisms, incomplete oxidation of organic compounds, and the ability to use SO4* as a
terminal electron acceptor to be reduced to H2S (Kuever et al., 2005). However, organisms
within the Desulfovibrio genera have been shown to produce more sulfide per unit cell mass
utilizing Ho, compared to lactate, as an electron donor (Steger et al., 2002). The oxidation of ZVI
results in the formation of Hz (reaction [3]) providing a source of H> for SRB metabolism.
Desulfovibrio were more abundant in the treatment columns containing ZVI. Furthermore,
Desulfobulbus is among the first sulfate-reducing groups to colonize biofilms and, in doing so,
could create conditions suitable for other SRB (Aché et al., 2005; Okabe et al., 1999). Therefore,
biofilms may have formed on the sand and limestone in TO in the presence of Na-lactate and
organic-rich creek sediment, allowing Desulfobulbus to dominate among SRB despite the

absence of solid OC added to this column.

Other abundant genera, present in all columns, included Desulfomicrobium, Desulfuromonas,
and Desulfobacter. Conditions within the columns fall in the ideal range of pH (6.5-7.5) and
temperature (25-35 °C) for the five most abundant SRB genera identified in the column study

(Rikihisa et al., 2015). Desulfovibrio and Desulfomicrobium are both considered important
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groups contributing to SO4% reduction and As removal in remediation systems (Altun et al.,
2014; Omoregie et al., 2013). In addition, some members of Desulfovibrio and
Desulfomicrobium are able to reduce both arsenate and SO4>"; a strain of Desulfomicrobium may
use arsenate as a terminal electron acceptor in the absence of SO4%, without affecting SO4>
reduction (Macy et al., 2000). Some species of the Desulfuromonas and Desulfovibrio genera
also contain a multiheme c-type cytochrome that may function as an Fe(lll) reductase, promoting

Fe(I11) reduction (Macy et al., 2000).

Sulfate concentrations declined with an order of removal of T1>T2=T3>>TO for the second
SO4* concentration profile. The decline in SO4* concentrations corresponded to the release of
H2S. The greatest decrease in SO4? and increase in H2S concentrations was observed in column
T1, followed by T2 and T3. Lower H2S values observed toward the middle and end of the
experiment were likely due to the precipitation of Fe(ll) and other metal sulfides, limiting the
aqueous H2S concentrations. The variable concentrations of HS in the first profile may be due to

the initial development of microbial populations and the onset of reducing conditions.

Bacteria preferentially utilize 32S in metabolic function relative to the heavier 34S, resulting in
enrichment of 3S in the residual SO4? (Lindsay et al., 2011a; Nakai and Jensen, 1964; Waybrant
et al., 2002). The enrichment in 5**S-SO4 observed in the effluent versus the influent of columns
T1, T2, and T3 (Figure 6), coupled with the decrease in SO4? concentrations, is consistent with
the occurrence of bacterially-mediated SO4? reduction. The greatest enrichment of §**S-SO4 (up
to 30 %o) was observed for column T1, which contained the lowest abundance of ZVI. A §3S-
SO4 enrichment factor (g) of —28.9 was calculated for column T1 based on the §3*S-SQO4 profile

collected at 27 PVs (Clark et al., 2008; Guo and Blowes, 2009). This enrichment factor is within
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the range of —20.8 to —46.1 observed in previous experiments utilizing OC to promote SO4>"

reduction (Guo and Blowes, 2009; Lindsay et al., 2009; Waybrant et al., 2002).

Increased alkalinity and H»S concentrations and decreased Eh were observed in column TO;
however, no enrichment of §3*S-SO4 or decrease in SO4% concentrations were observed. These
differences indicate lower rates of bacterially-mediated SO4? reduction in column TO compared
to the other columns. The discrepancy in observed changes to alkalinity, H>S, and Eh were likely
due to sulfide precipitate from the initially added organic-rich creek sediment that accumulated
in the effluent bottle. At the end of the experiments, effluent concentrations of SO42 in all four
columns remained above 40 mg L™, suggesting SO4? reduction was not limited by the
availability of SO4? during the experiment. If the experiments had continued for longer, the OC

source may have become depleted, resulting in an OC-limited system (Waybrant et al., 1998).
4.2 Dissolved Arsenic and Metal Removal

4.2.1 Iron

Iron concentrations remained above the secondary maximum contaminant level of 0.3 mg L™
(EPA) and were up to 50 mg L in the column effluents. The increase in Fe along the column
length (first profile) at the onset of the experiments may have been due to the development of
reducing conditions that resulted in reductive dissolution of Fe (oxy)hydroxide corrosion
products on ZVI and creek sediment resulting in Fe mobilization in the early stages of the
experiment. The largest increase in Fe concentration was observed in T1, the column with the
highest percentage of OC. Over time, the Fe concentrations in all four columns decreased from
initial effluent concentrations. The final measured effluent Fe concentration was as low as 2 mg

L1 suggesting that, with time, Fe concentrations may have decreased further.
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Iron-reducing microorganisms (IRM) likely contributed to the higher concentrations of Fe in the
effluent. Oxidation of OC can occur by pairing with Fe(l1l) oxyhydroxides as a terminal electron

acceptor (Brock et al., 2006; Lovley & Phillips, 1988):
CH20 + 4FeO0OH + 8H* — 4Fe?* + CO2 + 7TH,0 [8]

Iron(I1) can be mobilized through bacterially-mediated reduction of Fe (oxy)hydroxides, which
may have resulted in the initial increase in Fe concentrations along the column profiles.
Characterization of the microbial community following the termination of the experiment
indicated total reads of IRM were low (< 0.1 % of the total microbial reads). However, some
SRB genera are capable of directly utilizing Fe(l11) as a terminal electron acceptor. The
formation of H2S and subsequent precipitation of Fe sulfides likely resulted in the retention of
Fe(Il). SEM and optical microscopy confirmed the presence of pyrite, including framboidal
pyrite, pyrrhotite, and chalcopyrite. Geochemical modeling indicates the precipitation of other Fe
sulfides such as mackinawite ((Fe,Ni)1+xS) and amorphous FeS is favoured (Figures A.15,
A.16). Geochemical modeling also indicates the potential precipitation of secondary minerals
previously observed in reactive barrier studies, including magnetite (FesO4), maghemite (Fe203),
sphalerite ((Zn, Fe)S), greigite (FesS4), and amorphous FeS (Gu et al., 1999; Jambor et al., 2005;

Lindsay et al., 2008; Rao et al., 2009; Figures A.17, A.18).

The formation of pyrite typically proceeds with the formation of disordered mackinawite first
(Wolthers et al., 2003), followed by cubic or amorphous FeS, then tetragonal FeS or
mackinawite, greigite, and finally marcasite (FeS:) or pyrite (Jambor et al., 2005). This pathway
indicates the importance of mackinawite for the removal of Fe and other metals from the water,
and several studies have noted mackinawite is one of the most abundant Fe sulfides present in

the reacted material (Gu et al., 1999; Lindsay et al., 2008). The presence of mackinawite and
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pyrite, based on the results of geochemical modelling and optical microscopy, indicate Fe was
likely removed through the above pathway. Other secondary products such as magnetite and

maghemite likely contributed to Fe removal (Gu et al., 1999; Jambor et al., 2005).

Corrosion of ZVI1 grains, or replacement by secondary precipitates, was observed on grain
boundaries and in the form of alteration rims, or on the darkened sections of the grains. Jambor
et al. (2005) observed the replacement of ZV1 by Fe (oxy)hydroxides as rims and veins around
the grain or on the exterior of the grain at sites containing graphite. The Fe (oxy)hydroxides
observed in these column experiments are similar in appearance to those observed by Jambor et

al. (2005).

Synchrotron-radiation bulk S XANES analysis indicates the accumulation of sulfides on the
coatings of the ZVI grain. A comparison between the spectra for the untreated ZVI and the
reacted column material shows similar spectral features (c, d) that correspond to tetramethylene
sulfoxide (2476 eV) and gypsum (2482 eV) adsorption edges (Figure 8). However, “a/b” is
absent in the untreated ZV1 compared to the column material. This change indicates that, during
the experiment, a reduced S phase (pyrite, pyrrhotite, elemental S) accumulated as a coating on
the ZV1 grains (Figure 8). The accumulation of sulfides, including pyrite and pyrrhotite, is
consistent with the aqueous, microbiological, and solid phase results that indicate the formation
of sulfides through bacterially-mediated SO4> reduction. In anoxic environments, the presence of
Fe(111) may result in the chemical oxidation of sulfide to S° (Lovley & Phillips, 1994; Thamdrup
et al., 1993). This process may explain the presence of elemental S in the reactive material. In
addition, the S uXRF and S pXANES indicate the majority of S present in the secondary
precipitates is in reduced phases (pyrite or elemental S). Additional SO4? probably accumulated

in the column material derived from SO.% in the influent water.
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The majority of the organic carbon appeared to be unreacted; however, the cellular structure of
several particles was replaced by Fe sulfides (Figure A.12). SEM analyses indicate the
precipitate replacing OC is composed of Fe and S. The uXRF and S pXANES results indicate
the majority of S present in the secondary precipitate is in the reduced phase, as pyrite or
elemental S (Figure 9). Replacement of cellular organic matter by sulfides was observed in a
similar study, with the sulfide consisting mainly of pyrite and appearing opaque in transmitted
light and white under reflected light (Jambor et al., 2005). The formation of secondary carbon is

also a common characteristic in sulfate-reducing PRB systems (Jambor et al., 2005).

4.2.2 Arsenic

Influent As concentrations fluctuated during the experiment, which can be divided into four main
stages (Figure 3). In stage I, As concentrations are low (24 ug L), probably due to Oz influx
into the bottles during storage. Improved collection methods maintained higher As
concentrations in the influent in stage 11 (4 mg L™ for approximately 10 PVs). In stage 111, As
concentrations decrease (103 pg L™?). Finally, in stage IV, dissolved As and Fe added to the
influent solution results in increased concentrations (7.9 mg L™ As, 52.3 mg L™ Fe) for the

remainder of the experiment.

The effluent As concentrations in column TO ranged from 0.3 to 8.3 mg L™, with a mean of 3.6
mg L. Column TO removed a cumulative mass of 17.8 mg of As, which represents 22.6%
removal of the total influent As. In all three treatment columns, effluent As concentrations
remained below the EPA maximum contaminant limit of 10 pg L™ over the duration of the
experiment. Removal occurred within the first 3 cm of reactive material in T1, T2, and T3, with
the cumulative masses of As removed (79.6, 93.4, and 86.8 mg for T1, T2, and T3, respectively),
which represents >99.9% removal of the total influent As.
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The reducing conditions that developed within the columns likely contributed to As removal and
immobilization due to two reactions. First, the formation of H>S through bacterially-mediated
SO4? reduction may have resulted in the precipitation of As-bearing secondary sulfide minerals
(reactions [4] and [5]; Blowes et al., 2000; Jambor et al., 2005). High concentrations of HS at
the onset of the experiment, followed by lower concentrations, reflect removal through metal
sulfide precipitation. Synchrotron results also indicate the presence of As in secondary
precipitates containing Fe and S. Second, the ZVI in the mixture and the formation of Fe
(oxy)hydroxides and secondary sulfide precipitates (reaction [3]) likely created surfaces suitable
for As adsorption. Synchrotron results indicate the presence of sorbed arsenate onto ferrihydrite
on secondary precipitates. Retention of As may be due to mechanisms such as incorporation into
the tetrahedral Fe-S layers of mackinawite or adsorption onto Fe oxyhydroxides (Bowell, 1994;
Mullet et al., 2002). Water samples from profile measurements were undersaturated with respect
to crystalline As-bearing phases including realgar and orpiment. However, As concentrations in
the treatment column profiles declined sharply upstream from to the first sampling port; for
example, in the second profile (27 PVs) for column T1 the As concentration declined from 8.9
mg L to <5 pug L upstream from port 1, suggesting any removal of As by sulfide precipitation
occurred upstream from the first sampling port. Iron corrosion products including maghemite,
magnetite, hematite (Fe203), and goethite (FeO(OH)) may have affected the ZVI and As
interaction and also contributed to the rapid removal of As (Rao et al., 2009; Su and Puls, 2001).
Arsenic may have been removed through co-precipitation with Fe sulfides or incorporation by
inner-sphere adsorption onto the surface of goethite and other FeOOH polymorphs (Ludwig et

al., 2009; Stichbury, 2000).
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Synchrotron-radiation based pXRF and pXANES results indicate the presence of As in the
secondary precipitates, which contain Fe and S and surround grains of silica sand (Figures 10,
A.14). The uXANES spectral features associated with As(V) are most similar to arsenate sorbed
to ferrihydrite. Reduced As phases, including realgar, orpiment, and arsenopyrite, were also
observed. Kankite may also occur within the secondary product replacing cellular organic
material. These observations indicate As is likely incorporated into the structure of secondary
precipitates through sorption or co-precipitation. A combination of uXANES/uXRF results
indicate the formation of As-sulfide minerals occurs, despite geochemical modelling results
indicating undersaturation with respect to realgar and orpiment. As noted above, the majority of
these minerals likely formed upstream from the first sampling port. Both reduced and oxidized
forms of As are present in the secondary precipitates; however, the majority of As is in the
reduced form (-1, +3). Reduced As is anticipated to be present due to the reducing conditions
that were sustained within the column. In addition, the reducing and anoxic conditions
maintained throughout the experiment suggest the As immaobilized in the sulfide form should be

geochemically stable.

4.2.3 Other Transition Met

A sharp decrease in metal concentrations was observed between the influent and effluent (Al,
Cd, Co, Cu, Ni, Zn; Figure 5). The increase in pH and the precipitation of secondary Al
(oxy)hydroxides, including gibbsite (y-Al(OH)3) and boehmite (y-AlO(OH)), likely contributed
to the removal of Al (Figure A.15). The presence of higher concentrations of H.S early in the
experiment further suggests the decline in metal concentrations is due to the precipitation of low-
solubility metal sulfides (reactions [4] and [5]). In the presence of dissolved Fe(ll) and H>S,

disordered mackinawite is predicted to be the first phase to precipitate (Wolthers et al., 2003).
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Geochemical modeling indicates the water is saturated with respect to sulfide minerals such as
sphalerite, chalcopyrite, covellite (CuS), and chalcocite (Cu.S; Figure A.16); this suggests the
formation of these sulfide minerals, or less crystalline precursors, likely contributed to the
removal of Cu and Zn. Retention of metals may be due to incorporation into the tetrahedral Fe-S
layers of mackinawite (Mullet et al., 2002). In addition, adsorption onto organic matter and other
(co)precipitated phases such as Fe and Al (oxy)hydroxides may also contribute to retention of
metals (Gibert et al., 2005). The removal and retention of metals including Cu, Zn, and Ni are
likely due to the formation of low-solubility metal sulfides and adsorption onto Fe sulfides and

Fe (oxy)hydroxides.
4.3 Carbon and Nutrient Release

The initial release of NHs-N and POs-P in T1, T2, and T3 could be due to the breakdown of
organic matter containing N and P (Paulson et al., 2018; Waybrant et al., 2002). Decomposition
of organic material likely promoted the growth of heterotrophic SRB that utilize SO4% as an
electron acceptor (Herbert Jr et al., 2000). Although column T1 contained the highest OC
content, the concentrations of POs-P and NH3-N were similar to columns T2 and T3; PO4-P and
NHz-N were lower in column TO (Figure A.6). Despite high effluent concentrations of NH3-N
and PO4-P early in the experiments, an overall decrease in concentrations occurred over time.
POs-P and NH3-N concentrations persisted in the porewater in later stages of the experiment

(Figure A.6).

High DOC concentrations observed at the onset of the experiment are attributed to the initial
flush of groundwater through the OC present in the reactive material (Lindsay et al., 2011a). The
initial increase could be due to two reasons. First, Na-lactate solution and residual carbon, added

as creek sediment, was likely broken down and released during the first few PVs. Second, the
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initial surge could be attributed to the rapid depletion of labile organic carbon from the initial
labile OC present in the reactive mixture. Following depletion of this initial labile OC, in situ OC
degradation may have become the main source of OC available for bacterially-mediated SO4>
reduction (Lindsay et al., 2011a). Organic carbon may also be utilized as an electron donor for
Fe reduction (reactions [4] and [5]), suggesting the high initial DOC concentrations may have
contributed to an increase in Fe concentrations. The high initial DOC concentrations observed in
TO are also attributed to the Na-lactate and residual carbon, despite minimal OC in the column
mixture. The slight increase in DOC along the length of TO at 47 PVs, may be due to residual
carbon remaining from the initial organic-rich creek sediment added during packing. However,
overall effluent DOC concentrations in TO were below 10 mg L™ following the initial surge,
remaining at concentrations lower than the effluent concentrations of the three reactive columns
(T1, T2, T3). Increases in DIC concentrations were also observed in all four columns. The
largest increase in DIC was observed in column T1, corresponding to the highest percentage of
OC in the reactive mixture. DIC concentrations may increase due to mineralization of organic

matter coupled with bacterially-mediated SO4% reduction (Asmussen and Strauch, 1998).

An enrichment in §*C-DIC at the first sampling port was followed by a gradual decrease in
313C-DIC along the length of columns T1, T2, and T3 (Figure 6). In column TO0, following the
initial enrichment, the 8'3C-DIC values remained relatively constant at near 0 %o for the
remainder of the column length; this trend reflects the influence of limestone from the reactive
material. The slight increase in alkalinity within the first 3 cm of reactive material corresponds to
a sharp increase in §13C-DIC values. Column T3, with the lowest percentage of OC in the
reactive mixture, showed the sharpest increase in 8**C-DIC, followed by T2 and then T1. Despite

the increase in 53C-DIC ratios, values remained relatively depleted, especially in columns T1
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(—14.8 %o) and T2 (—15.1 %o). Minimal depletion of 5:*C-DIC was observed in column TO, with
values remaining near 0 %o along the column length due to the limited influence of OC in the
column mixture. The enrichment of §3*S-SO4 combined with the depletion of §*C-DIC is
indicative of SO4% reduction coupled with oxidation of organic carbon. A slight decrease in
513C-DIC was observed along the column length. The lower ratios observed in T1 may be

attributed to a contribution from labile OC (leaf mulch and wood chips).
4.4 Sulfate Reaction Rates

The removal rates of SO4% in the treatment columns were calculated based on the second profiles
collected from columns T1, T2, and T3 at 27, 40, and 38 PVs, respectively (Figure A.19).
Sulfate removal rates within all three columns are consistent with a zero-order rate equation, C =
-kot, where C is the SO+ concentration (mg L), t is the residence time (d), and ko is the zero-
order rate constant for SO4> removal (mg L™ d%). The three treatment columns had similar SO4*
removal rates, with Rs1 =—33.10 mg L d™ for T1, Rs2 =—33.13 mg L't d* for T2, and Rs 3 =
—30.39 mg Lt d! for T3. The negative rate constants indicate SO4> was removed. The zero-
order rate expression provides a reasonable description for the rate of SO4> reduction (R? >
0.93). The weight percentage of dry OC varied in each of the three treatment columns from 20 to
40 wt. %. The normalized SO4> removal rates were —0.18 (T1), —0.18 (T2), and —0.20 mg L d*!

glof dry OC (T3).

The influence of ZV1 on the SO4% removal rates for the three treatment columns appears to be
minimal, as observed in the similarity between normalized rates. The rates indicate that above 10
wt. % ZVI, there may be minimal influence to the overall reactive mixture. Additional tests
utilizing mixtures with less than 10 wt. % ZV1 may be beneficial to an increased understanding

of the minimum wt % Z V1 required to remove metal(loids) and SO4? from the water. Mixtures
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with lower percentages of ZVI may also release lower concentrations of Fe in the initial flushing

of groundwater through the mixture.

The zero-order equation for reaction rates has been used in similar studies (Benner et al., 2002).
Reported rates vary from —0.14 to —4.23 mg Lt d? g* of dry OC (Waybrant et al., 2002) to
—1.24t0 —1.40 pg L d* g* of dry OC (Lindsay et al., 2008) in studies utilizing similar material.
The bulk SO4* removal rate for a field barrier system (Benner et al., 2002), was between 40 and
58 mmol Lt a! (10.5-15.3 mg L d'1), which is of similar magnitude to the rates observed in our
study (Benner et al., 2002). Sulfate reduction rates were very similar to a laboratory system
containing only OC (Waybrant et al., 2002). The removal rate observed in our system was
approximately two orders of magnitude higher than a study containing both OC and ZVI and that
determined SO+ removal rates using a mass-based approach rather than an aqueous
concentration-based method (Lindsay et al., 2008). Variances in the reactive material used may
also have affected SO4? reduction rates. Mixtures varied from those containing only organic
carbon (Benner et al., 2002; Waybrant et al., 2002) to those that included ZVI (Lindsay et al.,

2008).

Similar SO4* removal rates were observed in all three treatment columns (T1, T2, T3). Ina
similar experiment, a higher removal rate was observed in a mixture containing 50 vs. 40 dry wit.
% OC in a microcosm study (Lindsay et al., 2008). Even though the addition of OC has been
shown to enhance SO4? reduction rates, a substantial enhancement in reaction rates may not
occur above a certain dry wt. % of OC (Lindsay et al., 2008). Based on the similar rates
calculated for all three of our treatment columns, the SO4% reaction rate may not be further
enhanced at OC contents above 20 wt. % (the lowest percentage of OC considered). However,

the abundance of OC may affect the longevity of the reactive mixture (Lindsay et al., 2008).
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4.5 Long-term Capacity

The long-term potential of the reactive mixture may be influenced by both biotic and abiotic
factors. Abiotic factors, including corrosion of ZVI, may result in declining reactivity and
clogging of the reactive material by secondary precipitates, which may reduce the porosity and
limit the reactive surface area (Henderson & Demond, 2007). Biotic factors, greatly influenced
by the availability of OC, also affect the long-term effectiveness of the reactive material. Limited
labile OC can negatively affect the growth and activity of heterotrophic microbial communities
and decrease the rate of SO4% reduction. A recent study evaluated the injection of emulsified
vegetable oil (EVO) as an additional source of carbon to enhance reactivity of a PRB system
(Legrand et al., 2016). Loss of permeability and reactivity of the material were not observed in
this study, but should be considered when evaluating the long-term potential of the reactive

material.

5. Conclusions

Removal of As, metals, and SO+* was observed in all treatment columns. The pH of the
groundwater increased from to pH < 4 to circumneutral values before the first sampling port, and
a pH > 7 was maintained throughout the experiment. The onset of reducing conditions and
bacterially-mediated SO42 reduction resulted in decreases in SO concentrations, HzS
production, enrichment of §3*S-SQO4, and the presence of SRB populations in all treatment
columns. Column TO, containing minimal amounts of OC, removed metals from the
groundwater, but did not contain sufficient OC to sustain sulfate-reducing conditions and result
in As removal. A higher relative abundance of SRB was observed at the influent vs. effluent end

of the treatment columns. Above 20 wt. % OC, no additional increase in SRB abundance or
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activity was observed. Sulfate removal rates ranged from 0.18 to 0.20 mg L d* g*dry OC for
the three treatment columns. Removal rates were within one order of magnitude of previous
laboratory column experiments utilizing similar reactive material. Varying the wt. % of ZVI and

OC resulted in modest changes to SO4? removal rates.

Results from synchrotron radiation bulk S XANES indicate the accumulation of reduced S
phases, including pyrite and FeS, on ZVI grain coatings. Removal of Fe and other metals is
attributed to bacterially-mediated SO4? reduction and the subsequent precipitation of low
solubility metal sulfides including pyrite, sphalerite, chalcopyrite, or less-crystalline precursors.
Removal of Fe may also be due to the replacement of cellular organic material by an Fe-sulfide
precipitate. A decrease in effluent Fe concentrations was observed over time, but concentrations

remained above 2 mg L™ throughout the experiment.

The removal of As is attributed to adsorption onto Fe (oxy)hydroxides and precipitation of As-
bearing secondary sulfide minerals. Arsenic is present as both oxidized and reduced species in
the form of secondary precipitates and adsorbed products. Arsenite is immobilized as As-
crystalline phases including realgar and orpiment, and arsenate is removed through adsorption
onto ferrihydrite. The reducing and anoxic conditions of the column material indicate that

immobilized As should be geochemically stable.

This study demonstrates the potential for the reactive material, which contains a mixture of OC,
ZV1, and limestone, to remove metal(loids) from acidic groundwater. No significant difference
among the three treatment columns was observed, suggesting a cost-effective composition of
reactive material may utilize minimal ZVI (10 wt. %). Further evaluation of the reactive material

is needed to determine the long-term capabilities of the mixture. In addition, evaluation of the
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material under field conditions would increase our understanding of the influence of changing

temperatures on the reactivity of the column material.
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Supplemental Materials

Table 5.1 Characteristics of the reactive material.

Silica Pea ) ) Leaf Zerovalent
Property Limestone  Woodchips
Sand Gravel Compost Iron
Moisture
n/a n/a n/a 35.7 9.95 n/a
Content (%)
Bulk Density
1.88 1.90 1.70 0.53 0.77 3.19
(gmL)
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Table 5.2 Average chemical composition of influent solution (n = 23).

Parameter Influent Solution
pH 3.50
Eh (mV) 424
Alk (mg Lt as CaCO0:s,) <1
As (mg L?) 6.22
Mn (mg L) 0.66
Cl(mg L% 0.40
NOs (mg L?) 2.3
S04 (mg LY 214
Ca(mgL?) 25.4
K (mgL?) 15
Mg (mg L?) 12.0
Na (mg L) 10.2
Si(g LY 22.8
Fe (mg L?) 52.3°

2Mean concentration of As during stage Il and IV
b Mean concentration of Fe following spike of FeSO4
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Table A.3 A list of genera detected in the laboratory column samples that are known to catalyze sulfate

reduction.
0,
SRB Meanre/;g; total
Desulfovibrio 1.17
Desulfovibrionaceae* 0.57
Desulfomicrobium 0.52
Desulfobulbaceae* 0.42
Desulfobulbus 0.41
Desulfuromonadales* 0.25
Desulfovibrionales* 0.24
Desulfobacteraceae* 0.22
Desulfurispora 0.18
Desulfatiglans 0.18
Desulfobacca 0.17
Desulfitibacter 0.16
Desulfomonile 0.11
Desulfitobacterium 0.08
Dethiobacter 0.08
Desulfoprunum 0.08
Desulfuromonas 0.07
Desulfosporosinus 0.07
Desulfurivibrio 0.06
Desulfatitalea 0.05
Desulfotomaculum 0.04
Dethiosulfatibacter 0.04
Desulfuromonadaceae* 0.03
Desulfocurvus 0.03
Desulfobacterales* 0.02
Desulfobulbaceae_ge 0.02
Desulfarculaceae* 0.02
Desulfatirhabdium 0.01
Desulfosarcina 0.01
Desulfovirga 0.01
Desulfomicrobiaceae* 0.01
Desulfocarbo <0.01
Desulfuromonadales_ge <0.01

* Higher taxa that could not be identified on the genus level
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Figure 5.1 Map of Long Lake with respect to Sudbury, ON. The red star to the south of the southwest end

of Long Lake is the location of the Long Lake Au Mine Tailings Impoundment (modified after Verbuyst,

2020).
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Figure 5.1 Map of the southwest end of Long Lake and tailings impoundment to the south. TA-01, TA-

02, and TA-03 are the three sand-covered tailings areas (modified after Verbuyst, 2020).
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Figure 5.2 Schematic diagram of the experimental setup and column design.
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Figure 5.4 Concentrations of Al, Co, and Ni in agueous samples collected along the length of columns

TO, T1, T2, and T3 at two different time points. Each column of graphs represents a different

experimental column. Distance 0 cm represents the influent concentration and 30 cm represents the

effluent concentration. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.
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Figure 5.5 Concentrations of Cu, Zn, and Cd in agueous samples collected along the length of columns
TO, T1, T2, and T3 at two different time points. Each column of graphs represents a different
experimental column. Distance 0 cm represents the influent concentration and 30 cm represents the

effluent concentration. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.
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Figure 5.6 Concentrations of S%, NHs-N, and PO4-P versus PVs in the influent and effluent of the four

columns. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.
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Figure 5.7 Concentrations of S*, NH3-N, and PO,4-P in aqueous samples collected along the length of

columns TO, T1, T2, and T3 at two different time points. Each column of graphs represents a different

experimental column. Distance 0 cm represents the influent concentration and 30 cm represents the

effluent concentration. The OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.
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Figure A.8 Concentrations of dissolved organic carbon (DOC) versus PVs (left) compared to the changes
in DOC values in agueous samples collected along the length of columns TO, T1, T2, and T3 (right). The

OC:ZVI ratio of column TO is 0:0, T1 is 40:10, T2 is 30:20, and T3 is 20:30.
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Figure A.9 MPN enumeration results for solid-phase samples collected along the length of columns TO,
T1, T2, and T3. The enumeration of both sulfate-reducing bacteria (SRB) and neutrophilic heterotrophs

(nH) is shown.
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Figure 5.10 Reflected light microscopy images of a fresh zerovalent iron grain.
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50 pm

Figure 5.11 Reflected light microscopy image of the formation of a secondary precipitate around silica

sand grains (A). SEM imaging of Fe- (B) and S- (C) rich precipitate (right).
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Figure A.12 Reflected light microscopy image of the replacement of OC by a secondary precipitate (A).

The presence of S (B) and Fe (C) in the precipitate (right) is shown through SEM imaging.
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Figure 5.13 Comparison between the wt. % S in the solid column material and the aqueous SO4*

concentrations in the column porewater.
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Figure A.14 Results from optical microscopy (A), Fe uXRF imaging (B), As uXRF imaging (C), and As
MXANES spectra (right) of a secondary precipitate that formed between grains of silica sand (column
T2). The spectrum collected from spot 1 is plotted with the standards used for LCF. The spectral peak

locations of realgar (a), orpiment (b), and As(V) sorbed onto ferrihydrite (c) are shown with dashed lines.
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Figure 5.15 Saturation indices calculated using PHREEQCI with the WATEQA4F database for potential

reaction products. The colours represent the different columns; the white circle is the influent, the blue

triangle is TO, the red square is T1, the orange diamond is T2, and the green triangle is T3.
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Figure 5.16 Saturation indices calculated using PHREEQCI with the WATEQA4F database for sulfide
phases. The colours represent the different columns; the white circle is the influent, the blue triangle is

TO, the red square is T1, the orange diamond is T2, and the green triangle is T3.

79



30 A 30 5! 30 30 v
25 - 25 25 - 25
E 20 - 20 20 - 20 -
g 15 15 15 - 15 -
2 4o - 10 10 - 10
5 - 5 5 - 5
0 0 . 0 0 o
0 4 8 12 0 4 8 12 0 4 8 12 0 4 8 12
Goethite Goethite Goethite Goethite
30 = 30 K 30 | 30 B ¢
25 - } 25 | : 25 - 25 |
£ 201 ! 20 - : 20 20 -
g 154 | 51 | 154 | 15 -
2 10 - } 10 : 10 - | 10 -
54 | 5 - 5 5 -
0 0 0 +— —
420246 4202 46 4.2 02 4 B 420246
Fe(OH), 4, Fe(OH), ) Fe(OH), Fe(OH), )
30 30 30 30 v
25 | 25 25 25
E 20 - 20 - 20 - 20 -
g 15 -| 15 - 15 - 15 -
2 10 10 10 - 10 -
5 5 5 - 5
0 0 0 0 v
0 10 20 30 0 10 20 30 0 10 20 30 0 10 20 30
Magnetite Magnetite Magnetite Magnetite

Figure 5.17 Saturation indices profiles calculated using PHREEQCI with the WATEQA4F database for
goethite, Fe(OH)s, and magnetite. The colours represent the different columns; the white circle is the
influent, the blue triangle is TO, the red square is T1, the orange square is T2, and the green triangle is T3.
The darker shade of the same colour represents an earlier profile and lighter shades represent a later
profile, collected towards the end of the experiment. Distance 0 cm represents the influent Sl and 30 cm

represents the effluent Sl.
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Figure 5.18 Saturation indices calculated using PHREEQCI with the WATEQA4F database for FeS),
greigite, and mackinawite. The colours represent the different columns; the white circle is the influent, the
blue triangle is TO, the red square is T1, the orange square is T2, and the green triangle is T3. The darker
shade of the same colour represents an earlier profile and lighter shades represent a later profile, collected
towards the end of the experiment. Distance 0 cm represents the influent SI and 30 cm represents the

effluent SI.

81



SO, (ng L")

400

400

400
y =268.4-33.1x y=270.1-33.1x y = 269.7 - 30.4x
300 @ R?=0.97 300 @ R?=0.95 300 o R2 =094
e, e ks
200 | o~ 200 | **~e_ 200 | e
o . .
K e -
100 - e 100 ¢ 100 -
T1 = T2 T3
0 T T T 0 T T . 0 | ; |
0 2 4 6 0 2 4 6 0 2 4 6

Residence Time (day)

® Observed data

———- Linear regression fits

Figure A.19 Regression fits of concentration of SO, as a function of residence time in the three

treatment columns.
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